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ABSTRACT

The typical New Zealand meat processing industry wastewater was treated by a
laboratory scale Sequencing Batch Reactor (SBR) to determine an effective operating
cycle for biological carbon, nitrogen and phosphorus removal. The Activated Sludge
Model No. 1 and Model No. 2 with modifications were used to simulate the treatment of

meat processing wastewater using the SBR.

The average values of main pollution parameters of the wastewater were
characterised as 1390 mg total COD L™, 755 mg soluble COD L, 75 mg L' NH; - N,
145 mg L' TKN and 34 mg L' TP. The readily biodegradable COD (RBCOD)
accounts for 15 — 18 % of the total COD, while the inert soluble and particulate portion

were 4 % each.

In order to establish an effective operating cycle for the simultaneous removal of
nutrients and organic carbon, different dissolved oxygen (DO) concentrations in the
mixed liquor, duration of operating phases and hydraulic retention time (HRT) of a 6 h
cycle were tested. The most effective cycle consisted of seven phases. The first two
hours of the anaerobic period was followed by the aerobic and anoxic periods. The first
aerobic period was maintained at a DO concentration of 0.5 + 0.25 mg L™ for 1 h, the
second aerobic period for 1 h at a DO concentration of 3.75 + 0.25 mg L™ and the third
aerobic period for half an hour at 0.5 + 0.25 mg L' DO concentration. A half an hour
anoxic period followed the first aerobic period. A settling period of 0.75 h followed the
third aerobic period. The last quarter of an hour was for decanting and idling. The solids
retention time (SRT) was 15 d, while the HRT was 2.5 d. Greater than 99 % removal of
biodegradable soluble COD, NH; — N and POs — P was achieved in the effective
operating cycle where the TN and TP in the wastewater were reduced to 10 mg L™ and

1.0 mg L™, respectively. In addition the soluble COD was reduced to 98 mg L.

The key kinetic and stoichiometric parameters for ASM 1 and ASM 2 models
were determined using batch tests. The heterotrophic maximum specific growth rate,
yield coefficient and the half saturation constant were 2.0 d”', 0.63 mg cell COD (mg
COD) " and 8 mg L™ respectively. The maximum specific growth rate of autotrophs was

0.65 — 0.80 d”'. The anaerobic phosphorus removal stoichiometric coefficients were also
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determined in batch tests. During the anaerobic period, when 1 g of acetate COD was
initially present, 1.48 g of PHA COD was stored while 0.48 g of P was released. The
batch trials conducted using acetate to assess the influence of Mg®* in P uptake showed
that the Mg®" could limit the P uptake and the uptake rate could be represented by
Monod type kinetics. In the Monod kinetic expression the Mg®" half saturation constant
was found to be 4.7 mg L. The molar ratio of Mg?" with P was 0.21 during the

anaerobic period, and 0.33 during the aerobic period.

The SBR performance was modelled using ASM 1 and ASM 2 models after the
addition of more processes in these models. Ammonification of the soluble organic N
process rate was modified in the ASM 1 model. Similarly it was necessary to add
anoxic P uptake and anoxic growth processes involving PHA of Bio-P bacteria in the
ASM 2 model. Glycogen storage and glycogen lysis processes of Bio-P bacteria were
added in the ASM 2 model to understand the involvement of glycogen in P removal.
Also a modification was performed to the storage process of poly-P in the ASM 2
model to account for potential Mg** limitation in meat processing wastewater treatment
for P removal. During the settling period anoxic hydrolysis was assumed to be
negligible. The calibrated ASM 1 and ASM 2 models in general well simulated the
effluent NH; — N, NOs; — N and PO, — P of SBR cycles carried out in distinctly different

periods of time and in different batch tests.

As the calibrated modified ASM 2 model was able to predict the performance of
an SBR cycle conducted over a time period of three months, it was used to identify the
most promising treatment strategies of the SBR performance. Variation in duration of
feed cycle during the first non-aerated mixed period did not affect the effluent NO; — N,
NH; — N and PO, — P concentrations significantly. DO concentration of 3.75 mg L™
during the third aerobic period instead of 0.5 mg L™ increased the effluent NO; — N and
PO4 — P concentrations. The simulations confirmed that the operating conditions
identified in a 6-h cycle period for the simultaneous organic carbon and nutrient

removal are effective.
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CHAPTER1

INTRODUCTION

1.1 Background

The meat processing industry is one of the major export industries in New Zealand.
Total inspected livestock slaughtering was over 30 million in 2000 and 2001 (Meat New
Zealand statistical information, 2000 — 2001). The processing of meat requires large
quantities of potable water and much of this becomes high strength COD and nutrient
contaminated wastewater. A typical New Zealand meat processing industry produces up
to 10,000 m>d" of wastewater with a pollution load equivalent to a city of 60,000 -
100,000 inhabitants (Bhamidimarri, 1991). Currently in New Zealand meat processing
wastewater is treated primarily by screens, sedimentation tank or dissolved air floatation
and secondarily by pond systems or land irrigation. Even though pond systems remove a
substantial amount of organic carbon, nutrient removal is limited (Russell & Cooper,
1992). The biologically treated wastewater which is rich in ammonia nitrogen and

nitrate nitrogen causes adverse impacts when discharged into the environment (Slaney
& Van Oostrom, 1997).

The nutrient components of meat processing effluents can result in excessive
biological growths in receiving waters (eutrophication), reduction of chlorine
disinfecting efficiency and adverse public health effects (methemoglobinemia) in the
water supply area. The presence of nitrogenous chemicals in water also results in a
reduction in the sustainability of that water for industrial reuse due to corrosion and bio-
growth in cooling tower and distribution structures (EPA, 1973). Unionized ammonia
and hydrogen sulfide are extremely toxic to fish and other aquatic organisms. High
concentration of biodegradable organic matter can result in oxygen depletion in rivers.
Fat, oil, and grease may cause nuisance slicks on rivers, and the suspended solids and
soluble organics contribute to the colour and turbidity of receiving waters. Therefore,
treatment of meat processing wastewater has been directed towards the removal of both
organic carbon and nutrients, which is a sequential process comprising a number of

integrated stages.

Land irrigation of meat processing wastewater is an option as it contains nutrients

for plant growth. But the nitrate infiltration rate through soil is high and overloading by



irrigation may cause groundwater pollution, especially in the winter season (Russell et
al, 1993). Continuous flow, suspended growth biological treatment processes have
amply demonstrated their utility as secondary treatment units. Recently however, more
stringent effluent quality requirements have forced industries to find better treatment
altematives such as the Sequencing Batch Reactor (SBR) (Orhon ef al., 1986) either as
an additional step in the treatment system, or as an operational modification to an
existing pond system (Subramaniam et al., 1994; Slaney & Van Oostrom, 1997). The
SBR activated sludge process is lown to have several advantages over conventional
continuous flow reactor systems such as no need for return activated sludge pipes and
less land required and less process equipment to maintain, since only one vessel is used

for all process operations (Irvine & Ketchum, 1989; Wilderer et al., 2001).

Mathematical models are powerful tools by which the designers of biological
wastewater treatment systems can investigate the performance of a number of potential
systems under a variety of conditions. There are a number of models that can describe
the biological treatment of wastewater. One of these is the Activated Sludge Model No.
1 (ASM 1) which allows prediction of organic matter degradation, nitrification and
denitrification in suspended sludge systems (Henze et al., 1987a). The ASM 1 model
was a major step forward in modelling activated sludge systems. The phosphorus
removal was included in the subsequent Activated Sludge Model No. 2 (ASM 2) by
IAWQ Task Group (Henze et al., 1995). Later on, Mino et al. (1995) proposed sub
models for denitrification and glycogen storing capability of biological phosphorus
removing bacteria (Bio-P). Default kinetic and stoichiometric parameters in the ASM 1
and ASM 2 models are based on domestic wastewater. To simulate the SBR
performances in the treatment of meat processing wastewater using these models,

kinetic and stoichiometric parameters for the wastewater have to be found.

This study aims to develop an effective operating cycle of SBR treatment of
simultaneous biological removal of organic carbon and nutrients from meat processing
wastewater and to simulate the SBR performance by using the ASM 2 model (Henze et
al., 1995) incorporating the sub models proposed by Mino et al. (1995) for the
denitrifying and glycogen storing capability of Bio-P bacteria. In order to achieve these
objectives, the wastewater selected was characterised and a number of key kinetic and

stoichiometric parameters were determined.



1.2 Approach taken in this study

The meat processing wastewater for this study was collected from the meat
processing plant of Manawatu Beef Packers, Fielding, New Zealand. In order to develop
an effective operating cycle of SBR treatment of simultaneous removal of biological
organic carbon and nutrients from meat processing wastewater, an SBR was set up in a

controlled temperature room.

Chapter II reviews literature relevant to meat processing wastewater and its
treatment. The background of biological organic carbon, nitrogen, phosphorus removal,
SBR treatment technology, sludge bulking in SBR treatment and modelling of SBR

performances are also reviewed.

The methodology utilised for the various experiments conducted and parameters
determined in this study are outlined in Chapter III. Also in this chapter, suitable acid

extraction conditions for glycogen measurement in the sludge are discussed.

Chapter IV discusses the conventional pollution parameters and the COD fractions

of meat processing wastewater.

Chapter V discusses the different SBR operating cycle performances for treating
meat processing wastewater for biological organic carbon and nutrients removal. An
effective operating cycle for simultaneous removal of organic carbon and nutrients is

described in this chapter.

Chapter VI discusses the key kinetic and stoichiometric parameters in Activated
Sludge Model No. 1 (ASM 1) and ASM 2 for simulating the biological organic carbon,
nitrogen and phosphorus removal from meat processing wastewater. Various processes
involved in biological phosphorus removal are also discussed in this chapter. The results
are used to modify the ASM 1 and ASM 2 models to suit the SBR treatment of meat

processing wastewater and to calibrate and validate the models.

Chapter VII describes the ASM 1 and ASM 2 models. The modification required in
the ASM 1 and ASM 2 models for processes involved in meat processing wastewater
treatment by SBR are discussed. The calibration and validation of the models are
described. Also described in this chapter is the prediction of SBR performance using the
calibrated modified ASM 2 model.



A summary and the conclusions of this study together with recommendations for

areas of further research are outlined in Chapter VIII.



CHAPTERII

LITERATURE REVIEW

2.1 Introduction

This chapter describes the current treatment technologies for meat processing
wastewater, processes involved in these treatment technologies, basics of the SBR and

modelling of SBR treatment processes, and summarises the reviews on these aspects.

Characterisation of wastewater is not only important to determine whether or not
biological treatment of the wastewater is possible with or without pre treatment but is
also necessary for design and operation of treatment processes. Therefore, the
sources/types of the meat-works waste and meat wastewater characterisation are
described first. In addition, the environmental significance of the discharge of the
wastewater and the pollutant discharge limits are discussed, together with current
treatment technologies for meat wastewater and the processes involved in these
technologies. An in-depth review of the SBR has been included with regard to nitrogen,
phosphorous and carbon removal. Finally, mathematical modelling of biological

processes used in wastewater treatment especially using SBR is reviewed.

2.2 Sources, types and characteristics of meat processing wastewater

2.2.1 Sources and types of meat-works waste

Different processes in meat-works generate various types of wastes. Also, the
contributions of these processes to the content and form of organics and nutrients in
these wastes differ. The major portion of wastewater comes from the rendering, paunch
processing and stockyard areas of the slaughterhouse. The components of wastes
generated and their sources at a typical meat-works are summarised in Table 2.1
(Bhamidimarri, 1991). One of the major phosphorous sources in the wastewater is
phosphate-based detergent cleaner (Macfarlane, 1995) as the slaughterhouse floors are
washed by detergents, and sprayed by disinfectants and pesticides after the removal of

separable solids.



Table 2.1 Constituents and sources of meat wastes (Bhamidimarri, 1991)

Constituent Source

Proteinaceous matter Blood washing, meat scraps from
slaughterhouse and packaging area.

Mucoid material from casings section

Fleshing from fellmongery

Rendering process drainage

Fat Floor sweepings from slaughterhouse
Rendering process

Paunch grass and faecal material Stockyards
Gut house

Inorganic chemicals Fellmongery

Hide and pelt house

2.2.2 Characteristics of meat processing wastewater

The characteristics of meat processing wastewater primarily depend on the
processes at the meat-works and number and type of animals killed (Johns, 1995;
Manjunath et al., 2000). The characteristics also depend on the type of management
practice related to water use and waste minimisation, particularly improved blood
recovery and dry paunch dumping (Johns, 1995). The world-wide typical minimwm
amount of water usage is 1.3 - 2.5 m® per beast (Johns, 1995) and about 1/3 of this is

needed for lambs and sheep.

Meat processing effluents are highly organic in nature. They are characterised by
high levels of organic nitrogen (protein) and fat, and typically contain large amounts of
separable material. The characteristics of meat processing wastewater after primary

treatment in New Zealand are summarised in Table 2.2 (Cooper & Russell, 1991).



Table 2.2 Representative characteristics of meat processing plant effluents
(Cooper & Russell, 1991)

Parameter Range (mgL')| Representative
value (mg L)
5 d biochemical oxygen demand (BODs) 700-1,800 1,000
Chemical oxygen demand (COD) 1,000-3,000 2,000
Total Kjeldah! nitrogen (TKN) 70-180 110
Ammonia nitrogen (NH; — N) 5-50 20
Total suspended solids (TSS) 200-1,200 500
Fat 100-900 400
Total phosphorus 5-20 12

The COD and organic nitrogen of primary treated meat processing effluent can be

estimated using the following relationship (Russell, 1980).
COD (mg L") = organic nitrogen (mg L") x 9 + fat (mg L") x 3 (2.1)
Organic nitrogen = TKN — NH; - N (2.2)

Most of the organic emanates are from blood and offal (Manjunath ef al., 2000). The
physical nature of the screened (1-mm mesh) effluent COD is reported as 40 - 50 % of
coarse suspended matter, which is insoluble and only slowly biodegradable, and the
remainder as colloidal and soluble matter (Sayed et al., 1987). This is different from
domestic wastewater, in which the COD is present mainly in colloidal form. Wastewater
COD is subdivided into readily biodegradable, slowly biodegradable and inert COD in
activated sludge models (Henze et al., 1987a; Henze et al., 1995). Readily
biodegradable COD (RBCOD) is the only substrate component considered to be directly
related to microbial growth in the models. The RBCOD fraction in wastewater varies
with the type of primary treatment, sampling time and storage period before it is
analysed. The RBCOD content of meat processing plant effluent after primary treatment
by sedimentation varies from 15 — 17 % of the total COD of the wastewater (Chang,
1999). However it is only 13 % of the total COD of an integrated meat processing
wastewater after primary treatment by air floatation (Gorgun et al., 1995). The slowly
biodegradable COD is over 70 % of the total COD, in which roughly 1/3 is in the

soluble/fine colloidal form and the remaining 2/3 is in the particulate form (Chang,



1999). The same author also reported that 10 % of the total COD was inert. Bickers and
Van Oostrom (2000) found that the RBCOD in the paunch liquor (generated from gut
house) and stick water (generated from rendering plant) was 315 mg L' and 2145 mg L~
! respectively, and that slaughterhouse wastewater and dilute blood contained little or no

significant amount of RBCOD.

Independent rendering plant wastewater characteristics are quite different from
those from an integrated slaughterhouse (Cooper & Russell, 1988; Metzner & Temper,
1990). Rendering plant wastewater is high in BOD and nitrogen concentrations (largely
as ammonia), but low in phosphorus, in contrast to slaughterhouse wastewater (Frose &

Kayser, 1985).

The temperature of slaughterhouse effluent varies significantly. In New Zealand it
varies seasonally between 25 - 28°C in summer and 15 - 18°C in winter. In Europe it is

frequently cool (20°C) in contrast to Australian effluent, which is routinely 30 - 35°C,
but it can be even hotter in sub-tropical areas (Johns, 1995). The ammonia nitrogen
concentrations may vary significantly between winter and summer, due to the more
extensive degradation of raw material in summer, which boosts the levels of ammonia

nitrogen (Johns, 1995).

2.3 Environmental significance of meat processing wastewater
discharge

The nutrient components of meat processing effluents can result in excessive
biological growth in receiving waters (eutrophication). Eutrophication has caused
serious deterioration of many lakes and rivers around the world. Ammonia nitrogen acts
as a primary nutrient that may stimulate phytoplankton and plant growth (Orhon &
Artan, 1994). Nitrate is also a major nutrient, which-in excessive amounts-may induce
prolific growth. Algae blooms occur if the concentration of inorganic nitrogen and
phosphorus exceed respective values of 0.3 mg L™ and 0.01 mg L™ (Metcalf & Eddy,
1991). The decay and the decomposition of these plants and phytoplanktons result in
odour, sediment and depletion of dissolved oxygen (DO). Depletion of DO affects the
respiration of fish, benthic aquatic animals, and attached plant growth. This suffocation
of aquatic aerobiosis results in both economic losses to the fishery industry and losses of

bio-diversity in aquatic ecosystems.



In addition to the nutrients, the decaying of sediments of suspended solids from
meat processing wastewater produces toxic products in anaerobic conditions. The
degradation and decay of these sediments in anaerobic conditions produce hydrogen
sulphide and unionised ammonia, which affect fish and shellfish. Free ammonia has
shown acute toxicity to fish at TLsy (tolerance limit) values ranging from 0.083 to 4.6
mg L' (EPA, 1985). Nitrification products in drinking water are related to
methemoglobinemia (blue baby syndrome) and carcinogenesis (EPA, 1993). The EPA
has set a maximum contamination level of 10 ppm for nitrate nitrogen in public water
supplies. The presence of nitrogenous chemicals in water also results in a reduction in
the sustainability of that water for industrial reuse due to corrosion and bio-growth in
cooling tower and distribution structures (Bames & Bliss, 1983). Fat, oil, and grease
may cause nuisance slicks on rivers, and the suspended solids and soluble organics

contribute to the colour and turbidity of receiving waters

There are regulations for the discharge of wastewater to water bodies in order to
control pollution. In New Zealand, there is no fixed discharge effluent quality limit for
industrial wastewater. The wastewater discharge quality limit depends on the local
conditions of the industry site. Scandinavian countries have stringent effluent quality
criteria (Henze, 1991). The limits enforced by the Danish wastewater action plan are:
chemical oxygen demand (COD) < 75 mg L', biochemical oxygen demand (BOD) < 15
mg L, total nitrogen (TN) < 8 mg L' and total phosphorus (TP) < 1.5 mg L. These
regulation limits set by EU are: TN < 15 mg N L and TP <2 mg P L' (Orhon &
Artan, 1994).

2.4 Treatment technologies for meat processing wastewater

Treatment methods for meat processing wastewater can be categorized into primary,
secondary and tertiary treatments. An example of a meat processing wastewater

treatment system is shown in Figure 2.1 (Mikkelson & Lowery, 1992).

2.4.1 Primary treatment

The effectiveness of the meat processing wastewater treatment depends largely on
the primary treatment system. The purpose of primary treatment is the removal of
suspended solids and fats, oil and greases from slaughterhouse wastewater. Screening,

settling (saveall) and dissolved air flotation (DAF) are widely used for these purposes.
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Screening is simply entrapping the gross solid particles typically by a 0.5 — 2 mm
sieve. A variety of screen types are used by the meat industry such as stationary, shaker
and rotating screens. The screen material may be a woven wire or a wedge wire
depending on the application. Manure is best removed by a shaker screen, and a
revolving wedge-wire trommel screen removes the remaining wastes. Gross solids
recovered from the screening process are transferred to the rendering department for

processing without delay (Husband, 1995a).

Influent Effluent L
— | Screening »| DAF - SBR .| Equalisation
tank
Y
Sand Filter
Aerobic - ¥
digester Sludge wasting \
’ uVv.
. disinfection
Drying
beds i
Stream
discharge

Figure 2.1 Schematic diagram of a meat processing wastewater treatment system
(MikKkelson & Lowery, 1992)

Following the effective removal of gross solids by screen, the effluent is passed
through a settling tank. Settling is used on the principle that natural forces can float the
fat and settle out the solids. During settling, the bulk of the remaining fat and settleable
solids is removed. The recovered fats can be used to produce tallow. The settling tank
can be a simple catch pit for the removal of fats and solids either manually or by a
complex designed unit with top and bottom scrapers to remove fats and solids
continuously. The performance of a settling tank depends on the effluent velocity,
elimination of short-circuiting, a sufficient settling path, minimised turbulence induced
by scrapers and the overflow rate (optimum - approximately 0.8 m®> (m*d)™"). A well-
designed and managed settling tank can remove 85 % of the effluent fats. However,
higher detention time and higher temperature effluent can reduce the efficiency of a

settling tank (Husband, 1995a).
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DAF operates on the same principle of a settling tank. However, it has improved
performance by the use of fine air bubbles to assist the floatation of the floatable
material. The fine air bubbles are formed when dissolved air in the solution under
pressure is released with the incoming effluent at normal pressure in the floatation tank.
Saturated air solution is formed with fresh water or recycled effluent from the DAF. Air
to solids ratio has a significant influence in the performance of a DAF unit. Generally,
an air to solids ratio of 0.03 is necessary to achieve good separation and recovery of fat
and solids. A DAF unit can perform well at a loading rate between 9 - 12 m® (m>h)™.
From a properly designed and well-managed DAF, more than 90 % fat and 70 % solid
removal can be expected (Husband, 1995a). In the late 1970s large DAF units fitted
with chemical precipitation were introduced into New Zealand, Europe and US for
protein recovery from wastewater. This unit gave 75 — 80 % BODs reduction
(Hopwood, 1977) and had the additional advantage of removing large quantities of
nitrogen and phosphorus. Most systems, however, had considerable operating problems
including long retention times and low surface-overflow rate, which led to solids
settling, large volumes of putrefactive and bulky sludge (0.8 - 1.2 kg dry sludge per kg
BODs removed), sensitivity of the system to flocculation and difficulties in sludge
dewatering (Stebor et al., 1990). Therefore, to overcome the problems in operating the
DATF units, different modifications were done such as H,O, was used with air instead of
air only (Bremmell et al., 1994; Green et al., 1981, Steiner & Gec, 1992; Travers &
Lovett, 1985).

Primary effluent treatment is far cheaper than the subsequent secondary or tertiary
treatment and the recovered primary treatment solids and fat have saleable value (Johns,
1995).

2.4.2 Secondary treatment

Primary treated effluent is passed into the secondary treatment system. The main
purpose of secondary treatment is to remove organic carbon and nutrient in the effluent
after the removal of fats and solids in the primary treatment process. The secondary
treatment system can be based on either a physicochemical process or a biological

process.
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2.4.2.1 Physicochemical treatment (PCT)

After the primary treatment the remaining colloidal dispersed protein and fat
particles are suspended in the water and will not settle out of their own accord due to
surface charge. The charge, which is normally negative around the particles, is removed
by adding acid (sulphuric acid or hydrochloric acid) which lowers pH and/or by adding
polyvalent cations such as iron (Fe’*) or aluminium (AI’"). This is known as
coagulation. The neutralised particles can come together, form flocs and settle.
Flocculation can be assisted by the addition of polyelectrolytes. Among several
approaches considered for chemical treatment, the polyelectrolyte process,
hexametaphosphate (HMP) process and lignansulphonate process are the main
approaches. The optimum pH for the polyelectrolyte process, HMP process and
lignansulphonate process are 5.0 - 5.5, 3.5 and 3.0 respectively. The cost of the HMP
process is less than that of the polyelectrolyte process, and this process does not need
extensive preliminary treatment to keep the cost down. In both processes, coagulated
effluent is passed to a DAF unit for solid separation. Lignansulphonate is a better
flocculating agent in terms of effectiveness in removing the BOD and the resistance of
floc to shear. It can remove 90 % BOD of meat-work effluents. Its sludge can be
processed directly into an ingredient for animal feed. But it is more costly than other
flocculating agents. Sometimes, a two-stage pH adjustment can produce superior
effluent compared to a single stage. To raise the pH, calcium hydroxide is used as an

alkali (Husband, 1995b).

Physicochemical methods for nitrogen removal from wastewater include ammonia
stripping and breakpoint chlorination. Ammonia stripping has been adopted to remove
ammonia from rendering-plant wastewater using an aerated pond with lime addition
(Kaszas et al., 1992). However, in general it is not economical because of the large
wastewater volumes of slaughterhouses, the high buffering capacity of the wastewater
and the possibility of stripping offensive odours (Johns, 1995). Break point chlorination
has also been used to remove ammonia - nitrogen (Witmayer et al., 1985). However the
formation of trihalomethane and other chlorinated organics during this process is of

concem to the regulatory bodies (Kaszas et al., 1992).

Chemical precipitation coupled with biological phosphorous removal is required to

achieve very low phosphorus limits (Farrimond & Upton, 1993; Van Starkenburg et al.,
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1993). Chemical precipitation plants are often added as a precautionary measure to
biological nutrient removal (BNR) plants. The achievable limit of phosphorus by
precipitation is about 0.3 mg L™ which can be further reduced to 0.1 - 0.2 mg L™ if the
effluent is subsequently treated by slow sand filters (Anon, 1987).

Plant can be located within a building to avoid any adverse effects on the
environment. Together with an efficient primary treatment system, a final effluent can
be produced such that it can be discharged to most of the municipal sewerage systems.
Physicochemical treatment has some disadvantages, too. Its running cost is very high. A
relatively large volume of sludge has to be handled. The sludge handling could be a
significant cost either in terms of equipment to de-water and dispose of the material, or

in removing the water during the rendering process (Husband, 1995b).
2.4.2.2 Biological treatment

Biological wastewater treatment is a process in which the microorganisms, in the
presence of nutrients, convert the colloidal and soluble organic matters into gaseous
products and cell tissue. Biologically, with proper analysis and environmental control,
almost all wastewater can be treated (Metcalf & Eddy, 1991). Meat processing
wastewater contains organic carbon and nutrients required for biological growth.
Therefore, biological treatment has been commonly used in the meat processing
industry (Cooper & Russell, 1991). In biological treatment, bacteria are the most
important microorganisms and the protozoa, fungi, metazoan and algae are of secondary
importance. A number of biologically dependent conversions such as biological growth,
hydrolysis, decay and adsorption are of vital importance in biological treatment
processes. Simplified bisubstrate and trisubstrate models describing the biological
breakdown of organic matter by microorganism are shown in Figure 2.2 (Henze, 2002).
A bisubstrate model can be used in the process description of conventional activated
sludge plants, nitrifying and denitrifying plants and anaerobic plants. A wisubstrate
model is particularly applicable for the description of biological phosphorus removal,
but it could also be used for describing nitrogen removal. Biological treatment

processes can be subdivided into anaerobic and aerobic processes.
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Figure 2.2 Biological breakdown of organic matters (Henze, 2002)

2.4.2.2.1 Anaerobic biological wastewater treatment

Anaerobic processes are carried out by a large and varied group of microorganisms
which normally live in a symbiotic relationship. Most of the anaerobic bacteria like
methane-forming bacteria are strictly anaerobic and thus cannot tolerate oxygen (Henze,
2002). In anaerobic biodegradation, complex organic matter is converted, in a series of
steps, to end products-mostly methane (CHjs), carbon dioxide (CO;), small quantities of
hydrogen sulphide (H,S) and hydrogen (H;) (Figure 2.3). In the first step,
carbohydrates, proteins and lipids are hydrolysed by extracellular enzymes into smaller
units such as amino acids, sugars, triglycerides and fatty acids. In the second step,
acidogenesis, these smaller units are further subjected to fermentation, B-oxidations, and
other metabolic processes that lead to the formation of simple organic compounds,
mainly short chain acids (e.g., acetic, propionic, butyric) and alcohols. In the third step,
acetogenesis, intermediate products other than acetate and H; gas are transformed into

acetate and H;, gas by acetogenic bacteria. In the fourth step, methanogenesis, the end
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product methane is produced either from decarboxylation of acetate by acetoclastic

methanogens or through H, oxidation by H; utilising methanogens.
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"‘_’ H2
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Amino acids
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> H,
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4H, +CO,
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Figure 2.3 An outline of the anaerobic process (Manderson, 2000)
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The anaerobic treatment processes are very sensitive to environmental conditions

such as pH, temperature and dissolved oxygen (DO). The pH range of the aqueous

environment in anaerobic reactors is optimum between 6.6 — 7.6. Below pH 6.2 the

methane bacteria do not function (Metcalf & Eddy, 1991). In anaerobic wastewater

treatment, methanogenesis from acetate has been shown to be the rate-limiting step.

Anaerobic wastewater treatment has some advantages and disadvantages compared

with aerobic treatment (Bhamidimarri, 1991; Cooper & Russell, 1991; EPA, 1993;
Metcalf & Eddy, 1991).

The advantages of the anaerobic treatment system are:

1.

2.

Capital costs and power consumption are lower since aeration is not required.
Methane gas, the end product of anaerobic processes, is economically valuable.

The biomass yield for anaerobic processes is much lower than that for aerobic
systems; thus, less biomass is produced per unit of organic material used. This
reduced biomass means savings in excess sludge handling and disposal and lower
nitrogen and phosphorus requirements. The sludge produced is highly stabilised and

more easily dewatered.

Higher influent organic loading is possible for anaerobic systems than for aerobic
systems because the anaerobic process is not limited by the oxygen transfer

capability at the high—oxygen utilisation rates in aerobic processes.

The acclimated sludge can be stored for long periods without deterioration.

The disadvantages of the treatment system are:

1.

It requires a relatively larger reactor for long retention time due to the slow growth

rate of anaerobic bacteria.

Energy is required by way of elevated reactor temperatures to maintain microbial

activity at a practical rate.

Undesirable odours may be produced in anaerobic processes due to the production

of H,S gas and mercaptans.

Complete removal of nitrogen cannot be achieved.
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5. Toxic gases such as ammonia and hydrogen sulfide are also produced during the
treatment, which are harmful to methane-forming bacteria. Failure of anaerobic

treatment has been observed during high concentration of sulphur in the wastewater.

6. Anaerobic bacteria are very sensitive to pH, DO, temperature, excessive oil and
grease, finely dispersed colloidal material, heavy metals, anionic detergents and

high cation concentration such as Na and Ca and shock loads.

Anaerobic lagoons have been widely used as anaerobic systems to treat meat
processing wastewater. They have low construction and operating costs. The designed
organic loading of anaerobic lagoons, treating meat processing wastewater is between
0.042 kg BODs (m3d)’1 and 0.382 kg BODs (m’d)"'. At these loading rates BODs
removal range is between 58 and 95 %. The depth of lagoons is typically between 4 to 7
m. Table 2.3 shows the performance of an anaerobic lagoon receiving meat processing
wastewater at an average hydraulic retention time (HRT) of 11 d and lagoon
temperatures of 20° - 25°C (Russell & Cooper, 1992). Synthetic floating covers have
been installed in anaerobic lagoons to trap the odour and biogas (Dague et al., 1990;
Safley & Westerman, 1992).

Table 2.3 Performance of an anaerobic lagoon receiving meat processing wastewater
(Russell & Cooper, 1992)

Product Influent (mg L'l)—r Effluent (g L) Removal (%}
COD 1385 355 74
Soluble COD 595 190 68
TSS 450 155 66
TKN 80 85 -

NH; - N 24 58 -
Organic N 56 27 52
Fat 210 45 79

High rate systems such as anaerobic filters (AF), anaerobic contact reactors (AC)
and up flow anaerobic sludge blanket reactors (UASB) have also been used to treat meat
processing wastewater. The advantages of these high rate systems are that they take up
little land area and they are totally enclosed. Because they are enclosed, odours cannot
escape, so the systems can be used in urban areas, and the methane gas generated by the
microorganisms can be easily collected and utilised (Johns, 1995). But most of them
have been experiencing failure mostly when the sulphur content is high (Bhamidimarri,
1991).
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2.4.2.2.2 Aerobic biological treatment

The aerobic biological process requires DO in the wastewater. The aerobic
processes in treatment plants are carried out by very large and diversified groups of
microorganisms such as Pseudomonas, Flavobacterium, Micrococcus, and Aeromonas
(Henze, 2002). Aerobic biological treatment involves removal of organic carbon,
nitrogen and phosphorus from the wastewater. In this section only the carbon removal is
described and the nitrogen and phosphorous removal are explained in Section 2.4.2.2.3
and 2.4.2.2.4 respectively. Aerobic treatment processes are classified into suspended
growth or attached growth processes. In activated sludge processes, the microorganisms
involved in the processes are maintained in suspension. Activated sludge process,
aerated lagoons and Sequencing Batch Reactor (SBR) use the principle of the suspended
growth biological wastewater treatment process for the removal of carbonaceous

organic matter. The SBR treatment system is discussed later, in Section 2.5.

The activated sludge process is an established aerobic biological process in which
bacteria and other microorganisms break down complex organic material into more
simple and stable substances, thereby removing soluble and suspended organic polluting
matter from wastewater. The principal elements are the aeration tank where effluent is
thoroughly mixed with activated sludge and air and a final settling tank where the
settled sludge is removed from the purified water to be recycled by the retum-activated
sludge pumps. When sludge is recycled, a portion of the settled biomass returns to the
aerobic reactor to maintain the desired concentration of biomass in the aerobic
biological reactor. Another portion is wasted to control the design solids retention time
(SRT) (Metcalf & Eddy, 1991). During the breakdown of the organic substrate, a
portion of the energy obtained from the reaction is used for biological synthesis and the
remainder satisfies the energy required for growth. A small portion of the energy is used
for cellular maintenance. The organisms also undergo progressive autooxidation in their
cellular mass (Metcalf & Eddy, 1991). In the reactor, the bacterial culture carries out the
conversion in general accordance with the stoichiometry shown in Equation 2.3 and

Equation 2.4 (Metcalf & Eddy, 1991).
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Oxidation and synthesis:

COHNS+ O2 + nutrients —2<<5 CO2 + NH3 + C5H7NO2 + other end products (2.3)

(organic matter) (new bacterial cells)
Endogenous respiration:

C,H,NO, + 50, —2<%"_45C0, +2H,0 + NH, + energy (2.4)

For treating the meat processing wastewater by an activated sludge system the DO
concentration in the aerobic reactor should be high enough to biodegrade the slowly
biodegradable substrates such as fat and to avoid poorly settling sludge. Hopwood
(1977) reported poor settling floc in activated sludge systems while treating
slaughterhouse wastewater. This was found to be due to a combination of the high fat
content of the influent and a low DO concentration in the activated sludge reactor.
Travers and Lovett (1984) found that at low DO (< 0.5 mg L™), fat degradation was
inhibited (56 % removal). This led to poorly settling sludges (SVI > 250ml g') with a
high fat concentration and excessive numbers of filamentous microorganisms. In
contrast, high DO concentrations (up to 4 mg L) correlated with rapid fat degradation
(90 % removal), better settling sludge and fewer filamentous microorganisms (Travers
& Lovett, 1984). More than 95 % ammonia removal (Green et al., 1981; Witmayer et
al., 1985) was achieved in biological carbon removal activated sludge plants of
slaughterhouse and rendering plant wastewater treatment when the DO concentration

was above 2.0 mg L' and the temperature was above 10°C.

Design criteria for activated sludge treatment of slaughterhouse wastewater are
widely published (Heddle, 1979; Hopwood, 1977; Lovett et al., 1984; Travers & Lovett,
1984). Most systems are of the extended aeration type to minimise sludge production.
French design criteria for activated sludge systems treating slaughterhouse wastewater
recommend the organic loading rate of 0.3 — 0.35 kg BODs (m’.d)"! in the design of an

activated sludge treatment system (Johns, 1995).

An aerated lagoon is a basin in which the wastewater is treated either on a flow
through basis or with solids recycling. The solids recycling system is similar to a
modified activated sludge system. The solids in the effluent of the aerated lagoon are

composed of a portion of the incoming suspended solids, the biological solids produced
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from waste conversion, and occasionally small amounts of algae (Metcalf & Eddy,

1991).

Advantages of aerobic treatment compared to anaerobic treatment are (Metcalf &
Eddy, 1991, Greenfield & Johns, 1995):

1. Aerobic processes provide the oxygen required for microbial nitrification by which

ammonia is converted first to nitrite and then to nitrate.
2. Provides a high quality effluent in terms of carbonaceous and nitrogenous BOD.
3. Simple and low capital cost.
Disadvantages of aerobic treatment compared to anaerobic treatment are:

1. Energy intensive treatment process as energy is required for maintenance of

adequate concentration of dissolved oxygen and for mechanical mixing.
2. Aerobic processes involve high sludge yields and high nutrient requirement.
3. System performance is likely to be impaired by flow and load transients.
4. When dealing with strong wastes, system tends to be ineffective.

Aerobic biological carbon removal kinetic and stoichiometric parameters are important
in design aspects such as solids residence time and sludge production rates. Kinetic
parameters are also of interest due to the variations that have been attributed to the
dominant microorganism type present and reactor configuration imposed. Also, current
mathematical models require kinetic and stoichiometric parameters related to that
wastewater. The key kinetic and stoichiometric parameters are variously reported in the
literature. The half saturation constant, maximum specific growth rate, aerobic yield and
endogenous decay rate of heterotrophs were 10 - 176 mg COD L™, 1.14 — 4.2 d', 0.4 -
0.45 mg VSS (mg COD)" and 0.043 — 0.49 d” respectively determined for the meat
processing wastewater (Annachhatre and Bhamidimarri, 1993; Chang, 1999; Gorgun et
al., 1995). These parameters depend on the wastewater, reactor configuration and the

loading pattern (Ekama et al., 1986).

2.4.2.2.3 Biological processes of nitrogen removal
The microbial oxidation of ammonium and reduction of nitrate or nitrite was first

reported at the end of the 19™ century (Van Loosdrecht & Jetten, 1998).
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The relevant transformations that are likely to occur in the biological nitrogen

removal mechanism of wastewater are summarised below (Orhon & Artan, 1994).

1. The microbial degradation of nitrogen-containing compounds and the release of

nitrogen as ammonia, mainly through deamination reactions.

2. The incorporation of nitrogen into cells by synthesis and its removal by excess

sludge (8 — 12 % of VSS).

3. The microbially mediated redox transformations, including nitrification and de-

nitrification.

Microbial nitrogen removal can take place with altemating periods of aerobic and
anoxic conditions. Organic nitrogen is firstly deaminated to ammonia nitrogen by
enzymatic reactions and the process is defined as ammonification. The ammonification
process is the rate limiting step in the reaction pathway and has been determined to be a
first order reaction (Wong-Chong & Loehr, 1975) with an average rate constant at 20°C
and pH 6.5 to 9.0 of 0.111h™, reaching a maximum of 0.240 h' at pH 8.0. The rate of
ammonification is dependent on both the concentration and form of organic nitrogen
supplied. Ammonification of soluble organic nitrogen compounds, except urea, is
assumed to be dependent on the availability of terminal electron acceptors (Oles &
Wilderer, 1991). There should be a difference in the rate of ammonification during
aerobic and anoxic conditions. When sufficient oxygen is supplied, most of the
ammonia nitrogen is then oxidised by nitrifying microorganisms (mainly Nitrosomonas
and Nitrobacters) to nitrite and nitrate, with a small portion of it being assimilated into
microbial cells. When conditions are anoxic, denitrifiers (facultative heterotrophs)
convert oxidised nitrogen to nitrogen gas (Orhon & Artan, 1994). Figure 2.4 shows the

possible microbial nitrogen conversions (Van Loosdrecht & Jetten, 1998).

A range of microbial processes has been reported to occur in wastewater treatment
plants, for example aerobic denitrification, heterotrophic nitrification, anaerobic
ammonium oxidation (ANAMMOX) (Van Loosdrecht & Jetten, 1998) and
denitrification by autotrophic nitrifying bacteria (Bock ez al., 1995; Schmidt and Bock,
1997).
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Figure 2.4 Possible microbial nitrogen conversions (Van Loosdrecht & Jetten, 1998)

Rates described for aerobic denitrification or denitrification by autotrophic nitrifiers
are so low that these conversions probably do not play a significant role under practical
conditions. Heterotrophic nitrification may be of relevance only when the wastewater
contains a high COD/N ratio (> 10). Anaerobic ammonium oxidation can occur in fully
autotrophic systems with very long sludge retention times or in biofilms systems. This
conversion offers great opportunity since it allows denitrification using ammonium as
an electron donor, that is no organic substrate is added in the nitrogen removal process

(Van Loosdrecht & Jetten, 1998).
Nitrification;

The principal microbes of nitrification in a natural system are Nitrosomanas and
Nitrobacter, which oxidise ammonia sequentially to nitrite (nitrification), given by the

Equation 2.5 and nitrate (nitratification), by the Equation 2.6 (Bames & Bliss, 1983).

NH; +1.50, — NO; + H,0+2H* + (240 — 350 kI} (2.5)
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NO; +0.50, — NO; +(65-90kJ) (2.6)

These are classified as chemo-autotrophic bacteria as the energy released in these
reactions is used by the organisms to synthesise their organic requirements from
inorganic carbon sources such as carbon dioxide, bicarbonate and carbonate. Therefore
the alkalinity is consumed during nitrification, with values of 7.14 to 8.64 g alkalinity g
NH; — N\, There are other autrotrophic bacteria genera capable of obtaining energy
from the oxidation of ammonia (Bames & Bliss, 1983). Focht and Chang (1975)
indicated the possibility of heterotrophic nitrification by diverse genera of bacteria,
fungi, and actinomycetes. However the autotropic nitrification rate is about ten times

greater than heterotropic nitrification (Bames & Bliss, 1983).

Nitrifiers are very sensitive to environmental factors and inhibitors. For example, in
kinetic experiments, reaction from ammonium to hydroxylamine can be inhibited by
thiourea and the reaction from hydroxylamine to nitrite can be inhibited by hydrazine
(Sharma & Abhlert, 1977). Apart from the energy substrate nitrogen, nitrifier growth can
also be limited by the availability of the growth substrate, inorganic carbon, or the
terminal electron acceptor, DO. In wastewater treatment systems CO, is present in
excess as a result of carbonaceous oxidation. Dissolved oxygen, however, is frequently
present at a level at which nitrifier growth is less than the maximum value. Normally
nitrification systems are operated at high DO concentrations because bulk liquid DO

concentrations below 0.5 to 2 mg L™ inhibit nitrification (EPA, 1993).

The optimum pH for nitrification has been variously reported to be between 7.5 and
8.6 (Metcalf & Eddy, 1991) and 7.0 to 8.2, with a maximum at 7.9 (Antoniou et al.,
1990). Temperature also exerts a tremendous influence on the growth of nitrifying
bacteria. For temperature correction on nitrification rate, an Arrhenius temperature
dependency coefficient, 1.083 was found by Bickers (1996a) for meat processing

wastewater.

Both reactions of ammonia and nitrite oxidation were determined to be zero order
when the ammonia concentration was above 2 mg L' (Argaman & Brenner, 1986;
Harremoes & Sinkjaer, 1995; Wong-Chong & Loehr, 1975). The ammonia oxidation
rate constant was maximum at pH 7.5 to 7.8 (Antoniou et al., 1990; Wong-Chong and
Loehr, 1975), while the nitrite oxidation rate constant increased up to a pH of 9. As the

ammonium oxidation reaction is generally considered the rate limiting step, significant
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nitrite concentrations are not normally observed; however at high pH and ammonium
concentration (Azimi & Horan, 1991; Miinch et al., 1996; Wong-Chong & Loehr, 1975)
or in the transient conditions, the increase in the ammonia oxidation rate (Stenstrom &

Song, 1991) was suggested as being responsible for nitrite accumulation in reactors.

A range of nitrification rates has been measured in practice with Argaman and
Brenner (1986) having recorded a specific nitrification rate of 95.8 mg N (g MLVSS)
'h!; and Metcalf and Eddy (1991) of between 2.08 and 25.0 mg N (g MLVSS)'h™.
Specific nitrification rates of between 1.3 and 7.8 mg N (g MLVSS)'h™! were measured
by McClintock et al. (1993), with the rate generally found to decrease as the SRT was
increased. Bickers (1996a) found the nitrification rate on meat balance pond effluent as

1.97 mg N (g MLVSS)'h™.

The net energy produced in nitrite oxidation is much less than that produced in
ammonium oxidation. Therefore the cell yield for Nitrobacter is less than that of
Nitrosomanas for each amount of nitrogen oxidised (Sharma & Ahlert, 1977). The
maximum specific growth rate of autotrophs was 0.56 - 0.78 d”' in meat processing

wastewater at 20°C (Chang, 1999; Sézen et al., 1996).

Nitrifying bacteria grow much more slowly than the rate required for organic carbon
removal. Thus a much higher aerobic SRT is required to allow the necessary nitrifying
bacteria to grow in activated sludge processes. The results, if no other adjustments are
made on SRT, are a much larger suspended solids inventory, requiring construction of

much larger biological reactors having a high HRT (Daiger & Parker, 2000).

For the nitrogen removal process it is beneficial if ammonium is oxidised only to
nitrite and thereafter denitrified. Many experiments have been performed to do this.
Most often a change in pH has been reported to inhibit the nitrite oxidisers (Abeling &
Seyfried, 1992; Anthonisen et al., 1976; Turk & Mavinic, 1989). A small change in pH
can have a rather strong effect on the concentration of ammonia and nitric acid which
are toxic to the Nitrobactor bacteria (Hellinga et al., 1998). A second option is the
washout of nitrite oxidisers based on growth rate. At elevated temperatures (> 15°C) the
ammonium oxidising bacteria have a higher growth rate than the nitrite oxidisers.
Controlling the sludge age is a good operating procedure for a stable partial nitrification
(Beccari et al., 1979; Hellinga et al., 1998; Randall & Buth, 1984). Also substrate

competition can be used to out-compete nitrite oxidisers. The lower affinity of oxygen
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for nitrite oxidisers compared to ammonium oxidisers can be used to selectively restrict
the growth of nitrite oxidisers (Hanaki et al., 1990; Laanbroek & Gerards, 1993; Turk &
Mavinic, 1989). Denitrification of nitrite will also decrease the growth of nitrite
oxidisers. This can be achieved by creating anoxic conditions inside the flocs or by
rapid circulation between aerobic and anoxic conditions. Operating the treatment plant
at low DO concentration can lead to a stable situation where nitrite oxidisers are out-

competed (Van Loosdrecht et al., 1998).

Denitrification:

Denitrification is the reduction of nitrate to nitrogen gas. The process is anaerobic,
as nitrate is the oxidising agent (Henze, 2002). Denitrification occurs where nitrate and
no or low oxygen concentrations are present at the same time. The conversion of nitrate
to nitrogen gas has many intermediates including HNO,, NO, and N;O. Denitrification
requires an electron donor (COD), which can be an organic material or reduced
compounds such as sulphide or hydrogen. Under electron donor limitation these
intermediates can be readily formed. Moreover, when cells are subject to transitions
between aerobic and anoxic conditions, formation of these intermediates is enhanced

(Otte et al., 1996; Van Bentum et al., 1998).

The energy yielding process for denitrifying bacteria which uses organic matter in

wastewater as an energy and carbon source can be written as (Henze, 2002),

1 o - 1 4+
o CiaHygOgN + §N03 t3 H — i

1 17 i - 1 + 1
Ny + %CQ2 * 5 HCO, + 55 NH, + 3 H,O + &G = -103kle - eqv

Q2.7)

If all the energy is used for growth, the maximum yield constant of denitrifiers can
be around 0.40 kg biomass (kg organic matter)’ which is 15 % lower than that of
aerobic heterotrophic conversion. If nitrate is assimilated instead of ammonium the
maximum yield constant is changed to 0.36 kg biomass (kg organic matter)”. If
ammonium is present, the bacteria will always use it as the nitrogen source. This will be
the case in (almost) all types of ordinary wastewater (Henze, 2002). The energy source
used has an effect on the denitrification rate. The maximum denitrification rate
obtainable from the easily biodegradable part of raw wastewater and methanol is 7 - 20
mg NO; —~ N (g VSS h)’!, ethanol and raw wastewater is 1 — 5 mg NO3 — N (g VSS h)”!
and endogenous biomass and methane is 0.2 - 0.5 mg NO; — N (g VSS h)" (Henze,
1991).
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The temperature dependency of the denitrification processes resembles that of the
aerobic heterotrophic processes (Henze, 2002). The Arrhenius temperature coefficients
on different carbon sources such as the primary treated meat processing wastewater,
balance pond meat effluent, acetate and endogenous biomass were found to be 1.078,

1.091, 1.086 and 1.07 respectively by Bickers (1996b).

The denitrification process increases the alkalinity of the water. For every mole of
nitrate converted, one mole equivalent of alkalinity is produced. If ammonium is used as
a nitrogen source, this will reduce the alkalinity production by one equivalent per mole

of ammonium assimilated. Therefore the net alkalinity production is 0.85 equivalent per

mole NO, — N (Henze, 2002).

The pH dependency of the denitrification process resembles that of other biological
processes (Henze, 2002). The optimum pH is around 7 to 9, but with variations
depending on local conditions. Big differences can be observed between short-term and
long-term pH dependency as the microbial system can slowly be adapted to the given
pH. The pH of the mixed liquor profoundly affects the rates of denitrification relative to
the presence of DO. A pH value in the acid range will permit active denitrification in
the presence of DO; whereas strict anaerobic conditions are mandatory at pH levels
above 7.0. Since most of the activated sludge plants operate at-or near-neutral pH,
anaerobic conditions should be maintained to promote denitrification (Eckenfelder,
1980). A low pH (< 7) plays an important role for the end product resulting from the
denitrification since an increasing amount of nitric oxides, especially N,O, will be

produced when the pH value declines (Henze, 2002).

Bickers and Van Oostrom (2000) reported that paunch liquor and stick water had
high RBCOD so that they could be used as external carbon sources for denitrification.
Further, they found that the specific denitrification rates for stick water and paunch
liquor of 5.3 to 10.5 mg NOx — N (g VSS h)"! were greater than those for slaughter floor
wastewater and dilute blood of 2.0 to 2.85 mg NOx — N (g VSS h). The endogenous
denitrification rate was 0.51 mg NOx — N (g VSS h).

A continuous, two-stage, anoxic aerobic pilot plant activated sludge biological
nutrient removal system was tested on slaughterhouse effluent in Italy. Denitrification
rates of 2.08 — 8.8 mg NO; — N (g VSS h)" were achieved at temperatures of 20 - 23°C
(Beccari et al., 1979).
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Although denitrification is said to require the absence of oxygen, while nitrification
requires the presence of oxygen, simultaneous nitrification and denitrification in the
same reactor has been suggested for nitrogen removal by Suwa et al. (1992). This is

discussed further in Section 2.5.3.

2.4.2.2 4 Biological phos phorus removal

Biological phosphate removal from wastewater can be achieved in two ways:
stoichiometric coupling to microbial growth and enhanced storage in the biomass as
polyphosphate (poly-P). Minimum P removal by stoichiometric coupling in activated
sludge biomass is 1 — 1.5 % of VSS (Bickers et al., 2001; Henze, 2002). The enhanced
storage of phosphate in the biomass was formerly called “luxury uptake” (Levin &
Shapiro, 1965) and is the key mechanism in the enhanced biological phosphate removal

(EBPR) process.

The EBPR is achieved by circulation of activated sludge through anaerobic and
aerobic phases, coupled with the introduction of influent wastewater into the anaerobic
phase (Barnard, 1975). By these anaerobic and aerobic conditions the microorganisms,
which accumulate poly-P and thus have a high phosphorus content, are selected and
grow to dominate in the process. Excess sludge with high phosphorus content removed
from the sludge waste increases the removal efficiency of phosphorous (Mino et al.,
1998).

In the early days it was thought that Acinetobacter was the organism solely
responsible for the biological phosphorus accumulating process (Fuhs & Chen, 1975;
Yeoman et al., 1988). However, now it is well known that phosphorus-accumulating
ability is widespread among heterotrophic microorganisms present in wastewater and
biomass in biological treatment processes. All these organisms are termed as Bio-P
bacteria, or Phosphorus Accumulating Organisms (PAOs) (Henze, 2002). In a treatment
plant for biological phosphorus removal several groups of heterotrophs (Bio-Ps non-
denitrifying, Bio-Ps denitrifying, Non-Bio-Ps non-denitrifying, Non-Bio-Ps
denitrifying, Glycogen Accumulating Organisms (GAOs), Microthrix) are active and
compete for the substrate, especially for short chain fatty acids (SCFA), that is needed

for the phosphorus storage mechanism (Henze, 2002).

When an anaerobic phase is introduced in which activated sludge is mixed with the
influent wastewater, microorganisms capable of anaerobically taking up carbon sources

from the influent are favoured. Bio-Ps can do this because they are capable of
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hydrolysing the stored poly-P to supply energy for the anaerobic uptake of the carbon
sources. Therefore, in the anaerobic phase, Bio-Ps take up the carbon sources and store
them in the form of poly-B-hydroxyalkanoate (PHA) accompanied by degradation of
poly-P and consequent release of orthophosphate. In the following aerobic as well as
anoxic phase, Bio-Ps grow and take up orthophosphate to recover the poly-P level by
using the stored PHA as the carbon and energy source (Arvin, 1983; Comeau et al.,
1987; Henze et al., 1999; Mino et al., 1998). Since PHA is a reduced polymer, its
synthesis requires reducing power (Mino et al., 1998). Wentzel et al. (1991) pointed out
two possible biochemical models to explain the source of the reducing power, the Mino
model and the Comeau-Wentzel model. In the Mino model (Arun et al., 1988), the
reducing power is considered to be derived from degradation of intracellularly stored
carbon. In the Comeau-Wentzel model (Comeau et al., 1986; Wentzel et al., 1986)
partial oxidation of acetyl CoA through the TCA cycle is assumed to produce the
required reducing power (Mino et al., 1998).

The theoretical stoichiometry of the Mino model explained the experimentally
observed stoichiometry of anaerobic acetate uptake, PHA formation, glycogen
utilisation and CO; production by Bio-P-enriched sludges (Satoh et al., 1992, 1996;
Smolders et al., 1994a). Pereira et al. (1996) incubated BBC labelled acetate with a Bio-
P-enriched sludge under anaerobic conditions (with no nitrite or nitrate) and found that
a small fraction of the labelled carbon from acetate was released as CO,. Also based on
aredox balance considerations, they concluded that the reducing power generated in the
observed degradation of glycogen was insufficient to account for the PHA production.
These are strong indications that a small fraction of acetate is metabolised through the
TCA cycle under anaerobic conditions supplying a minor part (30 %) of the reducing
power for PHA formation. Pereira et al. (1996) and Hesselmann et al. (2000) proposed

a partial TCA cycle model to explain the generation of extra reducing equivalents.

Both poly-P and glycogen are needed for the anaerobic uptake of organic substrates
by Bio-Ps. The poly-P supplies energy and the glycogen supplies reducing power as
well as energy. Both can be limiting substances for the anaerobic substrate uptake.
Under normal conditions, neither poly-P nor glycogen, is totally depleted at the end of
the anaerobic phase and they are stored to greater levels than needed for routine
anaerobic metabolism (Mino et al., 1998). However, Kuba et al. (1996) and Brdjanovic

et al. (1998a) reported that, when acetate is fed in excess, the anaerobic uptake of
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acetate by a Bio-P-enriched sludge stops. This is not because of poly-P limitation or
PHA saturation, but because of exhaustion of glycogen. Brdjanovic et al. (1998a)
further suggested that poly-P (energy source) would be limiting at high pH, since more
energy is required for acetate transport through the membrane at high pH (Smolders et
al., 1994a, b). Brdjanovic et al. (1998b) studied the ability of the enriched Bio-P to
utilise organic substrate (acetate) anaerobically under the condition of poly-P limitation
and surplus glycogen content in the biomass. They showed that, under these conditions,
almost no acetate was taken up and concluded that Bio-P could not use glycogen
conversion to PHA as the sole energy source under anaerobic conditions. Hesselmann et
al. (2000) suggested that the energy required for anaerobic uptake of organic substrates
by Bio-P is supplied by glycolysis, hydrolysis of poly-P and probably also by the
hydrolysis of pyrophosphate and the efflux of MgHPO4,.

Poly-B-hydroxybutyrate (PHB) was first recognised as a storage polymer in the
anaerobic phase of the EBPR process (Buchan, 1983). Later, Comeau (1987) verified
the fact that the PHB-like polymer contains PHB and Poly-B-hydroxyvalerate (PHV) as
a monomeric unit. Satoh et al. (1992) further revealed that the storage polymer consists
of four monomeric units of PHB, PHV, 3-hydroxy-2-methlybutyrate (3H2MB) and 3-
hydroxy-2-methylvalerate (3H2MV). Now, the polymer is called PHA (Mino et al.,
1998).

It has been reported that Bio-Ps are sustained on SCFA like acetate and propionate
(Wentzel et al., 1985). Many laboratory scale EBPR reactors have been successfully
operated with acetate as the major carbon source (Smolders et al., 1994a). In the EBPR
process mathematical models (Henze et al., 1995; Smolders et al., 1995a) it is assumed
that Bio-Ps utilise only SCFA. However, a wide range of organic matter including
carboxylic acids, sugars and amino acids have been reported to be utilised anaerobically
by Bio-P-enriched sludges (Satoh et al., 1996). Hood and Randall (2001) reported that
for the phosphorus removal process among SCFA, acetic and iso-valeric acids were the

most efficient substrates, and propionic acid was the least efficient substrate.

Barker and Dold (1996), Kerm-Jespersen and Henze (1993) and Sorm et al. (1996)
reported that some Bio-Ps were able to utilise nitrate and oxygen as oxidants. This
means that the occurrence of phosphorus accumulation could be accompanied by
denitrification. Therefore, the effect of denitrifying Bio-P has also been included as a

modification to the ASM 2 (Henze et al., 1999; Isaacs et al., 1995; Mino et al., 1995) to
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account for observations of decreasing phosphate concentrations under anoxic

conditions.

Aeration promotes the uptake of excess phosphate by activated sludge bacteria.
Lowering the pH value or anaerobiosis causes this phosphate to be released in the
medium (Levin & Shapiro, 1965). However, Fuhs and Chen (1975) found that the
anaerobic phase is not itself necessary to induce the release of phosphate from the
bacteria into the supematant. The same authors suggested that the CO, accumulation
and the lowering of the pH, which are the results of anaerobiosis, might be important

factors in inducing the release of phosphate from the bacteria (Fuhs & Chen, 1975).

The alkalinity of the system is slightly affected by the Bio-P process (Henze et al.,
1999). The alkalinity reduction by the release of negative ion phosphate is counter-
balanced by the cations as they (magnesium, potassium and calcium) are co-transported
during biological phosphorus release and uptake (Comeau et al., 1987). Alkalinity
increases during the storage of PHA under various electron donors (Henze et al., 1999).
In the anaerobic period CO; is released during fermentation, during part of the TCA
cycle and during utilisation of glycogen as energy source (Henze, 2002; Hesselmann e?
al., 2000; Pereira et al., 1996). Increases in dissolved CO, concentration and alkalinity
in the liquid decrease the pH (Dold & Marais, 1987). A sharp decrease of pH was
observed at the beginning of the anaerobic stage due to phosphate release (Lee et al.,
2001).

Several modified ‘single sludge’ activated sludge configurations have been
developed for enhanced simultaneous carbon, nitrogen and phosphorus removal. The
most common of these include the five-stage ‘Bardenpho’ and ‘UCT’ processes
(Bickers et al., 2001; Metcalf and Eddy, 1991). All these systems feature altemating
anaerobic and aerobic zones, often with intemnal recycling to minimise the concentration

of nitrate in the anaerobic zone.

External disturbances, such as excessive rainfall, loading, aeration, and nitrate
loading to the anaerobic zone, have been reported to be the causes of deterioration in

biological phosphorus removal processes (Wang et al., 2002).
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2.5 Sequencing Batch Reactor (SBR)

The term “Sequencing Batch Reactor” refers to biological reactors which are
repeatedly filled and drained (Oles & Wilderer, 1991). In terms of treatment an SBR is
defined as an activated sludge process designed to operate under non-steady state
conditions (Irvine & Ketchum, 1989). An SBR operates in a batch mode with aeration
and sludge settlement both occurring in the same tank. This differs from conventional
activated sludge treatment where the wastewater flows from one vessel to another, each
vessel performing a specific treatment operation. An SBR tank carries out the functions
of equalisation, aeration and sedimentation in a time sequence rather than in the
conventional space sequence of continuous flow systems. In addition, the SBR system
can be designed with the ability to treat a wide range of influent volumes-whereas the
continuous system is based upon a fixed influent flow rate. In the SBR process, the
influent is also fed continuously, but in batches to each SBR reactor (Mikkelson &
Lowery, 1992). An SBR operates under a series of periods, which constitute a cycle.
The cycle generally consists of fill, react, settle, decant and idle periods. The use of
these periods allows a single reactor to act as a series of reactors and a clarifier in
conventional activated sludge treatment. By manipulating these periods within a single
cycle, an SBR can accomplish most of what a continuous flow plant can accomplish
with several reactors, each operating under a different condition. Different environments
can be created in an SBR by controlling process equipment such as aerators, mixers,
pumps and decanters during a cycle. The process can be controlled and co-ordinated by

a programmable logic controller together with a personnel computer by plant personnel.

2.5.1 SBR Operation

Irvine and Ketchum (1989) described the SBR and the different phases of an SBR
in detail (Figure 2.5). During the “fill” period, influent wastewater is added to the
biomass that was left in the SBR from the previous cycle. The length of the “fill” period
depends on the number of SBRs, the volume of the SBRs, and the nature of the flow of
the wastewater source, which can be either intermittent or continuous. The wastewater
may, or may not, be mixed during this period. Filling ends when the wastewater has
reached the maximum water level, or at some fraction of that if multiple fill periods are
used during a cycle. The “react” period occurs after a fill period. In most cases the SBR
is mixed during this period. Aeration may, or may not, be used depending on the SBR’s

objective and operation. After the react period, a ‘settle’ period takes place. During the
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settle period, the SBR acts as a clarifier. The solids, including biomass and particulate
substrate, settle and leave the relatively clear effluent on top. “Decant” occurs at the end

of the settle period.

Mix
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Figure 2.5 SBR operation for each tank for one cycle for the five discrete time periods
(Irvine and Ketchum, 1989)

Nitrogen and/or phosphorus in addition to COD removal would be possible in an
SBR if operating conditions were properly modified to introduce anaerobic, anoxic and
aerobic conditions into a time cycle. However, the methodology for optimising the
operation of this process has not yet been established, because of diversity of its
operating conditions (Artan & Tasli, 1999). It is reported that substrate feeding under
non-aerated conditions is a prerequisite for efficient nutrient removal and single
instantaneous feeding is suggested for more effective phosphorus removal and good

sludge settleability (Okada et al., 1991).
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SBR systems have also been reported to function well on slaughterhouse
wastewater. Subramaniam et al. (1994) achieved very high removal of nitrogen and
phosphorus manipulating the nature of the anaerobically treated feed to the SBR tank.
The partial pre-treated (by anaerobic pond) slaughterhouse wastewater which contained
190 mg L™ total nitrogen and 50 mg L™ total phosphorus, was reduced to less than 20
mg L' TN and 5 mg L' TP (Keller et al., 1997). The nitrogen and phosphorus removals
of 92 and 85 % achieved respectively from a beef slaughterhouse effluent treatment
using an SBR at a F/M ratio of 0.07 d”', HRT 10 - 12 d and a sludge age of 30 - 35 d
(Johns, 1995). Willers et al. (1993) reported that slurries of animal manure (< 2 % dry
solids) had been treated in SBR systems to achieve BODs, TKN, NH; — N and PO, — P

removals of better than 95 %, the last by addition of lime.

Selection of SBR dimensions for biological carbon and nutrient removal is available

in the literature (Artan et al., 2001; Orhon & Artan, 1994).

2.5.2 SBR vs. Conventional continuous flow activated sludge systems

The SBR Activated Sludge process is known to have several advantages over
conventional continuous flow activated sludge systems and is considered as an
altemative to these systems (Wanner, 1992; Wilderer et al., 2001). The following are
the advantages of the SBR system.

- Lower capital and operating cost because there is no need for exteral clarifiers and

associated return sludge pump and piping.

- Greater ability to meet effluent limitations since batch kinetic reactions occur

without short circuiting.

- Better resistance to sludge bulking, since the biomass undergoes cyclic feast famine

conditions.

- Greater system flexibility and control since the cyclic format can be easily modified
at any time to offset changes in process conditions, influent characteristics or

effluent objectives.

- Less land required and less process equipment to maintain, since only one vessel is

used for all process operations.

It also has some disadvantages such as formation of floating clumps from

denitrification, need for a flow equalisation tank during high flow rates, and there are
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chances of solids escape during decanting. Generally, larger sized equipment is needed

for effluent flow and air supply.

2.5.3 Simultaneous nitrification and denitrification (SND)

In simultaneous nitrification denitrification (SND), both nitrification and denitrification
take place under the same macroscopic conditions, usually at an average DO
concentration between 0.5 and 1.0 mg L (Miinch et al., 1996; Subramaniam et al.,
1994). Denitrification systems are usually operated in the absence of measurable DO
because it can inhibit denitrification. The advantages of using SND rather than
altemating nitrification and denitrification periods in SBRs are that SND could decrease
the time necessary to remove the nitrogen, there is a reduction of COD required for
denitrification, there are higher denitrification rates and a lower biomass yield (Turk and

Mavinic, 1989; Munch et al., 1996; Keller et al., 1997).

2.5.4 Sludge settling in sequencing batch reactors

Sludge settling is a common problem in activated sludge systems including SBR
treatment. Although SBRs have better resistance to sludge bulking, they can be
susceptible to the proliferation of filamentous microorganism and subsequent

interference with biomass settling.

The most commonly proposed factors influencing the growth of filamentous

microorganisms are (Leonard, 1996):
1. Reactor configuration
2. Substrate type
3. Substrate concentration
4. Dissolved oxygen concentration
5. Availability of nutrients
6. Biomass age
7. Biomass concentration
8. pH

9. Temperature
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The extent of filamentous growth and effect of sludge settleability is measured as
the Sludge Volume Index (SVI) of the mixed liquor. The SVI is the volume that a unit
mass of mixed liquor solids occupies after a defined settling period (0.5 h), a high SVI
value (more than 150 ml g') being indicative of filamentous bulking (Jenkins et al.,

1993; Leonard, 1996).

A treatment cycle structure which comprises repetitive phases of operation,
regardless of the necessity for nutrient reduction, can be effective in avoiding or
controlling the predominance of filamentous population in a reactor (Mikkelson &

Lowery, 1992).

Lakay et al. (1999) reported that induction of the selector effect, via intermittent
feeding to the SBR does not control low F/M filaments in intermittent aeration systems
for nutrient removal. They found that continuous aerobic and continuous anoxic
conditions reduce low F/M filament bulking whereas alternating anoxic-aerobic
conditions with 30 — 40 % aerobic and 60 — 70 % anoxic conditions result in maximum
proliferation of low F/M filaments. Filamentous organisms proliferate in systems with
sludges exposed to alternating anoxic-aerobic conditions in SBRs in which nitrate
and/or nitrite exceeding 5 and/or 1 mg N L™ respectively are present throughout the

anoxic period just prior to the aerobic period.

Ekama et al. (1996) reported that neither kinetic selection (aerobic or anoxic
selectors) nor metabolic selection (anaerobic selectors) control low F/M filament
proliferation. Since with kinetic and metabolic selection, RBCOD is taken up
preferentially by floc-formers, the continued proliferation of low F/M filaments appears
to indicate that they are able to compete for and utilise slowly biodegradable COD for
growth.

Wanner et al. (1987) showed that no substrate gradient was needed for suppression
of filamentous growth under anaerobic conditions. The introduction of anoxic
conditions always resulted in very fast and effective improvement in sludge settling

characteristics (Chiesa and Irvine, 1985; Wanner ef al., 1987).

2.5.5 Modelling of Sequencing Batch Reactors treatment
Mathematical models of activated sludge and other treatment processes have served
as evaluation tools of system performance for a variety of process configurations, load

conditions and operating strategies. Models also enable improved design of large-scale
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plants based on limited experimental results, but supported by mathematical

extrapolations.

The IAWPRC Task Group for Mathematical Modelling for Design and Operation of
Biological Wastewater Treatment offered a new trend in activated sludge modelling.
The most well known mathematical model proposed by the IAWQ Task Group for
describing the performance of single sludge processes is the Activated Sludge Model
No. 1 (ASM1) which incorporates carbon and nitrogen removal (Henze et al., 1987).
The ASM 1 was applied successfully for the SBR system (Oles & Wilderer, 1991). The
ASM 3 (Gujer et al., 1999) was developed after correcting for some defects in ASM 1.
The ASM 1 has been updated to include biological phosphorus removal, which resulted
in the ASM 2 (Henze et al., 1995). Wentzel et al. (1989) proposed the first
comprehensive structured EBPR model. This model was restructured as ASM 2 (Mino
et al., 1998). These models are based on the partial TCA cycle for deriving the reducing
power required for PHA formation (Smolders et al., 1995b). The ASM 2 also corrected
some defects in the ASM 1 for biological carbon and nitrogen removal. The ASM 2d
(Henze et al., 1999) included denitrification capability of Bio-P bacteria. Mino et al.
(1995) proposed sub models for ASM 2 for the capability of Bio-P bacteria to denitrify
and store glycogen. Biological phosphorus removal is also described by the General
model (Barker & Dold, 1997). These models are called parametric models (Ky et al.,
2001). The Technological University of Delft (TUD) developed a metabolic model
(Mumleitner et al., 1997; Smolders et al., 1995a, b; van Veldhuizen et al., 1999) for
phosphorus removal. These models also differ in their way of dealing with the
maintenance energy required by the biomass. The concept of death regeneration is used
in the ASM 1, ASM 2, ASM 2d and the General models, whereas endogenous
respiration is used in the ASM 3 and TUD models (Ky et al., 2001).

The ASM 1 and ASM 2 models were first developed by referring to the continuous
flow activated sludge systems. In order to apply these models to other versions of the
activated sludge processes such as the SBR-which is time oriented in contrast to the
space oriented continuous flow activated sludge reactors-the models required changes in
the basic mass balance equations. The basic mass balance equations in SBR treatment
can be written as in Equation 2.8 and Equation 2.9 (Oles & Wilderer, 1991).

s _0S,-5) _ .

2.8
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gz"Q(Xo_X)_'_ '

29
dt v,+or ¥ (29)

Where, Q = The influent flow rate, m’s!
So and Xo = Substrate and biomass concentration of the influent, mg L!
Vo = The initial reactor volume before feeding, m’

S and X = Substrate and biomass concentration in the reactor, mg i

b

r’s = Substrate utilisation rate, g (m3 s)'1

b

r'x = Rate of biomass growth, g (m’s)’’

These models consist of a matrix of kinetic and stoichiometric equations describing
the biological processes generally occurring in biological wastewater treatment. Basic
concepts of the ASM 1 and ASM 2 models as well as the kinetics and stoichiometric
relationships are discussed in detail in Chapter VII. The default parameter values given

in the ASM 1 and ASM 2 are based on domestic wastewater.

To successfully use the model to describe and design wastewater treatment
processes using an SBR, influent characteristics and many kinetic and stoichiometric
parameters must be known. Influent wastewater characteristics are described in Chapter
IV. While many parameters are constant for most wastewater and treatment processes,
some of the important parameters must be determined through experimentation or

calibrating to existing experimental data as discussed in Chapters VI and VII.

The modelling of activated sludge processes for COD and nitrogen removal has
become a standard practice and valuable instrument for the design and operation of
activated sludge processes. With respect to the modelling of biological phosphorus
removal (BPR), practical use, however, is still limited. This is partly due to the

complexity of the process, but also to limited experience (Meijer et al., 2001).

2.6 Summary
Meat processing wastewater contains significant amounts of biodegradable organic

carbon, nitrogen and phosphorus. The characteristics of the wastewater vary with the
sources and types of meat-works waste. The existing treatment methods in New Zealand
result in incomplete removal of nitrogen and phosphorus and they are having adverse

effect on the environment. Screening, Save-all (settling) and DAF are widely used in the
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primary treatment of meat processing wastewater. In secondary treatment PCT and
biological treatment are employed. Several biological processes are involved in organic
carbon and nutrients removal. The environment required for heterotrophic, autotrophic
and Bio-P bacteria for simultaneous removal of organic carbon and nutrients is
manipulated to achieve simultaneous removal of organic carbon and nutrients and to
avoid the sludge settling problem. SBR treatment technology is currently used in the
meat processing wastewater treatment after partial pre-treatment to remove a substantial
amount of organic carbon in COD enriched wastewater. The SBR treatment has some
advantages over the continuous flow activated sludge system. The methodology for
optimising the anaerobic, aerobic and anoxic phases for simultaneous removal of
organic carbon and nutrients has not been established. Substrate feeding under non-
aerated conditions is a prerequisite for efficient nutrient removal, and single
instantaneous feeding is suggested for more effective phosphorus removal and good

sludge settleability.

There are different activated sludge models for predicting combined organic carbon
and nutrient removal from wastewater. The ASM 2 is a parametric model developed
based on domestic wastewater. The kinetic and stoichiometric parameters have to be
found for meat processing wastewater to predict the removal of organic carbon and

nutrients by SBR treatment.

Based on the conclusions from the literature review, the objectives of this study

were set as:

1. To investigate the treatment of meat processing wastewater using a sequencing
batch reactor for maximising simultaneous organic carbon, nitrogen and

phosphorus removal.

2. To understand the anaerobic, anoxic and aerobic processes and the interaction
between nitrogen and phosphorus during the simultaneous organic carbon,

nitrogen and phosphorus removal.

3. To evaluate the suitability of ASM 1 and ASM 2 models of the treatment of

meat processing wastewater by a sequencing batch reactor.
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CHAPTER III
METHODOLOGY

3.1 Source and type of wastewater

The wastewater used for this study was collected from the meat processing plant of
Manawatu Beef Packers Fielding, New Zealand. The collection point is located after the
primary treatment (screening and sedimentation tank) and before the first anaerobic pond.
The meat wastewater was collected fortnightly on Mondays between 2.30 and 3.30 p.m. as
this period preceded the plant cleaning and floor washing operations and stored in a 4°C
refrigerator until used in experiments. The wastewater consisted of faecal material and
urine from stockyards, paunch contents, blood, fat, and residual tissue from slaughtering
and boning processes. The big particles were removed by sieving through 1 mm steel mesh
at the collection point. The plant processes included slaughtering and boning but there were

no rendering or fellmongering processes.

3.2 Start up of the experiment

A sequencing batch reactor (SBR) with maximum operating volume of 15 L was set up
as shown in Figure 3.1 in a temperature controlled room. The SBR was constructed from
acrylic material with dimensions of 18.9 cm diameter and 75 cm height. It had sampling
ports with taps at 10 cm intervals along the reactor length and there was an aeration port at
the base. The bottom and the top of the reactor had a removable base and cover. A
magnetic stirrer was used to mix the wastewater in the reactor. A programmable time
controller was used to control different operating phases. Feeding, decanting and sludge
wasting volumes were controlled by a level controller. Influent was added using a
peristaltic pump through a bottom port at a constant pump speed. Decanting and sludge
wasting were controlled using a solenoid valve and gravity flow. Air was supplied from a
compressed air supply and a solenoid valve and a non-return valve controlled the flow. Oil
and grease in the compressed air was trapped before supplying to the reactor. The rate of
airflow was maintained at 6 L air (L volume. h)". The dissolved oxygen (DO) level was

controlled by a YSI model 57 DO meter with an YSI 57 probe and the recorder port was
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connected to a DO switching box. The DO switching box was able to switch on at two
different DO levels. The feed tank was filled on alternate days. The wastewater in the feed
tank was mixed during the fill cycle. Decanting was done through a top port above the
settled supernatant level. Sludge was wasted through a mid reactor port immediately at the

end of aeration.

Initially 7.5 L wastewater was placed in the SBR and seeded with 7.5 L of mixed liquor
from the aerobic pond. This aerobic pond is currently used at the site to treat the meat
processing wastewater. The initial operating conditions are shown in Table 3.1. The solids

retention time (SRT) was 15 d, while the hydraulic retention time (HRT) was 1.5 d.

Selection of an appropriate SRT for simultaneous removal of organic carbon, nitrogen
and phosphorus removal is important. Solids retention time is the average number of days
that the microorganisms are kept in the SBR. When the daily biodegradable COD load is
small in comparison with the quantity of sludge in the SBR, the daily sludge production
will be low in comparison to the quantity of sludge in the SBR. Therefore the sludge age
will be high. High sludge ages are associated with low specific sludge production (Metcalf
and Eddy, 1991).

The autotrophic bacteria are slow growers when compared to the heterotrophs,
therefore the selection of SRT relies on the autotrophs being maintained in the SBR
treatment system. The SRT is calculated by dividing the mass of solids under aeration by
the mass of waste solids. Escape of sludge from the effluent will reduce the SRT. For
example, assume that the solids concentration of the mixed liquor at the end of aerobic
period is 2750 mg L™, and the concentration of the effluent is 100 mg L™, and that the
sludge removal volume is 1 L d”', while the decanted volume is 5 L d”'. Then the SRT is
equal to (2750x15)/(2750x1+100x5) or 12.7 d. This is comparable to the design SRT of
12.5 d required for preventing washout of autotrophs from the reactor. It shows, if the cell
concentration in the effluent increases above 100 mg L™, the treatment system may fail due
to insufficient nitrification. The design SRT required in this study for preventing washout

of autotrophs is explained in Section 5.2.

Given a constant organic load on the SBR reactor, with an increase in the SRT the

PHB fraction reduces (Smolders et al., 1995). The effect of the SRT on the PHB content
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will directly affect the growth of bio-P. Therefore too long a SRT is not helpful for

simultaneous removal of organic carbon, nitrogen and phosphorus.

Table 3.1 Operating cycle of laboratory scale sequencing batch reactor (6-h cycle)

Reactor Sequence Time (h)

Fill and non-aerated mix 2.0
Aerated, mixed react | LS
Non-aerated mixed react 0.5
(anoxic)

Aerated mixed react 2 1.0
Settle 0.50
Decant and idle 0.50

Figure 3.1 Laboratory scale sequencing batch reactor set-up

3.3 SBR performance and characterisation of wastewater

Typical characteristics of the wastewater and effluent from the reactor such as chemical
oxygen demand (COD), total suspended solids (TSS), volatile suspended solids (VSS),
total Kjeldahl nitrogen (TKN), ammonia nitrogen, oxidised nitrogen (NOx — N), total
phosphorus (TP), soluble phosphate phosphorus (PO4 — P), pH, DO and alkalinity were
measured according to Standard Methods (APHA, AWWA and WEF, 1995). Cyclic
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performance of the reactor was analysed after at least three SRT periods.

3.3.1 Determination of chemical oxygen demand (COD)

Total COD (TCOD) and soluble COD (SCOD) were measured by the closed reflux
colorimetric method as given in Section 5220 D of Standard Methods (APHA, AWWA and
WEF, 1995). SCOD was defined as the COD of a filtrate that had passed through a glass
fibre paper (GF/C grade filter) of 1.2 pore size in this study. All TCOD analyses were
performed in triplicate whereas SCOD were in duplicate, and the average values were taken
for the results. Absorbance of the cooled samples was read at 600 nm on a Shimadzu UV-

1201, UV/VIS spectrophotometer, using a glass cuvette with a 1 cm path length.

A standard curve was prepared using potassium hydrogen phthalate standards in the
range of 0 to 900 mg L' COD. Samples were diluted before analysis as necessary to give a
final COD in the required range. The TCOD of the wastewater samples was usually
analysed using a 1:2.5 dilution, whereas the SCOD was usually undiluted. The interference
of nitrite in the COD measurement was assumed as negligible as nitrite concentration was

low during this study.

3.3.2 Determination of total and volatile suspended solids (TSS and VSS)

TSS and VSS were measured according to the procedure in Sections 2540D and 2540E
of Standard Methods (APHA, AWWA and WEF, 1995). A Contherm Series Five oven was
used to dry filtered solids samples at 104 + 1°C and a NEY M525 Series II muffle furnace
was used to ignite the oven-dried samples. Filter papers were prepared by placing them into
the muffle furnace at 550 + 25°C, for 20 minutes and then cooling and storing them in a
desiccator containing silica gel (BDH, Poole, England) until needed. All analyses were
performed in duplicate, and the average values were taken for the result. The solids were

weighed on a Mettler AE200 balance.

3.3.3 Determination of ammonia nitrogen concentration

Ammonia was analysed by either preliminary distillation (Biichi 323 distillation unit)
followed by titration (Mettler DC2S titrator) as outlined in Section 4500-NH; B and C or
by the manual phenate method outlined in Section 4500-NH3 F of Standard Methods
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(APHA, AWWA and WEF, 1995). To analyse the ammonia in the wastewater and the
reactor effluent, distillation followed by the titration method was used. The samples were
distilled into 30 mL of 4 % borate buffer by a Biichi 323 distillation unit. The distillation
unit was set at 30 and 70 mL of water and NaOH respectively. The distilled samples were
back titrated in the auto titrator (Mettler DC25 titrator) with 0.1 N HCI in Mode 2. Samples
with a volume of 25 mL and 200 mL were taken for the ammonia analysis in wastewater
and the reactor effluent respectively. The manual phenate method was used in cycle
studies. In the phenate method, absorbance was measured at 640 nm in the
spectrophotometer. A standard curve was prepared for phenate method in the range of 0 to

3 ng NH; — N and 0.1 mL of soluble samples were taken into analysis.

3.3.4 Total Kjeldahl nitrogen (TKN)

The TKN was measured by a micro Kjeldahl method as outlined in Section 4500-No,;B
of Standard Methods (APHA, AWWA and WEF, 1995). Wastewater samples of 25 mL
and effluent samples of 50 mL in duplicate were taken in Kjeldahl tubes in 6 tubes slot.
Concentrated H,SO,4 (13 mL) and one 5 g TKN digester tablet were added into each tube.
The 5 g tablet contained 97.5 parts of Na,SQOy, 1.5 parts of CuSO4.5H,0 and 1 part of Se. A
manifold and water extraction tube connected all 6 tubes. The samples were digested for
one and a half hours in a Biichi 435 digester. Digestion was continued for few minutes
following white flumes were produced. After the digestion had been completed the tubes
were allowed to cool. At this stage the digested samples were clear in colour. Then the

samples were distilled and back titrated as described in Section 3.3.3.

3.3.5 Total phosphorus (TP) concentration

The TP was measured by the ascorbic acid method as outlined in Section 4500-P E of
Standard Methods (APHA, AWWA and WEF, 1995). To find out the influent and sludge
total phosphorus contents, 0.5 ml samples were used. Absorbance was measured at 880 nm

in the spectrophotometer.
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3.3.6 Oxidised nitrogen (NOx — N) and soluble phosphate phosphorus (PO;- P)

concentration

NOx — N and PO4 — P were analysed by ion chromatography (Dionex-100, column type
AS9-HC, elluent 9 mM Na,COs, flow rate = 60.0 mL h™' and the injection volume = 25
pL). The ion chromatography was calibrated to analyse NOx — N and PO4 — P in the range
of 0 - 25 mg L™ and 0 - 45 mg L™ respectively. The wastewater and reactor samples were

filtered by 0.45 pum membrane filter paper before the injection.

3.3.7 DO, pH, alkalinity and SVI measurements

An ORION model 230A pH meter measured wastewater and mixed liquor pH. The DO
was measured by a YSI model 57 oxygen meter. Alkalinity was measured according to
Section 2320B of Standard Methods (APHA, AWWA and WEF, 1995). The Sludge
Volume Index was measured according to Section 2710D of Standard Methods (APHA,
AWWA and WEF, 1995). The settled volume of the sludge after 0.5 h was measured in the

reactor during the settling period.

3.4 Influent soluble and particulate inert COD fraction

The inert soluble and particulate COD in the wastewater were measured following the
concept outlined by Orhon e al. (1999a). Three 2 L conical flasks were set. One was filled
with 1.75 L of raw wastewater; another was filled with GF/C filtered wastewater and the
last was filled with glucose solution. The glucose solution was prepared such that it had
approximately the same COD as in the filtered wastewater. The key nutrients and salts;
KH,PO4 (50.3 mg), NH4Cl (219.3 mg), MgSO, .7H,0 (117.6 mg), CaCl, .2H,0 (28.98 mg)
and FeCl,.4H,0 (34.2 mg) were added to the glucose reactor. The three flasks were seeded
with sludge (final VSS =35 mg L) obtained at the end of the aerobic phase of the SBR.
The reactors were constantly aerated to maintain a DO concentration of more than 6 mg L~
!. The reactor set-up is shown in Figure 3.2. The experiment was conducted in a controlled
room at 22°C. The pH was maintained between 6.8 and 7.5 during the experiment. The
TCOD and SCOD were measured every two-four days for up to 24 d. The wastewater
soluble and particulate inert COD were obtained by Equation 3.1 and Equation 3.2 (Orhon
et al., 1999a).
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Figure 3.2 Schematic diagram of reactors set-up during wastewater inert COD measurement
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Where Cr) — Initial total COD in the reactor 1 (mg COD L)
St — Initial soluble COD in the reactors 1 and 2 (mg COD L)
Sai — Initial soluble COD in the glucose reactor (mg COD L’l)
(C1)1, (C1)2 — Final total COD in the reactors 1 and 2 (mg COD L)
(Sth, (St)2 — Final soluble COD in the reactors 1 and 2 (mg COD L'l)
fes, fex — Fraction of soluble and particulate inert COD generated in
biomass decay
(Xth —Final particulate COD of raw wastewater reactor
(mg COD L)
Yy — Heterotrophic yield coefficient (mg cell COD (mg COD)™)

3.5 Oxygen uptake rate (OUR) measurement

A sample was taken from the reactor and re-aerated to about 8.0 mg L' DO
concentration. The aerated sample was transferred to a 30 mL narrow mouth conical flask.

The conical flask mouth and the YSI DO 57 probe fitted together tightly as shown in Figure
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3.3. The escaped wastewater made a shield from re-aeration during the OUR measurement.

The OUR was recorded by a Seckonic, SS-250F chart recorder at 1800 mm per h. The

distance in the chart for 1 mg L' DO uptake, which was also noted, was 31 mm.

DO meter with probe

1010,

30 mL narrow mouth
conical flask

Seckonic, SS-250F
chart recorder

X &

Power supply

Figure 3.3 Schematic diagram of the OUR measurement set-up

3.6 Assessment of readily bodegradable COD

3.6.1 Aerobic batch test

The RBCOD was measured following the concept outlined by Ekama et al. (1986).

Wastewater of 500 mL was taken in a 2 L conical flask. Mixed liquor was withdrawn from

the SBR operated at a quasi steady state and aerated for 2 h (with 25 mg L allylthiourea)

and then added to the wastewater such that the TCOD:VSS ratio was 1:1. The flask was

aerated at 22°C in a controlled shaker. The shaker was operated at 200 rpm. Samples of 25

mL in size were withdrawn every 10 — 20 minutes and OURs were observed. Then the

samples were returned to the flask. The OUR was observed for 4 to S h.

3.6.2 Anoxic batch test

Mixed liquor of 1 L was collected at the end of the aerobic phase from the SBR. It was

aerated for 2 h continuously so that no residual biodegradable COD remained in the mixed

liquor. It was then purged with nitrogen gas until the DO decreased to 0 mg L' ma2L
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fermenter, 750 ml wastewater and the mixed liquor were added so that the initial
TCOD:VSS was 0.5 — 0.8. It was mixed using a magnetic stirrer while purging with
nitrogen gas. The pH was maintained between 7 — 7.5 during the experiment. Forty mg L™
nitrogen (of final concentration) was added from the stock solution of 0.143 M potassium
nitrate solution. NOx — N concentrations were measured at 0.25-h intervals for the first
hour and then measured every 0.5 h for another 3 - 4 h. Initial and final SCOD and VSS

were also measured.

3.7 Maximum specific growth rate of heterotrophs

Sludge of 500 mL was withdrawn from the SBR at the end of the aerobic phase. The
sludge was aerated for 2 h to ensure that there was no exogenous substrate. The aerated
biomass was transferred to a respirometer (Leonard, 1996). Figure 3.4 shows the schematic

diagram of the respirometer and the chart recorder.

DO meter with probe

Port for substrate
addition and for air
supply line @ O

Thermometer ll
—-

! Seckonic, SS-250F XXX
{ oo
chart recorder
Power supply
Magnetic stirrer

Figure 3.4 Schematic diagram of the respirometer and the chart recorder

The respirometer was sealed to prevent re-aeration during the OUR recording. The
respirometer was re-aerated until DO concentration of wastewater reached 8 mg L' and
then the aeration was stopped and the OUR was recorded on the chart recorder. Once a
measurable straight line was obtained, a known amount of soluble meat processing

wastewater was added, and the new OUR recorded until the OUR was parallel to the initial
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straight-line slope (endogenous OUR). At the end of the test, the respirometer was re-
aerated and after the OUR had returmed to a stable endogenous rate, the process was
repeated for other initial substrate concentrations. Four runs with different substrate
concentrations were performed. The experiment was conducted in a controlled room at 22°

C. No nitrification inhibitor was added.

3.8 Heterotrophic decay coefficient

One L of mixed liquor was withdrawn in a 2 L conical flask from the SBR at the end of
the aerobic period. Nitrification was inhibited by the addition of 20 mg L' of allylthiourea.
The flask was mixed at 200 rpm and aerated in a temperature controlled shaker at 22° C.
The OUR was observed for 6 d. The flask pH was adjusted between 7.0 — 7.5 with 1 M
Na,COj after each sample had been taken.

3.9 Maximum specific growth rate of autotrophs

One L of wastewater was added to a 2 L conical flask. Mixed liquor at the end of the
aerobic period from the SBR was also added so that the initial TSS concentration was 50
mg L as suggested by Sozen et al. (1996). The contents in the flask were mixed and
aerated in a controlled shaker at 22°C. The speed of the shaker was kept at 200 rpm.
Samples were taken twice daily for 4 d and NOx — N concentrations were analysed. The
flask pH was adjusted between 7.0 — 7.5 with 1 M Na,COj after each sample had been

taken.

3.10 Heterotrophic yield coefficient

Wastewater was centrifuged at room temperature at 5000 rpm for 0.25 h and filtered
with 1.2 pm pore size GF/C filter. To a 2 L conical flask, 500 mL of filtered wastewater
was added. Settled sludge was also added to the flask at different SCOD:VSS ratios. The
flask was mixed and aerated in a temperature controlled shaker at 22°C. The speed of the
shaker was kept at 200 rpm. Every 0.5 - 1 h samples were taken to analyse SCOD and
TCOD for up to 8 h. VSS was also measured in alternate samples. CODs and VSSs were
also measured after 24 h when the initial COD:VSS ratio was greater than 1. Yield

coefficient was calculated using the Equation 3.3 and Equation 3.4 (Henze et al. 1987a).
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cell COD = total COD - soluble COD (3.3)

y __Acell COD 34

# " A soluble COD

3.11 Short chain fatty acids (SCFA) measurement

A filtered sample (0.45 pm membrane filter) of 1 ml was taken in a 1.5 ml vial with a
flat top cap (Eppendorf tube). The sample was acidified with 20 ul of 100 % formic acid.
This sample was subsequently analysed in a VEGA SERIES gas chromatograph (GC 6000
VEGA SERIES 2 with a flame ionisation detector, carrier gas helium, SUPELCO Nukol
column 15 m length x 0.53 mm diameter and film thickness of 0.5 um). Pressure gauge
readings of helium, hydrogen and air were set at 30, 70 and 100 kPa respectively. The
temperature of the injection port was set at 220°C. The flame ionisation detector port was
set at 220°C. The GC was operated using a temperature programme (100°C for 1minute,
then increased at a rate of 10°C min™ until 180°C and maintained at 180°C for 1 minute
and then cooled to 100°C). A 1 ul of the sample was injected. After the injection the needle
was washed with de-ionised water. Chromatograph output signal data were manipulated by
DAPA 4.0 software installed on a personal computer. The SCFA standards were designed
to measure acetate (C,), propionate (Cs), isobutyrate (i-C,4), n-butyrate (n-Cy), iso-valeric (i-
Cs), n-valeric (n-Cs) and n-caproic acid (n-Cg) concentrations of between 0 - 500 mg L.
The wastewater SCFA COD was determined from the sample taken from the feed tank.
Since the feed tank was maintained in the controlled room (22°C ), the SCFA COD and the
RBCOD could increase in the feed tank.

3.12 Poly-f-hydroxybutyrate and poly-f-hydroxyvalerate in microbial

biomass

Poly-B-hydroxybutyrate (PHB) and poly-B-hydroxyvalerate (PHV) were measured
according to the concept of Comeau et al. (1988). Samples of 50 to 100 ml were collected
and acidified with a few drops of concentrated H,SO4. Then the samples were centrifuged
and the sludge pellets were lyophilised. Lyophilised sludge of 20 mg was combined with 2
ml of acidified methanol (3 % H,SO,), containing benzoic acid as the internal standard and

2 ml of chloroform. The acidified methanol solution was prepared in a 500 ml volumetric
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flask with 150 mg benzoic acid (Sigma Co. St Louis, USA), 15 ml concentrated H,SO4 and
the remaining volume was made up with methanol. Samples and standards were heated for
3.5 h at 100°C in COD tubes (volume, 15 ml) with Teflon-lined caps. After cooling to
room temperature, 1 ml de-ionised water was added to the samples and shaken vigorously
for 10 minutes. The phases were allowed to separate. About 0.5 ml methyl ester was
carefully withdrawn from the bottom phase with a pasteur pipette into 1.5 ml vials. In the
vials 2 - 3 Na,SO4 granules were taken to absorb the water for a day. The samples were
subsequently analysed in the gas chromatograph. The temperature of the injection port was
set at 230°C. The flame ionisation detector port was set at 230°C. The GC was operated
using a temperature programme (80°C for 1 min, then increased at a rate of 6°C min™ to
155°C and maintained at 155°C for 1 min). One pl of the sample was injected (split ratio:
1/5). The needle was wiped with a glass filter before injection. After the injection the
needle was washed with hexane. Chromatograph output signal data were manipulated by
DAPA 4.0 software installed on a personal computer. Stock PHB/PHV solution was
prepared with about 25 mg of commercial PHB/PHV (Aldrich Chem. Co., Milw., USA)
taken in a 25 ml volumetric flask and dissolved with 25 ml chloroform. Three standards

were prepared as below,
Chloroform 1.71 ml, PHB/PHYV stock solution 0.29 ml and methanol solution 2 ml.
Chloroform 1.15 ml, PHB/PHV stock solution 0.85 ml and methanol solution 2 ml.

Chloroform 0.6 ml, PHB/PHYV stock solution 1.4 ml and methanol solution 2 ml.

3.13 Carbohydrate in the wastewater

Carbohydrate in the wastewater was measured by the anthrone method according to the
procedure outlined by Jenkins ez al. (1993). Seventy five percent volume to volume H,SO4
reagent was prepared adding 750 mL concentrated H,SO4 to 250 mL distilled water. It was
allowed to cool to room temperature, then 200 mg anthrone was added to 5 mL pure
ethanol and made up to 100 mL with 75 % HSO4. The anthrone reagent was prepared
fresh each time. Samples of 0.5 mL were taken in COD tubes (triplicates) and made up to 1
ml with distilled water. Using 100 pg mL™" glucose standard and distilled water, 0, 10, 25,

50 and 75 pg glucose standards were prepared each in water to a final volume of 1.0 mL.
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All tubes were chilled in an ice water bath. About 5.0 mL of chilled anthrone reagent was
added to each tube, mixed thoroughly and kept in the ice water bath. All tubes were
transferred to the boiling water bath (100°C) for exactly 10 minutes. The tubes were then
transferred immediately to the ice water bath again. The absorbance of all tubes was
measured at 625 nm using the distilled water tube as a blank. A standard straight-line curve
was prepared by plotting absorbance versus glucose concentration. Samples of

carbohydrate concentration were calculated as glucose.

3.14 Glycogen in the sludge

Glycogen plays an important role in biological phosphorus removal from wastewaters.
It has been measured indirectly using the anthrone method and the phenol method or HPLC
analysis for glucose after acid hydrolysis (Mino et al., 1998). These analytical methods
possibly overestimate the glycogen as these methods are for total carbohydrate or for total
glucose measurement. These methods were subject to errors, especially in activated sludge
plants where a large fraction of non-Bio-P bacteria are present, adding to a non-glycogen-
glucose (Brdjanovic et al., 1998a). Brdjanovic et al. (1998a) developed a bioassay method
with the assumption that glycogen is the limiting factor for anaerobic acetate uptake and it
was tested in acetate fed reactors. In the presence of both Bio-P bacteria and significant
amounts of Glycogen Accumulating Organisms (GAOs), the bioassay may not give an
accurate result due to a different stoichiometric coupling between acetate uptake and

glycogen consumption in the Bio-P and GAOs anaerobic metabolism (Mino et al., 1998).

3.14.1 Measurement conditions for the acid hydrolysis method

Extraction of glycogen by acid hydrolysis depends on the heating temperature, acid
concentration and the period of digestion (Ginsburg & Robbins, 1984). Glycogen
hydrolysis is given by Equation 3.5.

CsH,,0; + H,0 - C,H,,0, (3.9)
To establish the measurement conditions, pure glucose and glycogen (Glycogen oyster,

BDH bio chemicals Ltd. Poole, England) were used to test the recovery of glucose under

different digestion conditions.
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Table 3.2 shows the percentage of recovery obtained in glucose measurement by the
acid hydrolysis method under different heating temperatures, duration and acid
concentrations used. The 0.6 N HCI acid digestion at 100°C for 2 h gave the highest
recovery of 99 % among the digestion conditions. When the duration was increased from 2
h to 2.75 h, the recovery was slightly decreased. A one-hour digestion showed a lower
percentage of recovery of glycogen. Glucose appeared to be caramelised when digested at
150° C for 2 h. Degradation of glucose was reflected by the light brown colour of the
digested samples. A lower percentage of recovery was obtained in the raw glycogen
samples compared to oven dried and desiccated samples, which could be attributed to the

water absorption by raw glycogen samples.

Table 3.2 Percentage of glucose recovery at different digestion conditions

Digestion condition % recovery
Glucose Oven | Desiccated Raw
dried | glycogen glycogen
_glycogen

0.6 N HCl at 100°C for 1 h 98.4 71.0
0.6 N HClI at 100°C for 2 h 99.0 90.1 89.0 82.2
0.6 N HCl at 100°C for 2.25h 97.8 81.8
0.6 N HCl at 100°C for 2.5 h 96.7 80.2
0.6 N HCl at 100°C for 2.75 h 96.6 80.6
0.6 NHCl at 120°C for 1 h 97.8 81.8
0.6 N HCl at 150°C for 2 h 49.1
0.8 N HCl at 100°C for 2 h 96.7 89.0
0.8 N H,SO,4 at 100°C for 2 h 98.1 80.9

Therefore, in this study 0.6 N HCI hydrolysis at 100°C for 2 h was selected as the most

suitable acid hydrolysis condition for glycogen measurement.

3.14.2 Methodology for glycogen measurement in the sludge

Freeze-dried samples of 20 mg and three glucose standards were taken in COD tubes.
Four mL of 0.6 N HCI were added to each tube and digested at 100°C in a water bath for 2
h. The tubes were then allowed to cool to room temperature. The cooled tubes were shaken
vigorously for 10 minutes, then allowed to settle overnight. Following this all tubes were
measured for glucose using a YSI enzyme kit (Model 2700 SELECT Biochemistry

analyser, membrane 2365, detection range 0 — 9 g L™ at 25 pL sample size, calibration
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point 2.5 g L™, precision 2 %). A YSI buffer solution was used for sample pH adjustment.

The glycogen content was expressed in mg per g dry mass.

3.15 Soluble magnesium, potassium, calcium and iron measurement

The metal concentrations were measured by flame atomic absorption spectrometry
(GBC 933 AA, automatic wavelength and slit control and are controlled from an external
computer). Table 3.3 shows the set wavelength and the slit width for the different metals.
The AA was calibrated for each metal in the working range. The interferences in measuring
potassium were removed by adding 1000 mg L™ sodium. The interferences in magnesium

and calcium measurements were removed by 2000 mg L strontium.

Table 3.3 the set wavelength and slit width (GBC 933 manual)

Metal Wave Slit Working Sensitivity | Lamp current/
length width range pg (mL)”! Flame type
(m) | m) | (ug(mL))

Magnesium 285.2 0.5 0.1-04 0.003 3mA/
air-acetylene

Calcium 422.7 0.5 1-4 0.02 10 mA/
air-acetylene

Potassium 769.9 0.5 1.1-4.4 0.024 6 mA/
air-acetylene

Iron 248.3 0.2 2-9 0.05 7 mA/
air-acetylene

3.16 Microscopic observation of sludge morphology (Gram staining)

A thin smear of sludge waste sample was prepared on a microscope slide and was
allowed to air dry. Then the air dried slide smear was stained for 0.02 h with crystal violet
reagent and then rinsed with water. Again it was stained with iodine reagent for 0.02 h and
rinsed well with water. The slide was held at an angle and decolourised with 95 % ethanol
added drop by drop to the smear for 16 — 25 s. Then it was stained with safranin for 0.02 h
and then rinsed with water. The slide was blotted dry. It was then examined under oil
immersion at 1000X magnification with direct illumination (blue violet is positive; red is

negative). The reagents were prepared according to Jenkin ez al. (1993).
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CHAPTERI1V

CHARACTERISTICS OF WASTEWATER

4.1 Introduction

Wastewater characteristics are important for determining whether or not biological
treatment of the wastewater is possible with or without pre-treatment. This is the only
experimental data that provides the necessary information for the design of the
appropriate treatment scheme and interpretation of most operational problems. Further,
the quality of the wastewater characterisation is important when evaluating the
performance and prediction of the biological wastewater treatment by the Activated

Sludge Model No. 1 and Model No. 2.

This chapter describes the conventional pollution parameters and COD fractions of

a meat processing wastewater.

4.2 Conventional polfution parameters of wastewater

Table 4.1 shows the conventional pollution parameters of the primary treated meat
processing wastewater observed between the end of year 1999 and mid-year 2001. The
wastewater was collected between 2.30 —3.30 p.m. to ensure that it gave representative
samples from all types of wastewater sources (Annachhatre & Bhamidimarri, 1993;
Chang, 1999). This study was aimed to treat the mixture of the wastewater that
originates from the slaughterhouse, boning process, stockyard and gut house process.
The timing of sample collection was chosen to ensure that the sample was collected
before the plant cleaning and floor washing operations began. In the morning, the
wastewater originates mostly from the stockyard. The wastewater mixes with the
previous day left wash off water. Around noon, the wastewater originates mostly from
the slaughterhouse. Most of the plant processes continue during 2.30 - 3.30 p.m. As the
wastewater was collected during 2.30- 3.30 p.m, it is expected to contain a mixture of
effluents originated from slaughterhouse, boning process, stockyard and gut house
process and represents the combined wastewater. The wastewater characteristics were
measured on the day following the collection from the meat processing plant. Organic
carbon in the wastewater was estimated by measuring the chemical oxygen demand
(COD). COD, unlike 5d biochemical oxygen demand (BODs), may be used as a direct

parameter to yield the stoichiometric equivalent of carbonaceous substrate, with the
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provision that its biodegradable fraction is ascertained. This fraction reflects the
appropriate electron balance among substrate, biomass and electron acceptors (Orhon et
al., 1999b).

The average total COD (TCOD), soluble COD (SCOD), total phosphorus (TP),
ammonia nitrogen (NH3 — N), total Kjeldahl nitrogen (TKN) and alkalinity as CaCOs3
were comparable to the values of 1352, 707, 31.2, 69.5, 127 and 325 mg L,

respectively reported by Chang (1999) for the same meat processing wastewater.

Table 4.1 Characteristics of the wastewater

Parameter Concentrations mg L Number
Range Average Standard of s:zl:)p les
deviation (o)
Total COD (TCOD) 490-2050 1390.0 402 23
Soluble COD (SCOD) 400-1010 | 755.0 145 23
Total Kjeldahl nitrogen (TKN) 105-177 145.0 28 22
Ammonia nitrogen (NH; — N) 26-116 75.0 27 22
Total phosphorus (TP) 25-47 342 7 7
Nitrite nitrogen (NO, — N) 0.0-2.14 0.6 0.6 22
Nitrate nitrogen (NO; — N) 0.0-4.32 1.0 1.2 22
Soluble phosphate phosphorus (PO, — P) 6.3-28.7 18.0 5.6 22
Total suspended solids (TSS) 230-655 446.3 150.4 17
Volatile suspended solids (VSS) 220-625 409.9 140.4 17
Alkalinity as CaCOs 160-455 273.5 95.9 11
PH 6.15-7.03 | 6.58 0.26 15
Magnesium (Mg”") 8.94-9.41 | 9.24 0.31 5
Calcium (Ca”) 14.41-25.6 | 18.51 4.46 4
Potassium (K ") 35.8-45.3 41.28 5.05 4
Iron 0.79-092 | 0.9 0.1 3

The conventional parameters observed in this study were in the range of, or close to,
the characteristics reported for the New Zealand meat processing industries by Cooper
and Russell (1991). The upper range of oxidised nitrogen concentration observed in this
study may come from the component of the wastewater originating from the stockyards.
The average wastewater pH is near neutral, which is good for biological nutrient
removal. The average alkalinity of the wastewater is high enough to buffer the pH
reduction due to nitrification. However, the lower range of the alkalinity values

demonstrate that the inappropriate treatment procedure may lead to a reduction in the



56

pH level-which could be harmful for microorganisms, especially nitrifiers (Henze,
2002). Cations such as magnesium (Mg2+) and potassium (K ") required for biological P
removal (Rickard & McClintock, 1992) were 9.21 and 41.2 mg L™ respectively. Lower
concentrations of Mg”" in the meat processing wastewater may be a limiting factor
during the treatment of biological P removal. Lower concentrations of calcium (Ca*")
and iron in the wastewater indicate that the P removal by precipitation will be low
during the biological P removal. Table 4.2 shows the relationships between major

pollution parameters.

Table 4.2 Relationships between major pollution parameters

SCOD/ | PO,— P/ Particulate | VSS/TSS | NH;—N/ | TCOD/ TCOD/
TCOD TP COR/NSS TKN TKN TP
0.54 0.53 1.55 0.92 0.52 9.6 40.6

The high VSS/TSS ratio indicates that most of the solids are biodegradable and only
8 % are influent fixed solids, mostly of inorganic matter. These are likely to pass
through the reactor undegraded. The particulate COD/VSS ratio of 1.55 demonstrates
that the wastewater has mostly organic matter. The ratio of particulate COD/VSS for

domestic wastewater has a value of 1.35 (Orhon et al., 1999b).

Soluble COD, PO, — P and NH3 — N that are easily utilised by microorganisms were
found to be more than 50 % of the TCOD, TP and TKN respectively. The ratio of
TCOD to TKN was more than 8 and is thus suitable for N removal by nitrification and
denitrification (Henze, 1991). The ratio of TCOD to TP was less than 50, which may
not be enough to achieve the desired effluent P concentration by biological P removal
alone (Pitman, 1991). It is therefore apparent that the conventional treatment strategies
for biological nutrient removal of meat processing wastewater may not be appropriate to
achieve the desired effluent quality. The TCOD:TKN:TP ratios of 100:10.4:2.5
indicates that N and P removal could not be achieved by biomass growth coupling
alone. The required ratio of TCOD:TKN:TP for biomass growth is 100:5:1 (Eckenfelder
& Musterman, 1995). Therefore enhanced nutrient removal technology is needed to

treat meat processing wastewater.
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The carbohydrate concentration of the wastewater was between 40 — 70 mg L™. The
COD exerted by the carbohydrate was about 5 % of the TCOD. Fat and protein
contribute to the remaining wastewater COD. From the empirical equation suggested by
Russell (1980) for TCOD, the average fat concentration was determined as 237 mg L™
(51% of TCOD). Annachhatre and Bhamidimarri (1993) reported a higher fat COD
contribution of 70 — 90 % in meat processing wastewater. In domestic wastewater fats

contribute less COD than do the carbohydrates and the protein (Metcalf & Eddy, 1991).

4.3 Short chain fatty acid fraction of the wastewater

Short chain fatty acids (SCFA) are an important carbon source needed for biological
N and P removal processes. Low molecular weight fatty acids contribute much to the
readily biodegradable COD (RBCOD) fraction. Hood and Randall (2001) reported that
in the 2-5 carbon SCFA, acetic and iso-valeric acids are the most efficient, and
propionic acid is the least efficient, substrates for biological P accumulating bacteria
(Bio-P). Internal storage products of Bio-P depend on the type of the fatty acids which
it consumes (Hood & Randall, 2001; Sato et al., 1992). The types of internal storage
products are important in biological P removal (Hood & Randall, 2001).

Figure 4.1 shows the fractions of the SCFA COD to the total SCFA COD. Samples
were taken from the feed tank to analyse the SCFA COD fractions. The figure illustrates
that 50 % of the total SCFA COD was due to acetic and iso-valeric acid and other
SCFAs contributed the remaining 50 %. Of the remaining SCFA, 28 % of the total
SCFA COD was contributed by the propionic acid. The SCFA COD of the wastewater
ranged from 11 to 23 % of the TCOD (average = 17.5 %). The SCFA COD fractions

changed during the storage period as well as in the feed tank.
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Figure 4.1 Short chain fatty acid fractions of the wastewater

A change in the wastewater SCFA COD fractions was observed during the retention
time (maximum 2 d) in the feed tank. Freshly collected wastewater was transferred to
the feed tank and samples were analysed for SCFA, TCOD and SCOD for two
consecutive days. Table 4.3 shows the variation in SCFA COD fraction in the
wastewater during the retention time in the feed tank. The SCFA COD fraction
increased from 11.2 % in the fresh sample to 17.2 % in the second day sample. The
increase in the SCFA COD fraction was probably from the fermentation of rapidly
hydrolysable COD in the wastewater. The growth of the anaerobic biomass was

reflected by the net increase in the particulate COD.

Table 4.3 Wastewater SCFA COD fraction changes in a 22 + 2°C controlled room

Time (d) | TCOD | Soluble COD Particulate SCFA SCFA
(mg L) (mgL™) COD(mgL™") | COD(mgL™ | COD/TCOD
0 1485 752 733 167 11.2
1 1629 692 937 240 14.7
2 1779 660 1119 306 17.2

4.4 Assessment of initial soluble and particulate inert COD
in the wastewater

A major drawback in the use of COD as a design parameter for carbonaceous
substrate is the fact that it includes, aside from a biodegradable fraction, all non-
biodegradable compounds that are also oxidised and quantified in the test. This
drawback is being overcome by new techniques that may be used separately to identify

biodegradable and inert (residual) COD fractions (Orhon & Artan, 1994). The total
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biodegradable COD is one of the key parameters in activated sludge design as it
indicates the magnitude of organic carbon potentially removable by biological means
from wastewater. A number of methods have so far been proposed for the estimation of
inert COD fractions in wastewater (Orhon et al., 1999a). They showed experimentally
that the assumption of a constant fgx coefficient defining the residual fraction of
endogenous biomass (Henze et al., 1987a) was not justified and they proposed a unified
procedure for the experimental assessment of inert COD fractions of wastewater, as
well as residual microbial products. A review of the soluble microbial products (SMP)

in wastewater treatment systems was given by Barker and Stuckey (1999).

The experimental procedure, (Orhon et al., 1999a) used to determine the influent
soluble and particulate microbial products is explained in Chapter III. Figures 4.2 — 4.4
show the COD profiles for the three parallel batch tests conducted in this study. Figure
4.2 indicates that the immediate removal of soluble COD from the glucose reactor was
slower than from the filtered wastewater reactor. This implies that the biomass from the
SBR was not acclimatised immediately in the media to remove glucose as a substrate.
All the reactors CODs stabilised after approximately 14 d. Table 4.4 shows the COD

fractions of meat processing wastewater. Calculations of inert COD fractions are shown

in Appendix A.
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Figure 4.2 SCOD profiles of the filtered wastewater and glucose reactor
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Figure 4.3 COD profiles of the filtered wastewater reactor

Time (d)

Figure 4.4 COD profiles o f the raw wastewater reactor

Table 4.4 COD fractions of meat processing wastewater

Parameter Reference
Cn S (Se)2 Su Ss; Xp2 Xn Ss/ Su/ | Se) | Xe X/
(mgL? | (mgL”" | (mgL?® | (mgL? | (mgL?") | (mgL?) | (mgL") | Cn | Cn ! Cnn | Cn
Cni
1072 656 233 388 6122 68.2 469 0.57 | 004 | 002 | 0.06 | 0.04 | Thisstudy
1941 674 86 63 611 157 120 031 | 003 | 001 | 0.09 | 0.06 Chang
(1999)
2600 1140 R 30 1110 - 305 043 | 0.01 - - 012 | Gorguner
al. (1995)
-1
C - Total COD of the wastewater, mg L
-1
Sty - Soluble COD of the wastewater, mg L
. . -1
(Sp)2 - Soluble COD due to microbial products, mg L

Su

- Influent inert soluble COD, mg L




61

NS - Influent soluble biodegradable COD, mg L
Xp2 - Particulate COD due to microbial products, mg L™
Xn - Influent inert particulate COD, mg L!

Influent soluble and particulate inert COD fractions were about 4 % each in the
wastewater. The results found in this study are similar to those of Chang (1999) but are
slightly different from those of Gorgun et al. (1995), however, their reported values
were for integrated meat processing wastewater. Germirli ez al. (1991) reported a
soluble inert fraction of 0.055 in terms of SCOD for meat processing wastewater. The
soluble biodegradable COD fraction was higher in this study compared to others. This
could be due to the higher percentage (61 %) of SCOD fraction found in the wastewater
used in this study compared to observed 35 % and 44 % in their wastewater
respectively. However, the average wastewater SCOD fraction was higher than 50 %
during this study similar to the values reported by Chang (1999). The higher fraction of
soluble biodegradable COD indicates the presence of a higher fraction of easily
biodegradable COD fraction in the wastewater.

Soluble and particulate microbial products of about 2 % and 6 % found in this study
are comparable to 1 % and 9 % reported by Chang (1999). The production of soluble
microbial products was less than the production of particulate microbial products. The
total inert SCOD in the wastewater and the soluble microbial products was 6 % of the
TCOD of the wastewater. Table 4.5 shows the fraction of biodegradable COD converted

into inert microbial products.

Table 4.5 Fraction of biodegradable COD converted into inert microbial products

Ysp fES Yxp fEX
This study 0.038 0.06 0.11 0.174
Chang (1999) 0.049 0.08 0.089 0.141
Gorgun et al. (1995) 0.04 0.06 - -
Where,
Ysp - fraction of biodegradable COD converted into soluble inert microbial products
Yxp - fraction of biodegradable COD converted into particulate inert microbial

products
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fEs - the fraction of soluble inert COD generated in biomass decay

fex - the fraction of particulate inert COD generated in biomass decay

The fraction of soluble and particulate inert microbial products generated in biomass
decay was similar to values reported by Chang (1999) and Gorgun et al. (1995). The
fraction of particulate inert COD fraction generated in the biomass decay was slightly
less than the recommended value of 0.2 in the Activated Sludge Model No. 1 (ASM 1)
(Henze et al., 1987a) for domestic wastewater. The total value of particulate and soluble
microbial inert COD fractions of 0.23 (0.06 + 0.17) was slightly higher than the
recommended value of 0.2 in the ASM 1. This constant value of 0.2 could be assumed
for meat processing wastewater in the activated sludge models where only constant
particulate inert fractions are generated due to the biomass decay. However, the
generation of particulate microbial products is wastewater specific (Orhon et al.,

1999a).

The production of soluble microbial products (SMP) and their identification will
vary in a treatment plant according to the influent strength, hydraulic retention time
(HRT), solids retention time (SRT), organic loading rate (OLR) and the physiology of
the microorganisms. The presence of SMP in the effluents from a biological treatment
processes is of particular interest in terms of achieving discharge consent levels for
BOD and COD. SMP also exhibit several characteristics, such as toxicity and metal
chelating properties, that affect the performance of the treatment system, and their
presence has also been shown to adversely affect the kinetic activity and flocculating
and settling property of the sludge (Barker & Stuckey, 1999). Therefore, the
identification of the SMP from meat processing wastewater treatment and minimising

their production is a fertile area for future research.

4.5 Readily biodegradable COD

Dold et al. (1980) recognised that the wide array of organic matter in wastewater
may be evaluated in two broad groups represented by markedly different rates of
biodegradation. This approach was further elaborated for the identification and the
mechanistic description of readily biodegradable and slowly biodegradable COD

components (Henze et al., 1987a, b).



63

The correct assessment of the readily biodegradable COD (RBCOD) in wastewater
is of great theoretical and practical significance. RBCOD is the only substrate
component directly related to microbial growth in current models, also it allows the
calculation of the other important COD fraction, namely the slowly biodegradable COD
(SBCOD), representing the bulk of the influent COD content. SBCOD is often the
critical model component for the modelling and design of an activated sludge system,

especially for industrial wastewater (Cokgor et al., 1998).

4.5.1 Conceptual basis

Almost all the methods proposed for the determination of readily biodegradable
organic matter rely on respirometric analysis of activated sludge behaviour. They
propose either oxygen uptake rate (OUR) measurements in dynamic systems (Ekama et
al., 1986) or OUR/nitrate utilisation rate (NUR) measurements in aerobic/anoxic batch
reactors (Ekama et al., 1986, Kappeler & Gujer, 1992; Kristensen et al., 1992; Sollfrank
& Gujer, 1991). Batch reactors are often preferred, because they are simpler to operate
and problems and interference inherently associated with reactor hydraulics could be

avoided (Cokgor et al., 1998).

The aerobic batch test consists of obtaining and evaluating an oxygen uptake rate
profile (OUR curve), with a pre-selected volume of wastewater (Vww) of known TCOD
strength being mixed with a pre-selected volume of mixed liquor (Vp) of known
MLVSS concentration in an aerated and stirred batch reactor. The aerobic batch
experiments rely on the assumption that the high OUR level in the first phase of the test
relates to the utilisation of the RBCOD initially present in the wastewater. The OUR is
expected to drop to a lower plateau correlated only to the hydrolysis of the slowly
biodegradable COD (Ekama et al., 1986). The current mechanistic explanation of the
activated sludge process, however, involves simultaneously occurring microbial
processes, as described by the endogenous decay or the death regeneration models
(Henze et al., 1987a; Orhon & Artan, 1994). Equation 4.1 may be used to find readily
biodegradable COD (Ss) from the OUR curve (Ekama et al., 1986).

. AS Vi ¥ Vaw
’ 1_fXYH VWW

(4.1)
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Where, Yy and fx are the heterotrophic yield coefficient and the ratio of biomass COD
to VSS. The term AS, is defined as the area above the second plateau of the OUR

profile, as indicated in Figure 4.5.
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Figure 4.5 Oxygen uptake rate profiles for meat processing wastewater

The same parameter may also be calculated from the N profile in an anoxic batch
reactor. In this test, the RBCOD (Ss) fraction of the wastewater sample is detected as
associated with the initial N utilisation rate. The amount of N consumed (AN; as shown
in Figure 4.6) due to the oxidation of Sg, corrected for the interference of the hydrolysed
substrate could be used to calculate the Sg content of the sample, by means of the

Equation 4.2 (Ekama et al., 1986).

286 Vwt Vi

Sy = ——— AN,
l_fon VWW

4.2)

4.5.2 Readily biodegradable COD measurement by batch OUR method

Henze (1992) describes the RBCOD fraction (Sg) as being limited to small
molecules of volatile fatty acids, carbohydrates, alcohol and amino acids, with a
molecular weight below about 1000. But in raw wastewater a fraction of the COD with
molecular weight below 1000 is not readily biodegradable but belongs to organic matter
that can be rapidly hydrolysed. The rapidly hydrolysable matter Sy, is described as that
which would be hydrolysed under aerobic conditions within a few hours, and a general

approximation for its estimation is given as:
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Sy = Total soluble COD - S;- Sg (4.3)
Three batch tests were carried out with an initial ratio of mass of COD with respect
to the mass of VSS approximately 1. The OUR profiles are shown in Figure 4.5. The
fxYy value was taken as 0.63 which was determined in other experiments in this study
(Chapter VI). Table 4.6 shows the percentage of the RBCOD together with rapidly

hydrolysable COD in terms of the TCOD of the wastewater.

Table 4.6 Wastewater COD fractions

Trial | TCOD | SCOD RBCOD Soluble Rapid

(mgLY) | (mgL”) (mgL™) inert COD | hydrolysable

(mg L) COD (mgL™)
Run I 850 | 480 (56%) | 146 (17.2%) | 34 (4%) 300 (35%)
Run II 1663 | 918 (55%) | 278 (16.7%) | 67 (4%) 573 (34%)
RunIll | 1462 | 940 (64%) | 238 (16.3%) | 58 (4%) 644 (44%)
Average | 1325 | 779 (59%) | 221 (16.7%) | 53 (4%) 506 (38%)

The RBCOD fraction was 15 - 18 % of the total COD, which was similar to the
reported value by Chang (1999). The RBCOD fraction was slightly higher than the 13
% reported by Gorgun et al. (1995) for integrated meat processing wastewater. Rapidly
hydrolysable COD was between 34 - 44 % which is slightly higher than the value of 28
% reported by Gorgun et al. (1995). Since the average SCOD of the wastewater was
about 54 % and the readily biodegradable and the inert COD fraction was 21 % (17+4),
the rapidly hydrolysable COD could be closer to 33 % of the TCOD. A summary of
COD fractions is shown in Figure 4.7.

The slowly hydrolysable COD was 42 % (583 mg L") of the TCOD (1390 mg LY.
The average VSS was 410 mg L™ as shown in Table 4.1. Therefore the ratio of slowly
hydrolysable COD to VSS was 1.42. This is exactly the same as the theoretical biomass
conversion factor (Orhon & Artan, 1994) and it could be assumed that most of the
slowly hydrolysable CODs were from organic origin. Since average SCFA COD was
17.5 % as previously reported in this study (Section 4.3), it could be assumed that
RBCOD:s are in the form of SCFA COD in this study. However, the exact relationship
between RBCOD and SCFA COD has to be determined in future studies. Typical
values of 10 — 15 % for readily biodegradable and 15 — 25 % for rapidly hydrolysable
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COD reported for domestic wastewater by Henze (1992) are slightly less than the

corresponding values in the meat processing wastewater in this study.
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Figure 4.6 Nitrate uptake rate profile for meat processing wastewater

Soluble inert COD 56 mg L™ —4 %

Readily biodegradable COD 236 mg L' — 17 %

Rapid hydrolysable COD 459 mg L™ — 33 %

Slowly hydrolysable COD 583 mg L™ — 42 %

Particulate inert COD 56 mg L™ — 4 %

Figure 4.7 Influent COD fraction (average TCOD = 1390 mg L)

4.5.3 Readily biodegradable COD measurement by batch NUR method
Average readily biodegradable COD determined by the NUR method was between

23 ~ 24 % of the TCOD in the three Trials. This higher fraction compared to the OUR

method could be explained by the lower yield coefficient in the anoxic condition than in
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the oxic condition (Cokgor et al., 1998; McClintock et al., 1988). The Anoxic yield
coefficient was calculated using the Equation 4.4 (Cokgor et al, 1998).

1-f,Y,p 1-142%Y,, 235
1-f,Y, 1-142%045 16.5

(4.4)

The anoxic yield coefficient (Yyp) was 0.34 g VSS (g COD)™! that is closer to 0.37
found for domestic wastewater by Cokgor et al. (1998). Orhon et al. (1996)
theoretically calculated the anoxic yield for domestic wastewater as 0.5 g-cell COD (g
COD)" on the basis of energetic considerations. The aerobic and anoxic yield
coefficients were 0.50 and 0.27 g VSS (g COD)! on synthetic wastewater (McClintock
et al., 1988).

Measurement of oxidised nitrogen (NO; — N + NO, — N) or NO; — N did not yield
acceptable results when coupled with appreciable NO; — N accumulation in the course
of the experiment. In such cases, the electron equivalence of the RBCOD consumption

is best satisfied by the following equation (Henze, 1986; Sozen et al., 1998).

N=NO; -N+0.6NO;, —N 4.5)
The two different RBCOD fractions were confirmed by the parallel OUR and NUR
tests. OUR and NUR profiles are shown in Figures 4.8 and 4.9 in a parallel OUR and
NUR test. The RBCOD fractions were 15.7 % and 23.7 % by OUR and NUR methods
respectively. The NUR profiles were sometimes observed to be non-linear possibly due to a
sudden release of phosphorus when the pH was adjusted. This observed phenomenon

will be discussed further in Chapter VI.
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Figure 4.8 OUR profile of a parallel OUR and NUR test in meat processing wastewater
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Figure 4.9 NUR profile of a parallel OUR and NUR tests in meat processing wastewater

Specific nitrogen uptake rates related to RBCOD, slowly biodegradable COD and
endogenous respiration were 10 - 12 mg N (g VSS.h)", 1.2 - 42 mg N (g VSS.h)" and
0.5 — 0.7 mg N (g VSS.h)"' respectively at room temperature (22 + 2°C). These
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denitrification rates are within the maximum rates achievable with different carbon
substrates such as wastewater and endogenous biomass at 20°C reported by Henze
(1991). The denitrification rates of RBCOD and slowly biodegradable COD are
comparable to the rates of 5.3 ~ 10.5 and 2 — 2.8 mg NOx — N (g VSS.h)" observed by
Bickers and Van Oostrom (2000) for stick water, paunch liquor, slaughter floor
wastewater, and dilute blood. A maximum denitrification rate of 10 - 12 mg N (g VSS.
h)? was obtained when acetate was used as the substrate instead of meat processing

wastewater.

4.6 Summary

The conventional pollution parameters concentrations were in the range of, or close
to, the concentrations reported for the New Zealand meat processing industries. SCOD,
PO4 — P and NH; — N were found to be more than 50 % of the TCOD, TP and TKN
respectively. The ratios of TCOD:TKN and TCOD:TP were 9.6 and 40.6 respectively.

The average COD exerted by carbohydrate, protein and fat were 5, 44 and 51 % of
the average TCOD respectively. The inert soluble and particulate COD fractions were 4
% each. The fraction of particulate inert COD generated by the biomass decay was 0.17.
The wastewater contained 15 - 18 % of RBCOD. The rapidly hydrolysable COD of the
wastewater was 33 % of the TCOD. The SCFA COD varied from 11 % to 23 % of the
TCOD. Of the RBCOD of the meat processing wastewater more than 65 % was SCFA
COD. Acetic and iso-valeric acids contributed 50 % of the total SCFA COD. The
RBCOD found by the NUR method was higher than that found by the OUR method
possibly due to a lower anoxic yield coefficient. The anoxic yield coefficient was 0.34 g

VSS (g COD)™.

Specific nitrogen uptake rates related to RBCOD, slowly biodegradable COD and
endogenous respiration were 10 — 12 mg N (g VSS.h)*, 1.2 — 4.2 mg N (g VSS.h)" and
0.5 — 0.7 mg N (g VSS.h)"! respectively.
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CHAPTER V

PERFORMANCE OF SEQUENCING BATCH REACTOR

5.1 Introduction

The characteristics of the primary treated meat processing wastewater for aerobic
bio treatment were discussed in Chapter IV. The conventional pollution parameters such
as COD, TKN, TP, and NH3; — N for the meat processing wastewater in this study were
in the range of, or closer to, the characteristic values reported for the New Zealand meat
processing industries by Cooper and Russell (1991). The TCOD:TKN:TP ratios of
100:10.4:2.5 determined for the meat wastewater indicate that N and P could not be
removed only by biomass growth coupling. Hence enhanced nutrient removal
technology is needed to treat the wastewater. As discussed previously in Chapter II,
Sequencing Batch Reactor (SBR) technology has been developed and used in recent
years for simultaneous organic carbon and nutrient removal (Keller et al., 1997). Prior
to treatment using an SBR, pre-treatment by anaerobic pond has been employed for
organic carbon rich wastewaters to reduce the aeration requirement (Subramaniam et
al., 1994). As the meat processing wastewater used in this study has a COD of 1390 mg
L' on an average, pre-treatment is probably not required. For effectively removing
combined organic carbon and nutrient using an SBR the operating conditions should be
properly manipulated to introduce anaerobic, anoxic and aerobic conditions into a time

cycle.

In this chapter establishment of an effective operating cycle for the treatment of
simultaneous removal of organic carbon and nutrient from primary treated meat
processing wastewater is discussed. Hydraulic retention time (HRT), dissolved oxygen
(DO) concentration in the mixed liquor and different periods of operating phases were

investigated to establish the effective operating cycle.

5.2 Performance of the SBR during Run |

Start up of the SBR is explained previously in Chapter III. Selection of solids
retention time (SRT) is important in a nutrient removal activated sludge plant. In the
activated sludge plant autotrophic biomass is usually a small fraction of the total
biomass and it is dominated by heterotrophic organisms. The selection of SRT,

therefore, relies on the autotrophs being maintained in the treatment system. The
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minimum required sludge age to prevent the washout of nitrifiers from the reactor is
given by Equation 5.1 (Orhon & Artan, 1994). Values for the maximum specific growth
rate of autotrophs in mixed cultures oxidising NH; — N under optimal conditions in the
laboratory have been reported in the literature to be in the range from 0.34 to 0.65 d”*
for domestic wastewater (Henze et al., 1987a,b). However higher values between 0.65 —
0.8 d"' were determined as the maximum specific growth rates of nitrifiers in meat

processing wastewater in this study (Chapter VI).

SRT > — .1)

Mraxa — b,

where .. , is maximum specific growth rate of autotrophs and b, is decay rate of

autotrophs. The SRT of 15 d was selected in this study with minimum safety factor of

1 1

1.2 ( - — X
fraction of aeration (0.34-0.15)

~12.5). Where fraction of aeration period in

the cycle time, w4, , and b, were taken as 0.42, 0.34 d! and 0.15 d”' respectively. A

higher SRT value of 20 d was used by Subramaniam ez al. (1994) to treat meat
processing wastewater. The HRT was kept at 1.5 d during Run . Dissolved oxygen was
not controlled at a particular concentration and the air-flow rate was less than 4.8 L air
(L volume.h)” during this run. The influent feed time was 0.5 h. During this run the
reactor was placed in a controlled temperature room at 22 + 2°C. The operating phases

of the SBR are shown in Table 5.1.

Table 5.1 Operating cycle of Run I (6-h cycle)

Reactor Sequence Time (h)
Fill and non-aerated mix 2.0
Aerated mixed react 1 1.5
Non-aerated mixed react (anoxic) 0.5
Aerated mixed react 2 1.0
Settle 0.50
Decant and Idle 0.50

During the initial period excess foam was observed in the reactor during aeration.

Foamrose up to the lid of the SBR and created a short circuit in the level controllers.

Figure 5.1 shows the influent and effluent COD profiles during this run. The organic
loading rate (OLR) on a volumetric basis was 1 kg COD (m’.d)"". The OLR was above
the recommended rate of 0.60 — 0.70 kg COD (m’.d)" for activated sludge systems
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treating slaughterhouse wastewater (Johns, 1995). The effluent SCOD was between 5 —
12 % of the influent TCOD. The total effluent inert SCOD was expected to be about 6
% (originating both from wastewater and biomass). The occasional poor performance of
the SBR might have been due to the loss of biomass with the effluent from previous
cycles due to filamentous bulking. Microscopic observation after Gram staining of the
sludge smear confirmed the abundant of Gram negative filaments. Filamentous bulking
in activated sludge plants could be due to one of the five major causes (i) low F/M (or
equivalently long sludge age) conditions (ii) low DO in the aeration tank (iii) septic or
high sulphide influent (iv) low pH and (v) nutrient deficiencies (Jenkins et al., 1993).
Although the SBR received high organic loaded wastewater which favours the floc
formers rather than the different types of filaments the prevalence of inadequate DO in
the reactor might have been a reason for the filamentous bulking observed during this

run (Chiesa & Irvine, 1985).
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Figure S.1 Influent and effluent COD during Run I

With sludge bulking, the reactor operation was disturbed occasionally by one of the
following causes, 1. Problems in aeration control 2. Problems in flow controls due to
failure of pumps 3. Clogging of feed tubes 4. Failure in solenoid valves for controlling
decant and sludge waste 5. Short circuits in level controls. Later, most of the operational

problems were identified and corrective actions were taken.
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Figure 5.2 shows the N and P concentrations variation in the influent. Figure 5.3
shows the variation in N and P concentrations in the effluent. The effluent TKN and
NH3 — N concentrations increased with time and showed incomplete nitrification. High
values of NH; — N might have been due to inadequate aeration coupled with higher
OLR. Concentration of NO; — N was greater than NO; — N in the effluent much of the
time. This could have been due to inhibition of NO, — N oxidation by inadequate
aeration and/or high OLR (Van Loosdrecht & Jetten, 1998). When effluent equivalent
concentration of NO3; — N (0.6NO, — N plus NO3; — N) was above 7.41 mg L'l, the
effluent PO, — P concentration was also above 10 mg L™ and showed no enhanced
biological phosphate removal (EBPR). This indicates that the wastewater RBCOD was
not enough for combined N and P removal when the effluent NO; - N was above 7.4

mgL™.
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Figure 5.2 Influent N and P during Run I
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Figure 5.3 Effluent N and P during Run I

Steady state in a treatment system can be defined as the situation where, the effluent
characteristics such as soluble COD, NH; — N, NO, — N, NO; — N and PO; — P
concentrations remain constant with time. SBR systems necessarily are dynamic, and
the concept of steady state is not relevant. However, if we operate an SBR system with
a fixed influent loading, the SBR system will attain a quasi "steady state" (the input
could be either a Constant Input or a Variable Input). That is, the mixed liquor VSS
at the end of aeration, effluent soluble COD, NOs; — N and PO4— P concentrations would
be repeated identically from cycle to cycle, where the term "cycle" refers to the longest
cycle in the dynamic system (not necessarily the cycle time of the SBR). For example,
the cycle time of a Variable Input influent element typically would be 24 hours, and this
would be the quasi steady state cycle time (provided of course that the SBR cycle time
is less than 24 hours which usually is the case). A general guideline for the time a
dynamic system takes to reach a quasi "steady state" is three to four times the longest
time constant in the system (Ky et al., 2001). In the case of SBR systems usually the
longest time constant will be the SRT (or sludge age).

Figure 5.4 shows the TSS and VSS concentrations in the effluent. Occasionally the
TSS and VSS concentrations reached above 100 mg L. High effluent solids
concentration may be due to the dispersed growth observed in the sludge smear by
microscope. The mixed liquor VSS and TSS increased steadily for up to 50 d. Due to
the occasional escape of high concentration of biomass with effluent, the SBR system

did not reach a quasi steady state.
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Figure 5.4 Influent, effluent and sludge solids during Run I

Figure 5.5 shows soluble COD, NH; — N, NO, — N, NOs; — N and PO, — P profiles in
a cycle study after 2 months’ operation of this run. Influent TCOD, TKN, NH3 — N and
PO, — P were 1506, 160, 80 and 20 mg L™ respectively. The COD and N removal
efficiencies were greater than 93 and 87 % respectively from this cycle study. The COD
and N removal efficiencies were calculated using the Equations 5.2 and 5.3. Phosphorus

profile during the cycle shows no enhanced biological P uptake or release.

(TCOD,, —SCOD,;)
TCOD,,

% COD removal efficiency = x 100 (5.2)

(TKN +NO, ~N)., —(NH, ~N+NO, —-N)
(TKN + NO, - N), ,

% N removal efficiency = T %100 (5.3)
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Figure 5.5 SCOD, N and P profiles in a cycle study during Run I

Figure 5.6 shows the DO and pH profiles during this cycle. The DO was less than
1.0 mg L', which shows that there was inadequate aeration to biodegrade the slowly
biodegradable COD and to prevent the filamentous bacteria growth (Travers & Lovett,
1984). The pH during the anoxic/anaerobic period increased probably due to
denitrification and an increase in NH3; — N due to anoxic/anaerobic hydrolysis (Henze,

2002). During the aerobic period pH reduced. This is attributed to nitrification.
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Figure 5.6 DO and pH profiles in a cycle study during Run I

5.3 Performance of the SBR during Run Il

In this run, the HRT was increased to 2.5 d and the DO concentration in the mixed
liquor was controlled. The airflow rate was controlled between 4.8 and 6 L air (L
volume. h)™. The influent feed time was 20 minutes. The operating cycle for this run

was as shown in Table 5.2.

Table 5.2 Operating cycle of Run I1 (6-h cycle)

Reactor Sequence Time (h) DO (mg L")
Fill and non-aerated mix 2.0 0.0
Aerated mixed react 1 1.5 2.5+0.25
Non-aerated mixed react (anoxic) 0.5 0
Aerated mixed react 2 1.0 2.5%£0.25
Settle 0.75 0
Decant and Idle 0.25 0

Figure 5.7 shows the cycle study results after one week with HRT of 2.5 d. During
this cycle study the OLR was 0.63 kg COD (m>.d)" which is within the recommended
design value. Influent TCOD, TKN, NH; — N and TP were 1570, 160, 110 and 27 mg L
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! respectively. The COD, N and P removal efficiencies were 88, 96 and 83 %

respectively.
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Figure 5.7 SCOD, N and P profiles in a cycle study during Run IT

Within the first half an hour of the first aerobic period there was no significant
oxidised nitrogen (NOx — N) concentration observed. An increase in NOx — N was
observed after half an hour of aeration. The average nitrification rate during the first
aerobic period was 1.65 mg NOx — N (g VSS.h)"! and this is comparable to the
nitrification rate of 1.97 mg NOx — N (g VSS. h)" reported for meat processing balance
pond effluent by Bickers (1996a). The NOx — N carry over from the previous cycle was
denitrified rapidly during the feed time. The average denitrification rate was 2.07 mg
NOs — N (g VSS.h)" during the initial half an hour of the anaerobic/anoxic period. The
initial denitrification rate was less than the maximum denitrification rate in the presence
of RBCOD and was comparable to the denitrification rate when only slowly
biodegradable COD was present. During the anoxic period 0.82 mg L' NOx — N was
denitrified at the rate of 0.71 mg NOs — N (g VSS.h)". This anoxic denitrification rate
was slightly higher than the endogenous denitrification rate determined from batch tests
in this study. This indicates that most of the biodegradable COD was consumed before
the anoxic period. Effluent NH; — N was less than 0.2 mg L™ indicating a complete
removal of NH; — N.

Lakay et al. (1999) observed that filamentous organisms proliferate in systems with

sludge exposed to altemating anoxic and aerobic conditions in which NO3 and/or NO,
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exceeded 5 or 1 mg N L' and are present throughout the anoxic period. Nitrite N
concentration was above 1 mg L™ in the anoxic period of this cycle study, indicating
possible proliferation of filamentous organisms. The proliferation of filamentous

bulking did occur occasionally during this run.

Figure 5.8 shows the pH profile during this cycle study. The pH was less than 7.4.
According to the chart provided by Anthonisen et al. (1976) for determination of
unionised NH3 — N concentrations, less than 2 % of free NH3; — N was expected in the
reactor. Since low NH; — N was present in the reactor (up to 8 mg L), the loss of N due
to NHj3 volatilisation could be assumed to be negligible (Philips & Verstraete, 2001). A
mass balance on influent N removal showed about 37.3, 33.5 and 21.1 % of influent N
was removed by denitrification, simultaneous nitrification and denitrification (SND)

and assimilation respectively.
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Figure 5.8 pH and DO profiles during a cycle study during Run II

The P profile in Figure 5.7 shows the P release and uptake during the anaerobic and
aerobic periods respectively. The average P release of 2.85 mg P (g VSS.h)! was
observed in the first one and a half hours of the anoxic/anaerobic period and an average
uptake rate of 3.33 mg P (g VSS.h)' was observed in the first aerobic period. The
anoxic P uptake rate was 0.84 g P (g VSS.h)" which shows a reduced level of about 25
% of the aerobic uptake (Henze et al., 1999). The sludge P content was 2.6 % of VSS at
the end of the aerobic period, which suggests EBPR (Orhon & Artan, 1994, Leonard,
1996).
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Phosphorus uptake continued during the anoxic period. Bio-P bacteria might have
used NO;j as an electron acceptor for their growth instead of oxygen (Kuba et al., 1993).
Denitrification by bio-P bacteria does not require an external carbon source instead they
use stored carbon in the anaerobic period. Hence they reduce the requirement of COD

needed for denitrification (Comeau et al., 1987; Gerber et al., 1987).

Figure 5.8 also shows the DO profile during this cycle study. DO profile shows the
intrusion of DO into the anoxic period. This might have caused the reduced anoxic
activity of the microorganisms. The pH increased in the SBR during the fill period and
this was probably due to influent alkalinity as well as by rapid denitrification. However
the observed decrease in the pH toward the end of the anoxic/anaerobic period was
probably due to P release (Henze, 2002). The pH increased immediately after the
aeration started, presumably due to stripping of CO; from the tank. However, net
decrease in the pH toward the end of first aerobic period may be because of nitrification.

During the anoxic period the pH increased as denitrification progressed.

The characteristics of the influent and the effluent from continuous operation of the
SBR at this operating condition are shown in Figures 5.9 and 5.10. The influent
wastewater characteristics were less than the average wastewater characteristics of this
study. The effluent wastewater characteristics showed no quasi steady state, which was
probably because the biomass escape through the effluent due to filamentous bulking.
Occasionally some pinpoint flocs were also observed from microscopic observation.
The effluent SCOD was within 5.8 — 10.1 % of the influent TCOD. The effluent NH; —
N concentration was above 7 mg L indicating incomplete nitrification. The effluent
PO, — P as well as NO; — N was below 5 mg L. The effluent alkalinity was lower than
the influent alkalinity but above 100 mg L™ (CaCO3). COD, N and P could be removed
under the operating conditions of Run II but the performance could not be maintained

for a long period because of the occasional escape of biomass.
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5.4 Performance of the SBR during Run Il (Centrifuged wastewater)

In Run III centrifuged wastewater was treated in a 10 L SBR. The operating cycle
was the same as that shown in Table 5.2 except that the DO concentration was
controlled between 2.0 = 0.25 mg L. The influent feed time was 7 minutes. The
centrifuged wastewater was obtained by centrifuging the primary treated meat
processing wastewater at 6000 G for 0.25 h (Sorvall GS3 rotor, RC5C centrifuge,
Dupont, USA). The OLR on volumetric basis was between 0.21 - 0.28 kg COD (m’ .d)’1

which is below the recommended design value.

The influent and effluent characteristics are shown in Figures 5.11 and 5.12. The
influent COD reduced with time in the feed tank. The influent NH3 — N in the feed also
increased and TKN remained approximately constant, suggesting that NH; — N was
produced due to hydrolysation in the storage tank. During this run the wastewater
storage refrigerator temperature was slightly higher than 4°C, which might have
resulted in increased anaerobic activity. The influent COD:TKN ratio was between 5.8 —
7.8 which is below the ratio of 8 suggested for denitrification (Keller ez al., 1997). The
effluent characteristics improved during the first three weeks, but the effluent pH and

alkalinity decreased with time (data not shown).
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Figure 5.11 Influent centrifuged COD, N and P profiles during Run III



&3

o
o
SCOD (mg L™)

Nand P (mg L%

0 10 20 30 40 50
Time (d)

Figure 5.12 Effluent SCOD, N and P profiles during Run III

Good sludge settling was observed but the reactor failed to operate well for a
prolonged period due to unfavourably low pH in the reactor. When the centrifuged
wastewater contained less than 250 mg L' CaCO; alkalinity, the pH and the alkalinity
during this run dropped below 6.3 and 10 mg L CaCO; alkalinity respectively. The
reduced pH and the alkalinity were probably due to nitrification and reduced
denitrification activity due to low COD:TKN ratio in the centrifuged feed. The gain of
alkalinity by NH3 — N release during hydrolysis (Henze et al., 1999) of the particulate
organic matter in the SBR was eliminated in the centrifuged wastewater. This could also
be a reason for the reduced alkalinity and the pH in the effluent. According to Dold and
Marais (1987) nitrification, when it occurs, is the biological process with the largest
impact, to the extent that the magnitude of the alkalinity change can cause a decrease in
pH values to as low as 4. The alkalinity of the wastewater was then increased by the
addition of 1M Na,COs (2ml / L wastewater) on the 21% day. Later, the alkalinity was
not adjusted and the performance of the reactor declined. The effluent NO3; — N
increased (accumulated) probably due to insufficient RBCOD in the feed for sufficient
denitrification in a cycle. The effluent NO; — N and PO, — P were above 10 mg L™ in 42
d. Due to the failure of the centrifuge, the reactor was continuously operated with low
COD wastewater with occasional alkalinity adjustment to see the performance of the
SBR.

The SBR’s performance is shown in Figure 5.13. During this cycle the TCOD, TKN
and TP of the influent were 365 mg L™, 88.5 mg L™ and 9.3 mg L, respectively. The
SCOD in the effluent was about 40 mg L. The effluent SCOD was about 10.9 % of the
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influent TCOD. Effluent NH; — N was greater than 2.0 mg L', which indicates
incomplete nitrification. Part of NO; — N carried over from the previous cycle was
denitrified using the RBCOD available in the feed. The nitrogen mass balance showed
that 80 % of influent N was removed by denitrification during the initial anoxic period.
Only 4 % of influent N was removed by SND and the remaining 10 % of the influent N

was incorporated into the biomass and 6 % was in the effluent.

Figure 5.13 also shows the NO3; — N and NO, — N profiles. The NO, — N was not
significantly changed during the cycle. However, the NO3; — N dropped during the feed
cycle due to dilution and denitrification. After the end of the feed cycle, a faster
denitrification rate of 11.93 mg NO; — N (g VSS.h)' and during the remaining
anoxic/anaerobic period a slower denitrification rate of 1.98 mg NO; — N (g VSS.h)?
were obtained from the profiles. These denitrification rates are similar to the rates found
by batch tests on readily and slowly biodegradable COD of the wastewater in this study.
The PO, — P concentration did not change much throughout the cycle. This revealed that
there was minimal biological P activity. Phosphorus balance during this cycle study

revealed that the P removal by precipitation was negligible.
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Figure 5.13 Soluble COD, N and P profiles in a cycle study during Run III
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Figure 5.14 shows the DO and pH profiles. The DO profile shows the intrusion of
DO into the anoxic period, which might have reduced the anoxic activity. The intrusion
of DO during the settling period indicates that DO has to be controlled at a low level
before the settling period to prevent the DO from carrying over to the subsequent
anoxic/anaerobic cycle. The pH profile shows an increase in pH during the initial anoxic

period because of denitrification and an increase in NH3 — N.

pH
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Figure 5.14 DO and pH profiles in a cycle study during Run III

5.5 Performance of the SBR during Run IV

Based on the results from the previous runs, the operating conditions for Run IV
were determined according to the following. (1) DO before the anoxic and settling
periods must be kept low to prevent DO intrusion into the anoxic phase as well as into
the anoxic/anaerobic phase of the subsequent cycle. (2) Solids in the influent could
enhance the alkalinity as well as COD:TKN ratio in the reactor. Travers and Lovett
(1984) reported that at low DO (< 0.5 mg L), fat degradation was inhibited (56 %
removal), leading to poorly settling sludge (sludge volume index (SVI) > 250 ml/g)
with a high fat content and an excessive number of filamentous microorganisms. They

also reported that in contrast to low DO, high DO concentrations (up to 4 mg L)
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correlated with rapid fat degradation (90 % removal), better settling sludge and fewer
filamentous organisms. Miinch et al. (1996) found that the DO concentration must be
kept low to achieve SND and at about 0.5 mg L™ the nitrification and the denitrification
rates were equal. Considering all these factors, the operating conditions for Run IV were
set as shown in Table 5.3. The influent feed time was 8 minutes. The SRT and the HRT
were kept at 15 d and 2.5 d respectively.

Table 5.3 Operating cycle of Run IV (6-h cycle)

Reactor Sequence Time (h) DO (mg L")
Fill and non-aerated mix 2.0 0.0
Aerated mixed react 1 1.0 0.5%0.25
Non-aerated mixed react (anoxic) 0.5 0
Aerated mixed react 2 1.0 3.75+0.25
Aerated mixed react 3 0.5 0.5+0.25
Settle 0.75 0
Decant and Idle 0.25 0

The wastewater characteristics during this run are shown in Figures 5.15 — 5.16. The
OLR was between 0.56 — 0.72 kg COD (m®.d)'which is within the recommended
design value. The TCOD:TKN and TCOD:TP ratios were 9 and 46 respectively. These
ratios were adequate to remove N and P simultaneously by biological process alone in

this study.

The ratio of the effluent SCOD to the influent TCOD was between 0.05 — 0.07. This
ratio is similar to the total inert SCOD of wastewater origin (4 %) and biomass origin (2
%) as discussed in Chapter IV. These results suggest more than 99 % of biodegradable

SCOD was removed under these operating conditions.

Effluent NH3 — N was less than 0.6 mg L’l, which indicates greater than 99 % NH; —
N removal from the system. Effluent and anoxic NO3 — N and NO; — N was less than 5
and 1 mg L™ respectively during the experiments. The measured SVI was within 100 —

200 ml (g TSS)™ as shown in Figure 5.17, indicating good sludge settling.

The effluent PO4— P was less than 0.1 mg L™ in this run yielding more than 99 % of
P removal. The reduction of the VSS:TSS ratio from the anaerobic stage to the end of

the aerobic stage (Figure 5.17) may be explained by the release of P during the
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anaerobic period and P storage in the aerobic stage with little change in the biomass
concentration. The influent TSS of 480 — 655 mg L was reduced to 11 — 45 mg L™ in
the effluent. This shows more than 90 % of TSS removal.
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Figure 5.15 Influent COD, N and P profiles during Run IV
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Figure 5.16 Effluent SCOD, N and P profiles during Run IV
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Figure 5.17 VSS to TSS ratio at the end of the anaerobic and aerobic phases
during Run IV

Figure 5.18 shows COD, N and P profiles in a cycle study after the system reached a
quasi steady state (where mixed liquor VSS, effluent soluble COD, NO3; — N and PO4 -
P were relatively stable). The calculated SCOD was above 200 mg L™ after the influent
feeding time, but the observed SCOD was only 133.9 mg L. This is probably due to
adsorption or absorption and storage (Van Loosdrecht ez al., 1997). The ratio of effluent
SCOD to the influent TCOD was 0.06. This ensured complete removal of the
biodegradable SCOD. The anaerobic hydrolysis rate could be assumed to be very low as
only a slight increase in NH; — N concentration was observed during the
anoxic/anaerobic period. The effluent NH3 — N concentration was slightly higher than at
the end of the aerobic period. This might be due to the resynthesis of NH; — N from
NOs — N or hydrolysis of N from endogenous biomass (Henze, 2002). The NO; — N and
NO; — N were less than 1 and 5 mg L™ respectively during the anoxic phase and good

settling of sludge was observed. This is in line with the results of Lakay ez al. (1999).
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Figure 5.18 Soluble COD, N and P profiles in a cycle study during Run IV

The pH (Figure 5.20) was between 6.9 - 7.6 during this cycle, therefore less than 2
% of free NH; — N was expected in the reactor (Anthonisen et al., 1976). Since low NHj3
— N was present in the reactor (12 mg L), the loss of N due to NH; volatilisation could
be assumed negligible (Philips & Verstraete, 2001). During the first aerobic period 8.18
mg L' NH; — N was removed, however only 1.87 mg L”' NOx — N was formed. This
indicates that most of the N was removed by SND. The low DO concentration of 0.5
0.25 mg L™ during first aerobic period permitted SND. This result is similar to that
reported by Miinch et al. (1996). During the anoxic period NH; — N was formed at an
average rate of 0.33 mg NH; — N (g VSS. h)"' due to anoxic hydrolysis, and the NO; —
N was denitrified at the rate of 0.63 mg NO3; — N (g VSS. h)'. The denitrification rate in
the anoxic period is comparable to the endogenous denitrification rate. This shows that
most of the biodegradable COD was removed prior to this period. Figure 5.19 shows N
balance in this cycle study. The N balance revealed that 25.8 % of influent N was
removed by denitrification during the anoxic periods and 43.3 % was removed by SND-

probably in the initial aerobic period.
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Figure 5.19 N balance in a cycle study during Run IV
A higher percentage of SND indicates that the reactor operation is efficient. A

considerable amount (about 27.9 %) of influent N was in the sludge waste. The influent

NH; — N was reduced from 101.8 mg L™ t0 0.57 mg L™ in the effluent.

The PO4 — P in the influent was 13.3 mg L'l, which was reduced to 0.11 mg L' in
the effluent, that is greater than 99 % of PO4 — P removal in the system. The maximum
P release rate was 11.4 mg P (g VSS.h)"! in the anoxic/anaerobic period and the highest
P uptake rate was 4.78 mg P (g VSS.h)" in the first aerobic period. The P uptake rate
during the first aerobic period was 3.55 mg P (g VSS.h)". The anoxic P uptake rate was
2.14 mg P (g VSS.h)" which is about 60 % of the aerobic P uptake rate and is similar to
the level suggested in Activated Sludge Model 2d (Henze et al., 1999). The anoxic P
uptake reduces the oxygen as well as the COD required for N removal. The measured
sludge P content at the end of the aerobic period (4.58 %) confirms EBPR (Arun et al.,
1988; Orhon & Artan, 1994).

The alkalinity profile during this cycle is shown in Figure 5.20. The alkalinity
during the anoxic/anaerobic period increased probably due to removal of fermentation
products during P release. During the initial aeration the alkalinity was reduced and this
is attributed to nitrification. During the anoxic/anaerobic period even though the
alkalinity increased, the pH decreased (Figure 5.20). This is probably due to CO;
increase in the mixed liquor. The reverse phenomenon occurred during the aerobic
period when alkalinity decreased and pH increased as the CO; concentration decreased
in the mixed liquor due to CO; stripping from the reactor (Dold & Marais, 1987). The

increase in the CO; concentration in the mixed liquor is due to fermentation, partial
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functioning of the TCA (tricarboxylic acid) cycle and utilisation of glycogen for energy
production during PHB formation (Henze, 2002; Hesselmann e? al., 2000). During the

anoxic period the pH and alkalinity increase during denitrification.

Total suspended solids were reduced from 505 mg L™ in the influent to 33 mg L™ in
the effluent giving 94 % removal. Figure 5.21 shows a typical oxygen uptake rate
(OUR) profile during one cycle. The initial OUR was 25 mg O, (g VSS. h)'. This high
value suggests rapid RBCOD utilisation immediately after the aeration started. During
the anoxic/anaerobic period most of the RBCOD in the influent would have been used
up for denitrification and during P release. The second level of the OUR profile was 17
mg O, (g VSS. h)! which is attributed to the slowly hydrolysable COD. The third lower
level was observed at about 7.5 mg O, (g VSS. h)', which is probably due to the
utilisation of storage compounds during maintenance (Brdjanovic et al., 1998b). The
higher DO concentration between 3.75 + 0.25 mg L™ increased the rate of degradation
of slowly biodegradable COD as suggested by Travers and Lovett (1984). The
prolonged aeration under starvation conditions might have helped to achieve good
settling sludge. This was also reported by Wilderer et al. (2001). The third aerobic

phase at a low DO of 0.5 mg L™ ensured complete removal of NH; — N and enhanced

denitrification.
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Figure 5.20 Alkalinity and pH profiles in a cycle during the Run IV
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Figure 5.21 Typical oxygen uptake rate profile during Run IV

5.6 Summary

In Run I low DO concentration in the mixed liquor resulted in proliferation of
filamentous bacteria. Inadequate aeration coupled with high OLR of 1 kg COD (m>.d)™
caused incomplete nitrification. High OLR and inadequate aeration inhibit the nitrite
oxidation. The COD and N removal efficiencies achieved were 93 and 87 %
respectively in Run I. The RBCOD content of the meat processing wastewater was

insufficient for combined N and P removal when effluent NOs; — N was above 7.4 mg L.

The operating conditions in Runs II and III did not allow near neutral pH to be
maintained. The first aerobic period of one hour and a half at DO level of 2.5 + 0.25 mg
L™ appeared to have reduced the anoxic activity in these runs. Anoxic P uptake was
observed in Run II but the uptake rate was only 25 % of the aerobic P uptake rate. The
concentrations of NO; — N and NO, — N were above 5 and 1 mg L™, respectively during
the anoxic period, and proliferation of filamentous bacteria was observed. COD, N and
P removal efficiencies of 88, 96 and 83 % were achieved during this run. However, the
performance could not be maintained for a long period because there was occasional

biomass escape.

In the centrifuged wastewater treatment, there was a net loss of alkalinity during

nitrification and denitrification. It appears that the alkalinity consumed during
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nitrification was only partially recovered during denitrification. The overall
performance in terms of organic carbon, N and P removal was also poor. Alkalinity in
the effluent was decreased below 10 mg L' as CaCO;. Incomplete nitrification was
observed during this run. The DO concentration at 2 + 0.25 mg L during the second
aerobic period resulted in carry over of DO into the subsequent cycle’s anoxic/anaerobic

period.

The operating conditions in Run IV were suitable for simultaneous biological
nutrient and COD removal from meat processing wastewater with the SRT of 15 d and
HRT of 2.5 d. The effluent SCOD was found to be non-biodegradable as reflected by
the fact that there was no further SCOD removal following prolonged aeration. The TN
in the wastewater was reduced to less than 10 mg L', while the TP decreased from a
range of 20 - 40 mg L' in the wastewater to less than 1.0 mg L Removal of
biodegradable SCOD, NH; — N and PO, — P of greater than 99 % was achieved in the
SBR. The N balance revealed that 25.8 % of influent N was removed by denitrification
during the anoxic period and 43.3 % was removed by SND probably in the initial
aerobic period. A considerable amount (about 27.9 %) of influent N was present in the
sludge waste. Total suspended solids were reduced from 505 mg L™ in the influent to 33
mg L in the effluent giving 94 % removal. The maximum phosphate uptake rate was
4.78 mg P (g VSS.h)" while the average aerobic phosphate uptake rate was 3.55 mg P
(g VSS.h)'. The average anoxic phosphate uptake rate was 60 % of the aerobic
phosphate uptake rate. The OUR related to RBCOD, slowly biodegradable COD and
the biomass storage compounds were 25, 17 and 7.5 mg O, (g VSS.h)"'. Mixed liquor
pH was decreased during nitrification and anaerobic P release but increased during

denitrification. Alkalinity in the mixed liquor increased during the anaerobic period.
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CHAPTER VI

KINETIC CHARACTERISATION OF WASTEWATER

6.1 Introduction

The development of an effective SBR operating cycle to treat meat processing
wastewater for simultaneous COD and nutrient removal was discussed in Chapter V.
The results from the effective cycle showed a removal of more than 99 % of soluble

biodegradable organic carbon, NH3; — N and PO4 — P.

The use of mechanistic models such as the ASM 1 and ASM 2 is a key tool for
finding potentially feasible solutions in designing a treatment system for the removal of
organic carbon and nutrients. Realistic prediction from these models, however, requires
the key kinetic and stoichiometric parameters specific to the wastewater. The default
parameters given in the ASM 1 and ASM 2 are specific to domestic wastewater. These
parameters have to be determined for meat processing wastewater for prediction of
biological organic carbon and nutrient removal in the SBR. Also, characterisation of the
wastewater gives the key processes involved in the treatment of meat processing

wastewater, particularly in biological P removal.

In this chapter, the determination of key kinetic and stoichiometric parameters
required for the simulation of ASM 1 and ASM 2 models applied to SBR treatment of
meat processing wastewater is discussed. The variation in PHA, glycogen, organic
substrate and PO, — P during anaerobic and aerobic conditions is discussed in detail.
Anoxic phosphorus removal and magnesium limitation in meat processing wastewater

treatment affecting phosphorus uptake are considered.
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6.2 Kinetic and stoichiometric parameters in biological organic carbon
and nitrogen removal

6.2.1 Heterotrophic yield coefficient

The heterotrophic yield coefficient allows the estimation of sludge production and
oxygen demand. The yield coefficient was determined following the method described
by Henze et al. (1987a). The methodology was discussed in Chapter III. The most
important parameter in batch cultivation of mixed cultures is the ratio of the initial
substrate concentration to the initial biomass concentration (S¢/Xo). When the ratio is
sufficiently low (below 2 - 4 depending on the mixed culture history) no cell
multiplication takes place during the exogenous substrate removal. Under these
conditions, a biomass increase is mostly due to the synthesis of storage polymers
(Chudoba et al., 1992). Since the SBR was operated at a lower S¢/X, ratio, it is
necessary to do the kinetics parameter estimation at a lower So/Xj ratio. Higher So/Xo
ratios cause cell multiplication of mixed culture that changes in the proportion among

slow growers and fast growers (Chudoba et al., 1992).

The effect of different initial S¢/X, ratios on substrate removal is illustrated in
Figure 6.1. When the S¢/X, ratio was low, the substrate removal follows an exponential
decay profile. When the S¢/X, ratio was 0.42, only 2.5 h were required for complete
removal of the biodegradable soluble COD. Therefore, low So/X, ensures a complete
removal of biodegradable soluble COD when the SBR is operated below the specific
loading of 0.4 mg SCOD/mg VSS. The measurement of the TCOD was a problem
during low S¢/X, ratios employed for yield coefficient measurement due to difficulties
in obtaining homogenous samples. Figure 6.2 shows the biomass growth when Sy/Xq

was 2.
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Figure 6.2 Yield coefficient with So/X, =2

Observed yield coefficient was 0.63 biomass COD (mg SCOD)" and the average
biomass COD to biomass ratio was 1.42. The initial SCOD and particulate COD were
calculated from the COD measurements before mixing the soluble wastewater and
mixed liquor. Chang (1999) observed similar results by using the biomass prepared by
serial dilution. The COD of unit biomass cell could be obtained from the stoichiometric
equation of 1 mole of biomass needs 5 moles of oxygen as electron acceptors during

oxidisation (50,/CsH7NO, = 1.42).
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6.2.2 Maximum specific growth rate and half saturation constant of heterotrophs
The method used for finding the maximum specific growth rate and half saturation
constants in this study was developed by Cech et al. (1984). Previously, either batch
cultivation or continuous cultivation without biomass recycling (chemostats) was used.
Batch cultivation can be carried out with both high and low initial concentrations of
biomass. Though this method is simple and rapid, the main disadvantage is its limited
accuracy when K values are small (less than 20 mg L") because of the large analytical
errors associated with measuring low substrate concentrations (Williamson & McCarty,
1975). In continuous chemostat method, a relatively long period is generally required to
reach a steady state, especially for organisms with long generation periods. Moreover,
application of this method to mixed cultures containing species with substantially
different generation periods is questionable. The infinite dilution method developed by
McCarty needs a simple, sufficiently specific and accurate analytical method for
determination of a substrate tested. This can be overcome by a simple respirometric
method (Cech ef al., 1984). For this experiment, the respirometer-which was used by
Leonard (1996)-was used. During the OUR recording time re-aeration was assumed to

be negligible. Figure 6.3 shows a typical respirogram.

ocC
OC = Net oxygen consumption

Time

Dissolved oxygen

Figure 6.3 A typical respirogram

The specific substrate removal rate (rx) at concentration S is given by the Equation
6.1. The coefficient of biomass yield (Yobs) Was obtained using the Equation 6.2 (Cech
et al., 1984).

,  —_max (6.1)
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ocC
s =175 (6.2)

Three methods exist for the linearisation of Equation 6.1. Linear Equation 6.3 was
used in this study for computing maximum specific growth rate (umax) and half

saturation constant (Ks).

y7] r
_‘"max _ X |
Ty = 7 M KS (6.3)
obs

For respirometric measurements, unwashed biomass was used with the initial
concentrations between 750 — 2680 mg VSS L. Figure 6.4 shows the profile of rx
change with S in four different trials. They all followed the Monod saturation kinetics.

Figure 6.5 shows the linear profile of rx with rx/S for the Trial III.
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Figure 6.4 Relationship between specific substrate removal rate and substrate in soluble
meat processing wastewater
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The K value was obtained from the slope of the linear curve (Figure 6.5). The
maximum specific growth rate of heterotrophs was obtained from the intercept of the
linear curve multiplied by the observed average yield coefficient. Table 6.1 shows the
maximum specific growth rate, half saturation constant and the average yield

coefficients in different trials.

Table 6.1 Heterotrophic growth kinetic and stoichiometric constants

Trial No. Maximum specific Half saturation Yield coefficient
growth rate (d)'l constant (mg L") (COD basis)
I 1.24 7.44 0.63
II 1.87 10.85 0.634
III 251 11.63 0.633
v 1.49 2.11 0.651
Average 2 8 0.637

Maximum specific growth rates and half saturation constants were in the range of
1.24-2.51 d" and 2.11 — 11.63 mg L™ respectively in the GF/C filtered wastewater in
this study. The So/X, ratio was very low (< 0.01 ) during these experiments. Chang

(1999) reported values for maximum specific growth rate and the half saturation
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constant of 3.3 d”' and 10 mg COD L' for soluble meat processing wastewater. Values
reported by Annachhatre and Bhamidimarri (1993) are higher for half saturation
constant (176 mg COD L) and lower for maximum specific growth rate (1.14 d"h
compared to this study. They, however, used the tedious chemostat method. The yield
coefficient averaged 0.637 on the COD basis. When the substrate concentration was
high it took a longer time to return to the endogenous phase. Substrate could be
adsorbed on the biomass surface, thus lowering its actual concentration in the solution.

Substrate concentration was calculated based on the initial concentration, not measured.

6.2.3 Maximum specific growth rate of autotrophs

The maximum specific growth rate for autotrophic biomass, pmaxa is the most
critical parameter in the modelling and design of nitrification systems. A number of
different procedures have been suggested to estimate the value of pmaxa in activated
sludge, which involve either activity measurements such as oxygen uptake rate (OUR),
or monitoring related model components such as ammonia nitrogen (NH3 — N) or

oxidised nitrogen forms (NO; — N and NO; — N).

In the procedure involving autotrophic activity, the OUR is measured in a reactor
sustaining both autotrophic and heterotrophic biomass, before and after the inhibition of
nitrifiers (Nowak & Svardal, 1993); the difference between the two measurements is
interpreted as a direct indication of the OUR associated with nitrification. The use of
NH; — N for evaluating the value of pmax A 1s limited since ammonia nitrogen also serves
as the basic nitrogen source and is incorporated into the biomass at the same time as it is
oxidised to NO; — N. Consequently, the concentration of oxidised nitrogen, Sno, is a
much more convenient parameter for this purpose, mainly because Sno 1s the model

component solely related to autotrophic growth.

The conceptual basis for determination of pnuxa Was outlined by Sozen et al.
(1996). The value of pmaxa — ba in this study was determined by a non-linear curve

fitting to Equation 6.4 using Matlab 5.3.

Sxo =Snoo "‘%[cm _1] (6.4)

where a = pimaxa — ba

andk___YA(P-max,A -b,) (6.5)
M max 4 X A0
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Codes for script and function file in Matlab 5.3, for finding the best k value and the

initial oxidised nitrogen concentration from the Equation 6.4 are given in Appendix B.

Figure 6.6 shows the NO3 — N (NO3 — N + 0.6 NO, — N) profile in three different
runs. The pmaxa - ba values were 0.66 d!, 0.60 d”' and 0.61 d! respectively in three
runs. The decay coefficient for autotrophs, ba, is not as critical as heterotrophic biomass
endogenous decay rate in the evaluation of sludge production and oxygen utilisation,
especially for combined systems for carbon and nutrient removal, since autotrophs
constitute only a small fraction of the total biomass (Orhon & Artan, 1994). The
recommended value for by is in the range between 0.05 and 0.15 d” (Henze et al.,
1987a). The maximum specific growth rate of autotrophs was calculated to be between
0.65 d! to 0.8 d! at 22°C. The Umax,a Values were comparable to those values reported

by Sozen et al. (1996) and Chang (1999) for meat processing wastewater.
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Figure 6.6 Maximum specific growth rate of autotrophs

6.2.4 Heterotrophic decay coefficient

The decay coefficient for heterotrophic biomass is a significant kinetic parameter
for evaluation of sludge production and oxygen utilisation. The heterotrophic biomass
endogenous decay rate (b’y) was estimated using a respirometric batch test method as
outlined in Ekama et al. (1986) and Henze et al. (1987a). The observed OUR profile is

shown in Figure 6.7.
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Figure 6.7 Heterotrophic decay coefficient

The heterotrophic decay rate coefficient (b’y) was calculated from the gradient of
the linear curve (Figure 6.7) as 0.15 d™'. The Task Group model decay coefficient (by)
(Henze et al., 1987a; Orhon & Artan, 1994) was determined from b’y in the following

manner:
by =— 28 SNE - Y (6.6)
1-Y,(-f,) 1-0.63(1-.08)
1- -
where, f, =*¢f5x =G089 517-008 (6.7)
(1= Yy fex) (1-0.63x0.17)

The decay coefficient value of 0.36 d”' is lower than the Task Group’s value for
domestic wastewater, and was slightly lower than the range of 0.38 — 0.49 d™' reported
by Chang (1999) for meat processing wastewater. Gorgun et al. (1995) reported a much
lower value of 0.24 d'. Ekama et al. (1986) found the decay rate to be constant even
with different sludge ages, varying only slightly at different temperatures. Predators
such as protozoa and rotifiers may influence the decay rate to some extent (Huisman &

Mino, 2002).
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6.3 Stoichiometric and kinetic parameters in biological phosphorus
removal

The stoichiometric relationship among the acetic acid (HAc), phosphorus (P), PHA
and glycogen for the anaerobic P metabolism as set out in the literature is shown in
Table 6.2. The stoichiometry of g P release to g HAc COD consumed varied from 0.16
— 0.48 in models. The variation in the stoichiometry is due to the dependency of Bio-P
bacteria on polyphosphate (poly-P) as an energy source (Mino et al., 1998). Also, the
variation could be due to the energy derived from utilisation of stored glycogen for
anaerobic substrate uptake. Models other than the Comeau/Wentzel model suggest that

glycogen is utilised for the production of PHA during the anaerobic P metabolism.

Table 6.2 Stoichiometric relationships among HAc, P, PHA and glycogen during
anaerobic P metabolism

Reference HAc COD | PHA COD P (g) Glycogen
(8) (2 COD (g)
Mino’s model 1.0 1.50 0.24 0.50
(Pereira et al., 1996)
Adapted Mino’s model 1.0 1.50 0.32 0.5
(Pereira et al., 1996)
Smolders et al. (1995a, b) 1.0 1.49 0.48 0.50
(PH=7.0)

Comeau/Wentzel model 1.0 1.0 0.48
(Pereira et al., 1996)
Pereira et al. (1996) 1.0 1.67 0.16 0.70

6.3.1 Kinetic and stoichiometric parameters for meat processing wastewater

To determine the kinetic and stoichiometric parameters, SBR and batch tests with
meat processing wastewater were performed. Also, to determine the stoichiometric
relationships among HAc, P, PHA and glycogen batch tests were conducted with

acetate using the acclimated sludge obtained from the SBR.

6.3.1.1 SBR cycle study

Run IV of the SBR cycle described in Section 5.4 was used to characterise the
sludge and to determine the kinetic and stoichiometric parameters. In order to do that,
1.5 L of wastewater was fed at the beginning of the cycle within 1 minute instead of
normal feeding with the pump for 8 minutes. The wastewater characteristics were 1718

mg L total COD, 916 mg L™ soluble COD, 19.3 mg L' PO,—P, 1.37 mg L NOs — N,
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329.6 mg COD L' SCFA and 121 mg L' NH; — N. In this study, the NO; — N was
taken as equivalent to 0.6NO, — N + NOs; — N. The reactor pH was near neutral.
Samples were taken every 0.25 h for SCFA measurement during the anaerobic period.
Oxidised nitrogen (NOx — N) and PO4— P were also measured at 0.25-h intervals. PHB,
PHV and glycogen were measured at 0.5 h intervals. The first sample was taken 1

minute after experiment started.

Figure 6.8 shows the PO4— P, NO3; — N, SCFA, PHA and glycogen COD profiles
during this cycle study. Although the calculated SCFA COD after the addition of feed
was 33 mg L™, only 13.7 mg L' SCFA COD was measured in the initial sample. This
reduction in the measured SCFA COD could be due to rapid adsorption or absorption
and storage (Van Loosdrecht, et al., 1997). The rapid removal of the SCFA COD occurs
because the microorganisms are exposed to a pronounced feast and famine regime (Van

Loosdrecht et al., 1997).
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Figure 6.8 Soluble phosphate phosphorus, nitrate nitrogen, SCFA COD, PHA COD and
glycogen COD profiles during an SBR cycle

The phosphorus profile shows an initial fast release followed by a slow release
during the anaerobic period. During the subsequent aerobic and anoxic periods P was
restored completely. The highest P release rate of 10.4 mg P (gVSS.h)" was observed

during the initial anoxic/anaerobic period. The P release depends on SCFA
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concentration, poly-P and glycogen fraction in Bio-P (Mino ef al., 1998). Hessleman et
al. (2000) indicated that the energy required for anaerobic uptake of organic substrates
by Bio-P is not only supplied by glycolysis and hydrolysis of poly-P but probably also
by hydrolysis of pyrophosphate and the efflux of MgHPO,.

Table 6.3 TSS, VSS and sludge phosphorus content during the SBR and batch studies

Experiment End of anaerobic period End of final aerobic period
Initial anaerobic period* TSS VSS VSS/ Sludge
(mgL") | (mgL™") | TSS Phosphorus
(%)
TSS VSS | VSS/ (mgL™") | % of
(mgL™") | (mgL") | TSS VSS
(%)

SBR cycle 3435* 2820* | 82.0 | 3360 2755 | 82.0 | 1149 | 4.17
With
wastewater

Batch test 2455* 2020* 82.3 2385 2000 83.9 57.81 2.89
with
wastewater

Batch test | 3165* 2565* | 81.0 3145 2575 81.9 76.4 2.97
with acetate
Trial 1

Batch Test 1715 1470 85.7 1815 1445 79.6 53.2 3.68
with acetate
Trial II

The solids concentrations and sludge P contents during the SBR cycle study and the
batch tests are shown in Table 6.3. The sludge P concentration was 4.17 % of VSS at
the end of the aerobic period, whereas it was 3.4 % of VSS at the end of the anaerobic
period. A high P content in the sludge suggests that the poly-P was not a limiting factor
for SCFA uptake in this study (Arun ez al., 1988; Orhon & Artan, 1994). The glycogen
concentration of 146 mg COD L™ (about 29 % of active Bio-P) measured at the end of
anaerobic period suggests that glycogen was not the limiting factor for the SCFA uptake
(Mino et al. 1995; Mino et al., 1998). Although the poly-P and glycogen do not seem to
be the limiting factors, about 3 mg L' HAc COD was present during the last one hour
of the anaerobic period while there was a continuous release of PO4 — P. During this
period PHA COD was almost stable. This suggests that HAc COD could be produced
by fermentation, however, the removed HAc COD was not utilised for PHA formation.
This could be due to diffusion limitation (Fleit, 1995). A part of the energy produced by
hydrolysis of poly-P could also be used for glycogen storage as shown in Figure 6.8.

Also, the uptake of some other organic acids in the meat processing wastewater might



106

have utilised the energy derived from the hydrolysis of poly-P (Mino et al., 1998;
Nakamura et al., 1991; Wang et al., 2002). Sato et al. (2000) reported that some of the
fermentation related COD or soluble COD remained without being utilised by Bio-P
bacteria in activated sludge treatment of sewage wastewater during the anaerobic
period. Wang et al. (2002) reported that lactic acid was produced by fermentation in the
EBPR of glucose dominant substrate. According to Wentzel et al. (1991) and Brodisch
(1985), the anaerobic/aerobic EBPR systems could develop organisms which convert
sugars and similar organic compounds to SCFA under anaerobic conditions. The reason
for the presence of unused HAc in this study is unclear and has to be further clarified in

future studies.

The highest P uptake rate of 9.3 mg P (g VSS.h)"! was observed in the first aerobic
period. Phosphorus uptake continued during the anoxic period. Similar anoxic P uptake

was reported in the literature (Kuba et al., 1993; Lee et al., 2001).

The glycogen profile shows a slight increase in concentration in the 0.5 h sample
compared to the first sample probably due to the immediate storage of glycogen (Figure
6.8). The storage of glycogen is possible using the energy obtained from the hydrolysis
of poly-P (Nakamura et al., 1991; Mino et al., 1998), by oxidising some of the
carbohydrate using prevailed NO; — N at the initial anoxic/anaerobic period (Van
Loosdrecht et al., 1997) or from the fermentation of glycogen (Wang et al., 2002).
There was a progressive decrease in glycogen during P release during the
anoxic/anaerobic period. This indicates that glycogen was utilised for PHA storage
and/or fermented during the anaerobic period (Hesselmann et al., 2000; Mino et al.,
1998; Pereira et al., 1996). During the anoxic period, glycogen decreases slightly. One
of the explanations may be that the glycogen was utilised for reducing power during the
anoxic period (about 5 mg L' NO; — N was available). A second, more likely,
explanation is that the glycogen was utilised for P uptake (Mino ef al., 1998; Nakamura
et al., 1991). The observed decrease in glycogen in the final aerobic period was
probably due to glycogen utilisation by Bio-P bacteria for maintenance (Brdjanovic et
al. 1998b). Approximately 12.5 mg L glycogen COD (4.5 mg glycogen COD per g

VSS) was utilised in the anaerobic period.

The net increase observed in the PHA during the anaerobic period, as shown in
Figure 6.8, indicates PHA storage by Bio-P bacteria. Other forms of PHA such as 3-
hydroxy-2-methylbutyrate (3H2MB) and 3-hydroxy-2-methylvalerate (3H2MV) might
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also have been formed during the anaerobic period as the wastewater contains mixed
SCFA (Satoh et al., 1992). PHB and PHV CODs were about 65 and 35 % respectively
of the total PHA COD measured. The PHV content was little higher than the reported
value of 26 % by Pereira et al. (1996) for a mixed SCFA substrate. Satoh ez al. (1992)
also found higher PHV fractions when substrates such as lactate or propionate were
used as the carbon source. An average PHA COD of 14.1 mg L (5.1 mg L' of PHA
COD per g VSS) was observed at the end of aerobic periods with the highest value of
38.6 mg L' during the anaerobic periods in this cycle study. The observed PHA COD at
the end of the aerobic period is slightly higher than the 2.11 and 2.5 mg COD per g VSS
reported by Brdjanovic et al. (1998b) and Temmink et al. (1996) respectively. This
amount of PHA COD may not be available for the P uptake or growth of Bio-P.

Carbon flow estimation in the anaerobic P metabolism is shown in Table 6.4. In
order to find out the available SCFA/acetate COD for anaerobic P metabolism, the
SCFA/ acetate COD (in this study, it was assumed that the RBCOD of the wastewater
was equivalent to SCFA COD) required for denitrification of the available NO3 — N at
the beginning of the test was subtracted. The COD removed from the mixed liquor via
denitrification can be calculated from the oxygen reduction equivalent (Rgq) of the NO3
— N to be reduced and the yield coefficient Yy (Leonard, 1996; Siegrist & Gujer, 1994)
as shown in Equation 6.8.

R
g COD required for g N oxidised =1 Eﬁ (6.8)
~H

The reduction equivalent of nitrate is 2.86. The average value for Yy in this study

was 0.63. Denitrification, therefore, requires 7.7 g COD per g of NO; — N. This value is
consistent with the substrate requirement values of 7 to 8 g COD per g of NO3 — N
reported by Argaman and Brenner (1986) and Siegrist and Gujer (1994). Table 6.5
shows the COD conversion factors (Smolders et al., 1995b) used in the calculations in

Table 6.4.



Table 6.4 Carbon balance in anaerobic phosphorus metabolism

Expx C d Initial Nitrate ni Remaining SCFACOD _ |C d Glycogen Stored PHA horus
SCFA at the beginning |Consumed SCFA COD Released Consumed Stored
COD (mg L") (mg L") (mg L") (mg L") [ mg CODI g TSS |mg COD/ g dry mass |mg COD/ g dry mass|  (mg L") mg PITSS | g P.JgSCFACOD | g Glycogen COD/gSCFA COD |g PHA COD/g SCFA COD
SBR cycle with 29.692 1.369 10.582 19.110 5.563 3.712 6.96 17.203 5.008 0.900 0.667 1.251
wastewater
Batch test with 71.608 4.798 37.089 34.519 14.061 10.944 17.513 33.28 13.392 0.952 0.778 1.246
wastewater
Batch test with 134.19 5536 42793 91.397 28877 13.536 25721 44.469 14.140 0.490 0.469 0.891
acetate Trial |
Batch test with 78.98 2839 21.945 57.035 31424 12.512 46438 27.326 15.056 0.479 0.398 1.478
acetate Trial It

Note : a. Initial nitrate nitrogen was calculated usingadded mixed liquor nitrate nitrogen and the added substrate nitrate nitrogen
b. Initial glycogen and PHA was taken as similar to the glycogen and PHA of immediate sample
c. In the SBR study inttial PHA was taken as the PHA obtained at the end of aerobic period

801
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Table 6.5 COD conversion factors for some components in the P metabolism (Smolder ef

al., 1995b)

Component Chemical formulae Unit Mass (g) COD (g)
Acetate CH3COOH 1C-mol 30.0 32.0
PHB (CsHgO2)n 1C-mol 21.5 36.0
PHV (CsHgO2)n 1C-mol 20.0 384
Glycogen CsH 1005 1C-mol 27.0 32.0
Phosphate PO, 1P-mol 31.0 0.0

PHA and glycogen were measured in dry mass (TS) but the released phosphorus
and utilised HAc were calculated on a TSS basis. For the stoichiometry comparisons,
both dry mass (TS) and the TSS were assumed to be equal. Table 6.6 shows the
summary of the stoichiometric relationship determined among SCFA, P, PHA and

glycogen during anaerobic P metabolism in this study.

Table 6.6 Stoichiometric relationships among HAc, P, PHA and glycogen during
anaerobic P metabolism

Experiment Released P | Consumed Stored HAc/SCFA
(g) glycogen PHA (g COD)
(g COD) (2 COD)
SBR cycle 0.90 0.67 1.25 1.00
With wastewater
Batch test with 0.95 0.78 1.25 1.00
wastewater
Batch test with 0.49 0.47 0.89 1.00
acetate Trial I
Batch Test with 0.48 0.40 1.48 1.00
acetate Trial II

The released P of 0.9 g P(g SCFA COD)™ in this study is higher than the literature
values shown in Table 6.2. Lower P release was expected as the stoichiometry was
derived from mixed SCFA. For equivalent amounts of COD taken up, the uptake of
propionate and butyrate was shown to result in a lower release of phosphorus (Abu-
Ghararah & Randall, 1991) than for the uptake of acetate. This suggests that more
SCFA COD could be produced from fermentation of rapidly hydrolysable COD in the
wastewater and/or from stored glycogen and/or energy derived from released P was
utilised for storage of glycogen or other organic acids. The consumed glycogen COD

per g SCFA COD removed was higher in wastewater than in the acetate batch test
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result, which reflects the fermentation of glycogen. The stored PHA COD was lower
than the consumed total glycogen and HAc COD. According to Mino ef al. (1998);
Smolders et al. (1995b) and Pereira et al. (1996) models the total of glycogen and HAc
COD consumed is equivalent to stored PHA COD. This indicates that some of the
SCFA COD and glycogen COD was not converted to PHA COD or stored as some
other forms of PHA other than PHB and PHV (Satoh et al., 1992).

6.3.1.2 Stoichiometric coefficients using batch test

The meat processing wastewater was also characterised for biological P removal
with a higher substrate to biomass ratio than in the SBR cycle study described in

Section 6.3.1.1.

To do this, 1.1 L of mixed liquor was withdrawn from the SBR at the end of the
aerobic period and mixed using a magnetic stirrer in a 2 L cylindrical batch reactor. The
DO was brought to zero by purging with nitrogen gas. Then 0.4 L of meat processing
wastewater was added to the reactor. The pH in the mixed liquor was controlled
between 7 and 7.5 using 0.5 N HCl and NaOH. A pH controller (HORIZON ecology
co., Model 5997-20) was used. Nitrogen gas was purged continuously during the
anaerobic period. An aerobic period of 3 h followed the 2 h of anaerobic period. During
the aerobic period DO was controlled between 3.5 — 4 mg L. The reactor was kept at a
temperature of 22 + 2° C. Samples were taken every 0.25 h for SCFA measurement
during the anaerobic and initial aerobic periods. Oxidised nitrogen and PO4 — P were
also measured every 0.25 h during this batch test. PHB, PHV and glycogen were

measured at 1 h intervals.

Figure 6.9 shows the POs — P, NO; — N, SCFA, PHA and glycogen COD profiles
during this batch test. The P profile shows a release of P during the anaerobic period
and a storage of P during the aerobic period. The observed 18.9 mgL"' PO,—P  at the
end of the aerobic period shows an incomplete uptake of P. The P uptake depends on
the presence of an external carbon source, POs— P, SCFA concentration, poly-P fraction
of Bio-P, unsaturated storage capacity of intracellular phosphorus, DO concentration
and also soluble magnesium concentration (Henze et al., 1999; Hesselmann et al., 2000;
Ky et al., 2001; Mino et al., 1998; Somiya et al., 1988). The carry over of SCFA from
the anaerobic period could be a reason for a slow down in the aerobic P uptake. Figure

6.9 shows an increase in PHA and glycogen COD during the initial aerobic period.
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Somiya et al. (1988) and Brdjanovic et al. (1998b) also observed a release of
phosphorous and storage of carbohydrate and PHA during the aerobic period when a

sufficient amount of extracellular organic substrate was available.

The SCFA COD was reduced from 87.9 mg L™ to about 16 mg L™ in the first hour
and was almost stable during the remaining anaerobic period. The possible reasons for
the incomplete removal of SCFA COD during the anaerobic period were discussed
above in Section 6.3.1.1. Sludge P content was about 1.92 % of VSS at the end of the
anaerobic period as shown in Table 6.7. This shows that poly-P could also be a limiting

factor for acetate uptake.
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Figure 6.9 Soluble phosphate phosphorus, nitrate nitrogen, SCFA COD, PHA COD and
glycogen COD profiles during a batch test with wastewater

The glycogen profile shows a slow decrease in the first hour of the anaerobic period
and a sudden decrease in the remaining anaerobic period. The slow decrease was
probably due to glycogen storage from the wastewater carbohydrate. Glycogen could be
utilised for PHA formation and fermentation during this period. During the aerobic
period glycogen increases with the PHA increase. During the final aerobic period
glycogen replenishment was negligible while PHA decreased. Somiya et al. (1988)

reported carbohydrate decreases with decreases in PHA during the aerobic period.
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Table 6.6 shows that the released P was 0.95 g P(g SCFA COD)™. The released P
was higher than the literature values shown in Table 6.2. The consumed glycogen COD
per g SCFA COD removed was also higher than for acetate batch tests results. The
stored PHA COD was lower than the total glycogen COD and SCFA COD consumed.
The reasons for the discrepancy are likely to be similar to the reasons discussed

previously (Section 6.3.1.1).

6.3.1.3 Stoichiometric coefficients with acetate batch tests

As discussed in Sections 6.3.1.1 and 6.3.1.2, it was not possible to determine the
exact stoichiometry among SCFA, PHA, glycogen and PO4 — P using the experimental
results with wastewater. To determine a reliable stoichiometry, two batch tests were

carried out with acetate and acclimatised sludge obtained from the SBR.

Two 2 L cylindrical batch reactors were set up in a 22 + 2°C controlled room. At
the end of the aerobic period 1.5 L and 0.75 L of mixed liquor were added to the first
and second reactors respectively. The mixed liquor was transferred from the SBR and
mixed by a magnetic stirrer. The DO was brought to zero by purging with nitrogen gas.
Both Trials I and II were conducted with acetate. In Trial I, 0.75 L of distilled water
was added. In both trials sodium acetate was added such that the final HAc
concentration was 200 and 75 mg L' respectively. The pH in the mixed liquor was
controlled between 7 — 7.5 using 0.5 N HC] and NaOH, and the pH was measured using
the pH controller. Nitrogen gas was also purged continuously during the anaerobic
period. Three hours of aeration followed the 2-h anaerobic period. During the aerobic
period DO was controlled between 3.5 — 4.0 mg L. Samples were taken every 0.25 h
for HAc measurement during the anaerobic and initial aerobic periods. NO3 — N and
PO, — P were also measured every 0.25 h during this batch test. PHB, PHV and

glycogen were measured at 1 h intervals. The trials were conducted on different days.

TRIAL I (200 mg HAc L™): Figure 6.3 shows the POs— P, NO; — N, HAc, PHA
and glycogen COD profiles during Trial I. The phosphorus profile shows that the P was
released at a reducing rate during the anaerobic period. This was probably due to poly-P
limitation. Table 6.7 shows the sludge P and stored P content for the four different
experiments discussed in Section 6.3.1. Minimum P content in the activated sludge was
taken as 1.37 % of VSS, which was determined during this batch test. Minimum

activated sludge P content is reported in the range of 1 — 1.5 % of VSS in the literature
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(Bickers et al., 2001; Henze, 2002; Orhon & Artan, 1994). Stored P content at the

beginning of the test was calculated from Equation 6.10.
Stored sludge P content in the beginning of the test =
Released P + stored P of the sludge at the end of anaerobic period (6.10)

It was assumed that the stored P content of the sludge was depleted at the end of the
anaerobic period of this batch test. According to Mino et al. (1998), under normal
conditions poly-P is not totally depleted at the end of the anaerobic phase. Brdjanovic et
al. (1998c) reported that poly-P would be limiting at high pH, since more energy is
required for acetate transport through membrane at high pH (Smolders et al., 1994a).
Net phosphorus uptake did not start until half an hour after aeration started. This was
due to the HAc carry over from the anaerobic period. A similar result was reported by

Brdjanovic et al. (1998b).

Table 6.7 Sludge P and stored P content

Experiment Sludge P content % of stored P
(% of VSS) content
End of aerobic | End of anaerobic L begmmqg
) . of the anaerobic
period period .
period
SBR cycle with 4.17 3.45 2.70
wastewater
Batch test with 2.89 1.92 2.20
wastewater
Batch test with 2.97 1.37 1.85
acetate Trial I
Batch test with 3.68 1.66 2.20
acetate Trial I1

The HAc profile followed almost a linear trend during the anaerobic period after
denitrification (Figure 6.10). About 50 mg L™ of HAc COD was carried over from the
anaerobic period to the aerobic period. However, this excess HAc COD disappeared
within one hour after the aerobic period started. A similar result was reported by
Somiya et al. (1988). The PHA profile shows a fast increase in the first hour and a
slower increase in the second hour during the anaerobic period. The slower increase in

PHA was probably due to poly-P limitation in the sludge. Smolders et al. (1994a)
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reported that a very slow conversion of glycogen to PHA was possible for the
maintenance energy need for the cells in the poly-P limited condition. The increase in
PHA during the anaerobic period continued to the initial aerobic period. In the initial
aerobic period, an increase was observed in glycogen and PHA concentration. A similar
result was reported by Somiya et al. (1988). The increase in both glycogen and PHB
during the initial aerobic period suggests that glycogen involvement in aerobic PHA
formation is negligible. After an hour of aeration, glycogen replenishment was
negligible. An almost complete uptake of P was observed within 3 h of aeration, though

the excess acetate delayed the net P uptake in the initial aerobic period.

The stoichiometry among glycogen, HAc COD and P shown in Table 6.6 were
comparable to the stoichiometry reported by Smolders et al. (1995b). In this study,
however, a lower PHA COD was produced per g of HAc COD removed. This was
probably due to poly-P limitation as suggested by Brdjanovic et al. (1998c) that
glycogen cannot replace poly-P for PHA storage under poly-P limited condition.

Anaerobic Aerobic +—PO4-P
L ‘ <_1 —a—NO3-N+0.6NO2-N
r —a— HAc-COD
—+—PHACOD
250 . —e— Glycogen COD
+ 180
200 {160 ~
- o
& L 140 =)
2 g
o
€ = 150 | 1120 o
s O o O
= 9 € ¢
5 & 1100 o @
) o o
o g - O
g o g
@ .g 100 4 80 3
o o 2
- T ©
Z £
50 | 1 40 o
4 20
0 : 0
0 1 2 3 4 5 6

Time (h)

Figure 6.10 Soluble phosphate phosphorus, nitrate nitrogen, SCFA COD, PHA COD and
glycogen COD profiles during a batch test with acetate (Trial I)

TRIAL II (7S mg HAc L']): Figure 6.11 shows the NO; — N and PO, — P, HAc,
PHA and glycogen COD profiles during Trial II. The P profile shows a “bell” shaped P
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release and uptake profile during the acetate limiting condition. At the beginning, a
reduced P release was observed while NO; — N was available, showing the
simultaneous uptake and release of P as reported by Gerber et al. (1987). The P release
rate decreased at the end of the anaerobic period-which was probably due to poly—P
limitation as shown by the 1.67 % of sludge P content at the end of the anaerobic period
(Table 6.7). HAc COD was completely removed during the anaerobic period. The
sudden decrease in HAc COD in the initial anaerobic period was most probably due to
uptake for denitrification. PHA that was formed during the anaerobic period was
utilised during the aerobic period resulting in P uptake. The decrease in glycogen during
the anaerobic period suggests that there was an involvement of glycogen in anaerobic
PHA formation (Mino et al., 1998). During the initial aerobic period the glycogen was
stored rapidly. The average PHA storage rate of 47 mg PHA COD (g VSS h)"! was

observed in the first 1 h of the anaerobic period.
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Figure 6.11 Soluble phosphate phosphorus, nitrate nitrogen, SCFA COD, PHA COD and
glycogen COD profiles during a batch test with acetate (Trial IT)

Table 6.6 shows that 1 g of PHA COD was produced from 0.68 g of HAc COD and
0.27 g of glycogen COD while 0.33 g of P was released during the anaerobic

metabolism. The stoichiometry ratios are comparable to the stoichiometry reported by
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Smolders et al. (1995b). Table 6.8 shows the carbon balance during the aerobic period
in Trial II. Using 1g of PHA COD, 049 g P and 0.3 g of glycogen COD were stored.
The amount of stored P was higher than 0.35 g P and the stored glycogen was slightly
lower than the 0.37 g glycogen COD reported by Smolders et al. (1995b). This is
possibly due to the uptake of P utilising glycogen (Nakamura et al., 1991). The average

glycogen storage rate over the first 1 h aeration was 9.97 mg glycogen COD (g VSS h)
1

Table 6.8 Carbon balance in aerobic P metabolism

Consumed PHA Stored Stored glycogen gP g Glycogen
mg COD phosphorus | -1y (g dry mass)’ | (g PHA COD)" COD
(g dry massy! | ™8P @TSS)’ (g PHA COD)"
35.99 17.53 10.88 0.49 0.30

6.4 Influence of cations on phosphorus removal

6.4.1 Magnesium, potassium and calcium ions in phosphorus removal

The role of chemical precipitation in P removal has been discussed by Marais et al.
(1983) and Arvin, (1983). This has not been fully resolved, and the role of cations -
especially calcium (Ca?") - in the influent, is still under debate (Carlsson et al., 1997).
The chemical precipitation of phosphate in activated sludge systems is a very
complicated process as inorganic and organic materials and biological activity are
present together. It has been shown in numerous studies that potassium (K*) and
magnesium (Mg2+) are released and taken up together with phosphate under anaerobic
and aerobic conditions, respectively (Wentzel et al., 1991). These cations and possibly
small amounts of Ca®, function as counter ions in the intracellular polyphosphate
granules (Carlsson et al, 1997). Cation involvement in phosphorous metabolism

observed in this study is discussed below.

Experiments discussed in Section 6.3.1.1, 6.3.1.2 and 6.3.1.3 were used to analyse
the cation involvement in P removal. Figure 6.12 shows the soluble Mg?*, K* and Ca®*

concentrations in mixed liquor during the SBR cycle and the batch test studies.
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Figure 6.12 Mg?*, K* and Ca®"* profiles during the SBR cycle and batch tests

In the SBR study, the Ca®* concentration in the mixed liquor increased up to 0.5 h
during the anoxic/anaerobic period. The increase in Ca®** was probably from the
stabilising divalent cations in bacterial cell walls during the release of P as stated by
Comeau et al. (1987). There could have been some contribution of Ca®* from the
solubilisation of solid magnesium calcium carbonate due to a sudden increase in Mg**
concentration from the feed in the SBR cycle study. A similar result was observed
during the addition of 10 mg L' Mg®" in a batch test (Section 6.4.2). Snoeyink and
Jenkins (1980) reported that when CaCO; precipitation takes place from solutions
containing high Mg®* concentrations, a more soluble solid — a so-called magnesium
calcium carbonate — is formed. The Ca®* concentration dropped in the sample taken at 1
h, but did not change much either in the remaining anaerobic period or during the
aerobic period. The observed drop in Ca** could be either from Ca®* phosphate or
calcite precipitation as reported by Carlsson et al. (1997). But precipitation of Ca**
phosphate seems unlikely as indicated by the low amount of Ca®* and PO; — P
concentrations measured (maximum of 30 and 40 mg L") during the anaerobic period in
this study. According to Carlsson et al. (1997), at near neutral pH the phosphate
concentrations must be at least 50 mg P L™ at a Ca®* concentration of 100 mg Ca L™,
before precipitation starts. The drop in Ca®* concentration could not be due to the

utilisation of these ions for cell growth as no significant increase in biomass
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concentration was observed. Typical composition of Mg®*, Ca®* and K" in the bacterial

cellsis 0.5,0.5 and 1 % of dry mass (Metcalf & Eddy, 1991).

Mg?* and K" are relatively more important than Ca* in polyphosphate formation,
principally due to the higher concentrations of these cation species than Ca** within the
intracellular fluid of organisms equipped with a polyphosphate storage mechanism
(Harper, 1969). According to Schénborn et al. (2001) “reactive” Mg?* and K stabilised
polyphosphates, taking part in P release and uptake processes, and “inert” Ca®*
stabilised polyphosphates seemed to be very stable against changes in the redox
conditions. The concentration of Mg?* was low at the end of the aerobic period in the
SBR cycle, potentially resulting in limitation in the removal of P from meat processing
wastewater. Imai et al. (1988) found that Mg?" was the limiting factor of EBPR at an
influent concentration of less than 8 mg L. The Mg®*" limitation in P uptake rate is
discussed in Section 6.4.2. According to Schénborn et al. (2001) the Mg?* content and
the Mg?* to Ca®* ratio in the influent wastewater are important deciding factors in
maintaining long-term stability in the EBPR process. However, Ca>* was more involved
than Mg?* in sludge flocculation through cationic bridging (Sanin & Vesilind, 2000).
Figure 6.13 shows the relationship amongst the molar concentrations of soluble Mg™,
K* and Ca®" with PO, — P during the anaerobic and aerobic periods. Molar ratios of

these cations with phosphate are tabulated in Table 6.9.

Table 6.9 Molar ratios of cations with phosphate

Molar ratio (mol/mol)

Cation/Phosphorus Anaerobic period Aerobic period
K*/P 0.21 0.23

Mg”'/P 0.21 0.33

Ca™'/P -0.07 0.01

Sum of charges/P =0.21+2x(0.21-0.07) = 0.49 | = 0.23+2x(0.33+0.01) = 0.91
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Figure 6.13 Relationships between the molar concentrations of Mg?*, K" and Ca**
with PO,- P

The K*, Mg?* and Ca®* cations with phosphate molecules were in a total ionic
charge ratio of about 0.49:1 and 0.91:1 in the anaerobic and aerobic periods,
respectively in this study. However, Comeau et al. (1987) and Wentzel et al. (1991)
reported that they were co-transported with phosphate molecules in a total ionic charge
ratio of about 1:1. The lower ratio observed in this study, especially during the
anaerobic period, was probably due to calcite precipitation (Carlsson et al., 1997).
Further, the formation of magnesium calcium carbonate was also possible in the
anaerobic period as the Mg?* concentration increased during the P release (Snoeyink &
Jenkins, 1980). The molar ratio of K™ to PO, — P during anaerobic release and aerobic
uptake was comparable to the value of 0.23 reported by Rickard and McClintock
(1992). The observed molar ratio of Mg** to PO, — P during the anaerobic period was
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slightly lower than the value of 0.3 reported by Rickard and McClintock (1992),
however it was similar to the value of 0.20 in cheese factory effluent treatment reported
by Ky et al. (2001). Precipitation of magnesium ammonium phosphate (struvite) was
not likely to take place in this study since the value of the product of [Mg>*][NH4][POs)
was always less than 10®. Snoeyink and Jenkins (1980) reported that if the value of the
product of [Mg®*][NH4][PO4] is less than 10, the chance of the precipitation of

magnesium ammonium phosphate will be low.

6.4.2 Magnesium ion influence in phosphorus uptake

Among many factors that affect biological excess phosphate uptake metal ions such
as Mg®" and K are important (Imai et al., 1988). The presence of sufficient soluble
Mg?" in the mixed liquor is necessary for P uptake (Imai et al., 1988; Ky et al., 2001).
Soluble Mg in the effluent was about 3.5 mg L' in the SBR cycle study and it is
thought that Mg?* could have influenced the P uptake in this study.

Three batch trials were conducted using acetate to assess the influence of Mg?* in
phosphorous uptake. Trial II and III were conducted simultaneously 3 d after Trial I. In
all trials, sodium acetate was added such that the final HAc concentration was 75 mg L
! In Trial I, 10 mg L Mg?* was added in the form of MgS0Q4.7H,0. In Trial II 5 mg L
of Mg?" was added in the form of MgCl,.6H,0. In Trial III there was no Mg?" added.
The pH in the mixed liquor was controlled between 7 — 7.5 using 0.5 N HC] and NaOH.
Nitrogen gas was purged continuously during the anaerobic period. After 2 h of
anaerobic conditions, 3 h of aeration followed. During the aerobic period the DO was
controlled at 3.5 — 4 mg L. The reactors were kept in a 22 = 2°C controlled
temperature room. The concentrations of PO, ~ P and metals were measured by samples

taken every 0.5 h.

Figure 6.14 and Table 6.10 show the P uptake and release during Trials I, IT and IIL
The highest rate of P release was lower in Trial I compared to the rates in Trials II and
I11. This may occur if the added Mg?* of 10 mg L retarded the P release. According to
Fleit (1995), the maximum acetate penetration rate is set by the proton removal rate.
Therefore, the higher concentration of soluble Mg2+ in the mixed liquor may have
retarded the proton removal rate. As the added HAc and the initial NO3; — N
concentrations were similar in all three trials, a similar amount of P release was

expected, assuming that the poly-P and glycogen fraction were similar in these three
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trials. However, the amount of released P was lower in Trial I than in the other two

trials. In Trial II, the added Mg?* of 5 mg L™ did not significantly affect the P release.

The highest P uptake rate in Trial II was greater than the highest in Trial III. This
indicates the influence of Mg** on the P uptake rate during the aerobic period. The
highest uptake rate of P in Trial I was lower than the highest in Trial IL. This was
probably due to the lower amount of P released during the anaerobic period. During the
anaerobic period per g of P release 2.04 g of HAc COD was utilised (Section 6.3.1.3).
The carry over HAc COD is first used for PHA storage then P uptake (Mino et al.,
1998). The uptake of P during the aerobic period is co-related to the release of P during
the anaerobic period (Henze et al., 1999; Randall et al., 2002).

Table 6.10 Magnesium influence in P uptake and release

Trial | Mg®*" added VSS Highest P Highest P
(mgL') | (mgL? Release rate Uptake rate
(mgP(gVSSh)") | (mgP(gVSSh™
I 10 3190 3.23 7.0
II 5 1010 10.6 9.8
111 0 980 11.4 6.5
Anaerobic Aerobic
[[< P al

25 o D S SO S VU U OO STV

20 - —e— Add 10 mg L-1

—a—Add 0 mg L-1

—e—Add 5 mg L1

Time (h)

Figure 6.14 Mg influence on phosphate uptake
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Figure 6.15 shows the soluble Mg®*, K" and Ca®* profiles during Trial I The
calcium profile shows that it increases with time. The increase in Ca®" was probably
from solubilisation of solid magnesium calcium carbonate as discussed in Section 6.4.1.
The added Mg”* may have enhanced this process (Snoeyink and Jenkins, 1980). The
Mg** profile also shows a slight increase with Ca®* during the anaerobic period. These
results show the likelihood of precipitated magnesium calcium carbonate in the sludge.
The Mg?* concentration in the aerobic period decreases-probably due to the uptake of P.

The K" profile remains relatively steady through out.

Anaerobic Aerobic

60 - I | e

Ca, Mg and K (mg L")

Time (h)

Figure 6.15 Soluble Mg**, K" and Ca®" in mixed liquor in a batch test with 10 mg L™ Mg**
addition

Polyphosphate storage rate is a key kinetic parameter in the ASM 2 model for the
simulation of biological phosphorous removal. Mg®* is a limiting factor for P uptake in
meat processing wastewater treatment. Imai ez al. (1988) found that when Mg®* was less
than 8 mg L', the effluent P concentration decreased linearly with increases of Mg?* in
the feed (artificial wastewater). When influent Mg?* was more than 8 mg L™, P in the
effluent was almost constant (Imai ez al., 1988). Ky et al. (2001) also reported the
limitation of Mg®* in P uptake in a cheese factory effluent treatment. The limitation of
Mg?* in the P storage rate is given in a Monod function MSwmg = Smg/(Smg + Kumg), Where
Smg Tepresents the soluble Mg®* concentration and Ky, the half saturation constant (Ky
et al., 2001). The half saturation constant for Mg?* was determined in this study as

described below.



123

SM
q= qm{ gw—} (6.11)

KMg +SMg

where q = P uptake rate and gmax = maximum P uptake rate

Other limitations in the P uptake were assumed to be similar for both Trials II and
IIL. Table 6.11 shows the Mg®" concentration at the beginning of the anaerobic period
and the P storage rate. Only Trial II and III data were considered for the half saturation
constant calculation. In both trials the same amount of P was released in the anaerobic
period. The P uptake rate was assumed to be zero when there was no Mg?" in the initial

anaerobic period (Rickard & McClintock, 1992).

Table 6.11 Relationship between Mg’* concentration at the beginning of the anaerobic
period and the P storage rate.

Mg"" concentration P uptake rate
(mg L™ (mg P (g VSS d))
0 0
3.5 156
8.5 235

Figure 6.16 shows the P uptake rate is increased with soluble Mg?* concentration in
the mixed liquor, in the Monod saturation kinetic. By linearising the Monod curve K,

was found to be 4.7 mg L™
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Figure 6.16 Relationship between Mg** concentration at the beginning of the anaerobic
period and the P storage rate

6.5 Anoxic phosphorus uptake and release

In the early stages of biological nutrient removal processes, it was assumed that the
Bio-P bacteria could not use nitrate as an electron acceptor and, hence, could grow and
accumulate phosphate only under aerobic conditions (Wentzel et al., 1989). However,
later researchers have claimed that a significant fraction of Bio-P bacteria could take up
phosphate in the anoxic phase too (Kermmn-Jespersen & Henze, 1993; Kuba et al., 1993;
Mino et al., 1998). The anaerobic anoxic P removal system has potential for saving
energy, reducing biomass production and maximising the COD available for N and P
removal (Kuba et al., 1993). The presence of nitrate reduces phosphate release in the
anaerobic phase and diminishes its uptake in the aerobic phase (Comeau et al., 1986;
Hascoet & Florentz, 1985). A possible reason for the reduction of phosphate release by
nitrate is that phosphate release and uptake occur simultaneously in the presence of

nitrate and an organic substrate (Gerber et al., 1987).

The denitrifying capability of Bio-P bacteria is also important in modelling for the
better prediction of the behaviour of P and N compounds like PO4 — P, NH3 — N and
NO; — N. They can be predicted only by introducing denitrifying Bio-P bacteria in
mathematical modelling of EBPR (Henze et al., 1999; Kuba et al., 1996; Mino et al.,
1995; Mino et al., 1998). In the ASM 2d, the denitrifying Bio-P fraction is accounted

for by a reduced anoxic activity of Bio-P in the anoxic condition (60 % of the aerobic
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activity). In order to verify the existence of denitrifying Bio-P bacteria in the SBR

sludge in this study the following experiment was carried out.

One anoxic-anoxic batch reactor (AA) and one anaerobic-aerobic batch reactor
(AQ) were set up. In the AA reactor sodium acetate and potassium nitrate were added so
that final HAc and nitrate nitrogen were 225 and 25 mg L™ respectively. In the AO
reactor only sodium acetate was added so that the final HAc was 75 mg L. The pH of
the mixed liquor was controlled between 7 — 7.5 using 0.5 N HCI and NaOH. Nitrogen
gas was purged continuously during the anaerobic period in the AO reactor. The
anoxic/anaerobic period was 2 h followed by 3 h of anoxic/aerobic conditions. After 2 h
25 mg L™ nitrate nitrogen was again added to the AA reactor. Nitrogen gas was sparged
continuously through the AA reactor. The AO reactor DO was controlled between 3.5 —
4 mg L during the aerobic period. The reactors were kept in a 22 + 2°C controlled
temperature room. Samples were taken at 0.5 h intervals for HAc, NO; — N and PO4— P

measurements.

Figure 6.17 shows the P uptake and release in the AA and AO reactors. The initial
P release rate in the AO and AA reactors were 14.3 and 5.8 mg P (g VSS h)” and the
HAc COD removal rates were 25.5 and 115.2 mg COD (g VSS h)'. The P release rate
was lower in the anoxic condition than in the anaerobic condition. This demonstrates
the kinetic competition for the available acetate under anoxic condition. Nitrate would
reduce the phosphorus release rate and increase acetate removal rate simultaneously
(Chuang et al., 1996). According to Chuang et al. (1996), when the substrate is
abundant under anoxic conditions, the sludge is under a ‘releasable phosphorus limited’
condition. The anoxic P release rate was 40 % of the anaerobic P release rate in this
study. A denitrification rate of 11.9 mg NO; — N (g VSS h)" was also observed in this
study. This simultaneous release of phosphorous and denitrification observed in the AA
reactor in this study demonstrates simultaneous uptake and release of P (Filipe &
Daigger, 1999; Gerber et al., 1987). The total P release in the AA reactor (34.33 mg L'l)
was 80 % of that of the AO reactor (42.85 mg L™).
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Figure 6.17 Anoxic — anoxic and anaerobic — aerobic batch tests

It has been shown that the contribution of phosphate removal by denitrifying Bio-P to
the total P removal could be calculated from the ratio of the anoxic phosphate uptake
rate to the aerobic phosphate uptake rate (Wachtmeister et al., 1997). This is based on
the fact that the denitrifying Bio-P can take up the phosphate at nearly the same rate
under both aerobic and anoxic conditions, whereas aerobic Bio-P are inactive under the
anoxic condition (Lee et al., 2001). The average anoxic and aerobic P uptake rates were

3.3 and 6.8 mg P (g VSS h)! during the first hour in this study. Therefore, the
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denitrifying Bio-P fraction was 48 % of the total Bio-P. However, there was about an 80
% P release observed in the AA reactor. This could reduce the analytical fraction of the
denitrifying Bio-P. The denitrification rate during the anoxic P uptake was 2.3 mg NOs
— N (g VSS h)!. This is similar to the denitrification rate obtained with the slowly

biodegradable COD of meat processing wastewater as discussed in Chapter IV.

6.6 Phosphorus release during the pH adjustment

The phosphorus release during the anaerobic period depends on the NOs; — N
concentration and pH (Smolders et al., 1995a, b). The effect of pH adjustment on the P
release was checked using one of the anoxic batch tests discussed in Chapter IV. In this
test, pH was not regulated until it increased above 8. At 0.7 h the pH was 8.05 and
immediately after that the pH was brought to 7 by 0.5 N HCl. At 0.93 h the pH

increased above 8 and was readjusted to 7.

Figure 6.18(a) shows the NO; — N, NOs; — N and PO, — P profiles during the anoxic
batch test. The NO, — N profile shows an accumulation of NO; — N with time. Although
partial denitrification to nitrite is rarely detected in traditional activated sludge
processes, it is often reported when the biomass is exposed to highly transient
conditions (Almeida et al., 1995 a, b ; Beun et al., 2000; Wilderer et al., 1987). Due to
the higher nitrite concentration, an equivalent amount of nitrate (0.6 NO, — N + NO3 ~
N) was used to determine the denitrification profile (Henze, 1986). However, the
denitrification profile was not linear with time, as shown in Figure 6.18 (b). The P
profile shows a sudden release of P after the pH adjustment. This was also reported by
Comeau et al. (1986). The observed non-linear denitrification profile was probably due
to the sudden release of P. Using the energy derived from hydrolysis of poly-P, Bio-P
bacteria could consume some of the available RBCOD, which might have affected the
denitrification profile. Interestingly, when the equivalent NO3 — N was decreased in
proportion to the increased P, the denitrification profile was linear (Figure 6.18 (b)).
This indicates that an equivalent amount of RBCOD is required for 1 g of NO3 — N to
be denitrified and also for the release of 1 g of PO4— P. As discussed in Equation 6.9,
the required COD for 1 g of NO3 — N to be denitrified is about 7.7 g. This is shown
below, where RBCOD is assumed as SCFA COD.
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7.7gCOD:> 0.13gP
gPO,-P 1gSCFA COD

In other words, 0.13 g P was released per g of SCFA COD removed in the anoxic
conditions at sudden pH adjustment. This clearly shows that pH and oxidised nitrogen

influence the anaerobic P release.
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Figure 6.18 N and P profiles in an anoxic batch test

6.7 Summary

In the chapter, the meat processing wastewater was characterised to determine the key

kinetic and stoichiometric parameters required in the ASM 1 and ASM 2 models. Also
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key processes involved in biological P removal were identified. The maximum specific
growth rate of heterotrophs, half saturation constant and yield coefficient (COD basis)
were 1.2 - 2.5d", 2 — 12 mg L and 0.63 respectively. The maximum specific growth
rate of autotrophs was 0.65 — 0.8 d'. The heterotrophic Task Group model decay
coefficient was 0.36 d™".

The highest phosphorous release rate of 10.4 mg P (g VSS. h)™' and a highest poly-P
storage rate of 9.3 mg P (g VSS. h)"! were determined from the SBR cycle study. The
average PHA storage rate of 47 mg PHA COD (g VSS h)" was observed in the first
hour of the anaerobic period in an acetate batch study with 75 mg L' HAc
concentration. The average glycogen storage rate was 9.97 mg glycogen COD (g VSS
h)"! during the first hour of the aerobic period in the same acetate batch study. During
this SBR cycle study the sludge P concentration was 4.17 % of VSS at the end of the
aerobic period. A low sludge P content of 1.37 % of VSS was observed in the acetate

batch test with 200 mg L™ HAc concentration at the end of the anaerobic period.

The anaerobic P release in the SBR treatment of meat processing wastewater was
not limited by the stored glycogen and poly-P; however the available SCFA COD in the
meat processing wastewater limited the anaerobic P release. During the anaerobic
period unutilised HAc COD by Bio-P bacteria were found. The glycogen concentration
increased in the initial anaerobic period and then decreased during the remaining
anaerobic period. The glycogen concentration decreased during the anoxic as well as in
the final aerobic period. PHB and PHV COD were about 65 and 35 % respectively of
the total PHA COD measured in the meat processing wastewater sludge. The PHA
concentration increased during the fast release of P but was almost constant during the
slow release of P. A low PHA COD of 5.1 mg L' PHA COD (g VSS)"' was observed

towards the end of aerobic periods.

The P release per g SCFA COD utilised in meat processing wastewater was 0.9 —
0.95 g during the anaerobic period. Also, while for 1 g of SCFA COD removed, 1.25 g
PHA COD was produced. These stoichiometric parameters were considered unrealistic
due to the unknown storage components other than PHB and PHV and glycogen. The
stoichiometric relationship was determined in a batch test using limited acetate and the
acclimatised sludge obtained from meat processing wastewater treatment by the SBR.
In this batch test, 1 g of PHA COD was produced from 0.68 g of HAc COD and 0.27 g
of glycogen COD, while 0.33 g of P was released during the anaerobic period. In the
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aerobic period, for every 1 g of PHA COD utilised, 0.49 g P and 0.3 g glycogen COD

were stored.

In the batch test with excess substrate, despite the presence of a substantial amount
of extracellular acetate, the release of P under the anaerobic condition appeared to be
limited once a fixed portion of intracellular P had been released. The amount of
intracellular PHA increased in the subsequent aerobic condition in the presence of a
sufficient amount of extracellular acetate, but the amount decreased when the
extracellular acetate had been depleted. Similarly, the amount of intracellular glycogen
initially increased, and then remained constant following the decrease in PHA content.
In the poly-P limited condition a lower PHA COD was stored per g of HAc COD

removed.

The mol ratios of K* with PO, — P were 0.21 during the anaerobic period, and 0.23
during the aerobic period. The mol ratios of Mg*" with PO, — P were 0.21 during the
anaerobic period, and 0.33 during the aerobic period. Calcite and magnesium calcium
carbonate solids were possibly formed during the meat processing wastewater treatment
by an SBR. Mg** was a limiting factor for the P uptake and the uptake rate could be
explained by a Monod kinetic. In the Monod kinetic expression the magnesium half

saturation constant was found to be 4.7 mg L™

In the presence of an extemal carbon source simultaneous P uptake and release and
denitrification were observed in the anoxic batch test. This indicates the presence of a
competition between denitrifiers and Bio-P for the carbon source during the anoxic
period. Reduced anoxic P uptake rate compared to the oxic P uptake rate indicates that a
fraction of Bio-P bacteria had a denitrifying capacity in the meat processing wastewater

treatment by an SBR.

The P release per g HAc COD removal depends on the pH, NO3; — N concentration
and Mg?" concentration (under a non-steady state) in the mixed liquor. The sudden
adjustment of pH caused P release in the anoxic batch test. During this period 0.13 g P

was released per 1 g of SCFA COD removed.
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CHAPTER VII

APPLICATION OF ACTIVATED SLUDGE MODELS

7.1 Introduction

Mathematical models are powerful tools by which the designers of biological
wastewater treatment systems can investigate the performance of potential systems
under a variety of conditions. Using mechanistic models, many potentially feasible
solutions may be evaluated quickly and inexpensively, thereby only the more
favourable ones will be selected for actual testing by a physical model. Models may also
be used for controlling the reactor operations. Such a model should be simple to use and

capable of predicting performance accurately.

The development of the Activated Sludge Model No. 1 (ASM 1) by the IAWPRC
Task Group allowed prediction of organic matter degradation, nitrification and
denitrification in suspended sludge systems (Henze et al., 1987a). The ASM 1 model is
a major step forward in modelling activated sludge systems. Deeper understanding of
the biological phosphorus removal mechanism has led to the development of more
comprehensive models for biological carbon, nitrogen and phosphorus removal in
activated sludge systems. Phosphorus removal was included in ASM 2 by the [AWQ
Task Group (Henze et al., 1995). The ASM 2 model is based on the TCA cycle for
deriving the reducing power required for PHA formation (Mino et al., 1998; Smolders
et al., 1995b). Also, the denitrification capability of Bio-P is not considered in the ASM
2 model. The subsequent ASM 2d model (Henze et al., 1999) incorporates the

denitrification process by Bio-P bacteria.

Key kinetic and stoichiometric parameters are discussed in Chapter VI for
simulation of Sequencing Batch Reactor (SBR) treatment of meat processing
wastewater by the ASM 1 and ASM 2 models. Also in Chapter VI the anoxic
phosphorus uptake process, glycogen involvement in PHA storage process and Mg2+
requirement in phosphorus uptake were identified during the SBR treatment of meat
processing wastewater. Most of the biologically active phosphate esters are, for
instance, present in the cell as magnesium complexes. Also the phospho-lipoproteins of

bacterial cell walls are chelated with magnesium ions (Gottschalk, 1979).
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Even though the applicability of ASM 2 model was tested for domestic wastewater
by several workers, it has not yet been tested for meat processing wastewater. For the
prediction of glycogen and Mg2+ concentration during the SBR treatment the activated
sludge model No. 2 was modified. The modified model can predict the glycogen and

Mg?®" profiles during different scenarios of operating condition.

In this chapter, the modifications made to the ASM 1 and ASM 2 models to
incorporate all the major processes that take place in an SBR cycle during the treatment
of meat processing wastewater, calibration and validation of the models are discussed.
The optimisation of phases in a 6-h cycle for COD and nutrients removal is also

considered.

7.2 Activated Sludge Model No. 1 (ASM 1)
7.2.1 Model description

The development of mechanistic mathematical models to describe biological
wastewater treatment has been evolutionary. The key to successful modelling of the
oxygen consumption pattern in activated sludge was the recognition that part of the
substrate is used directly for synthesis, with a direct coupling between substrate
consumption, biomass growth and oxygen utilisation. Another portion of the substrate is
removed rapidly from the liquid phase through storage processes that do not require
oxygen consumption (Clifft & Andrews, 1981). The substrate storage mechanism
suggested by Clifft and Andrews is illustrated in Figure 7.1. The IAWPRC task group
recognised the substrate storage mechanism, but they were unconvinced of the
generality of the storage process (Grady, 1989). A flow diagram for the ASM 1 model
produced by the IAWPRC is given in Figure 7.2.

The ASM 3 model (Gujer et al., 1999) has evolved from the ASM 1 model. The
ASM 3 corrects some deficiencies in the ASM 1 (Henze et al., 1987a). It includes the
storage of organic substrates as a new process. However, the storage components are
difficult to identify and quantify for real wastewater. Further experiments will have to
be performed specifically for calibrating ASM 3 more accurately (e.g. heterotrophic
storage of organic substrate) (Koch et al., 2000). Also phosphorus removal processes
were not included in the ASM 3. But the ASM 2 can simulate organic carbon and

nutrient removal, and overcome most of the limitations in the ASM 1. The concept of
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death-regeneration is used in the ASM 1 and ASM 2 models, whereas the concept of
endogenous respiration is used in the ASM 3. Therefore, in this study model
simulations were carried out using both the ASM 1 and ASM 2, and the results were

compared.

CO,

ﬁ/ Direct synthesis

CO, \
Soluble O Stored o« Synthesis | Active

substrate ~| mass J mass
A 0,
O CO;
Floc
Fluid phase ase ™
Decay
Y
Particulate _ | Stored particulate Inert
substrate ( substrate mass
Figure 7.1 Flow diagram for model used by Clifft and Andrews (1981)
Fluid phase Floc phase
Direct synthesis # 1 - -
Readily biodegradable A_CUVC heterotrophic
substrate, Sg i > biomass, Xpn
0, CO,
Decay # 4
Hydrolysis # 7

Slowly Entrapment Entrapped slowly Inert products
biodegradable »| biodegradable from biomass
substrate, Xg (Instantaneous) substrate, Xg decay, Xp

Figure 7.2 Flow diagram for the ASM 1 model (Grady, 1989)

A detailed description of the ASM 1 model can be found in Henze et al. (1987b)
and Grady (1989). The key features of the model are outlined below. The processes
incorporated into the ASM 1, and the procedures for its use, are in Table 7.1. All
components in the model are listed by symbols across the top of the table, while their

definitions are given in the bottom row. The fundamental processes which are important
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in single sludge systems are listed down the extreme left column, while the rate
expressions chosen to represent them are listed on the extreme right. The parameters in
these rate expressions are defined in the lower right hand comer. The body of the matrix
contains the stoichiometric coefficients, which are defined in the lower left comer. If a
particular process has no impact upon a given component, then the box formed by the

intersection of the process row and component column is blank.

The concentrations of all organic components, whether soluble (S) or particulate
(X), are given in units of chemical oxygen demand (mg L™' COD). The concentrations of
all nitrogen species are given as nitrogen (mg N L™). Consequently, two conversion
factors 2.86 and 4.57 are used in the matrix to convert nitrate nitrogen and ammonia
nitrogen concentrations respectively, to an equivalent COD basis for calculating nitrate

or oxygen utilisation rates.

Construction of the observed conversion rate for a component is accomplished by
moving down the column i corresponding to that component and summing the product

of each process rate p;times the appropriate stoichiometric coefficient v, as shown in

Equation 7.1.

rn= Y v,p;, for i=1->13 (7.1)

j=1-8

For example, the observed conversion rate for readily biodegradable substrate (Ss)

(component 2) is given by Equation 7.2.

¥y =V, P +V +v (7.2)
2 = V1P TVpPo tVp7Py



Table 7.1 Activated sludge model No. 1 (Henze et al., 1987a, b)

Component —» i 1 2 3 4 5 6 7 8 9 10 11 12 13
i Process ) S Ss X Xs | Xan | Xoa | Xe So2 Sno Swi Swo Xno Sax Processrate, pj (ML)
i -1 1 _1-Y ~ixB -ixB NS S .
1 Aerobic growth of heterotrophs = _in 4 M Rsass _Lko,mso Xg.H
- = 1 17, -ixB Yy el o~ _Ss _ KoH SNO .
2 Anoxic growth of heterotrophs = Wﬁ? T il "Hrsos o e w0 e g B
i 1 4.57-, 1 I ~ixp 1 A Swy So
3 Aerobic growth of autotrophs _7‘1 T B P AT _Q_KO'“SO X5.4
. by-
4 “Decay” of heterotrophs 1-/p -1 IP ixa-Jp-ixp HXB.H
S “Decay” of autotrophs 1-/p -1 ip ixB - fPiXP by XA
6 Ammonification of soluble 1 -1 45 k- Shp| —2. = Ko.H Sno ] Xp 1
organic nitrogen " * " Ko#+So " KoH+So Kno+Sno |
7 “Hydrolysis” of entrapped 1 -1 xs/Xsu [ so e OH SNO__ |y
organics Kx+Xs/XgH| Ko.H+So " Ko.H+SO KNO*SNO
8 “Hydr.o]y§is” of entrapped 1 1 £ 7,_x ND
organic nitrogen Xs
Observed conversion rates (M 13T r = Kinetic parameters:
i yp J
j .
Stoichiometric parameters: Heterotrophic growth and decay
o - A
J. — S 2 | : K$.KO,H . KNOSH
Heterotrophic yield: Yy - a ’é\ a o) = @ , g:,n “y /
Autotrophic yield: Y, . 8 o) 9 a = g » . g 3 Autotrophic growth and decay
Fraction of biomass yielding particulate a < e = S Q a0 = = o &= A
S = = = = S = (@) S 2 o KNH.KO,A.b4
products: sp o} o > g s Qo s o) Z - = 5 By KO, 4,
Mass N/mass COD in biomass: ixs % E 33 'g é = & % = % ; 0 Correction factor for anoxic growth of
. @ =1 ] 00 = o 0
Mass N/mass COD in products from £ = E é E é e o 8 S %o ° a3 heterotrophs: ng
9 7] ) =] . .
biomass: ixp g ® 2 & 5 S 5 8 g ! 2 & g Ammonification : kg
e |3 |& |2 |2 [5 |2.]39 E | B 5 |8 5 .
g 3 & 3 £ -2 o | @ Q o ° % ) Hydrolysis : ka, Kx
=~ . - . . .
? & 5 g £ :‘é B 8 '% g E % 3 2 Correction factor for anoxic hydrolysis: 7
8 c © S = 5 = .2
5 |3 |£ |8 |8 [ |59 & 2 | £ 2 |e I
£ 2 = B 2 3 23| ¢ S Z o | e z
2 |2 |3 [z |2 |g [35|8 |g |& |22(32 |3
= |8 |g |2 [§5 |5 |:§8|¢% £ |2 2¢|5¢ |2
@ & & 7] < < £3| S z Z &3 | & <

Note : The process rate 6 is modified according to Oles and Wilderer, 1991

SEl



136

The observed reaction rates can be substituted into the mass balance Equation 2.8 or
Equation 2.9 to formulate a model of the SBR to depict the fate of the components (Oles
& Wilderer, 1991). The components and the process rate equations in Table 7.1 are
essential to a realistic simulation. However, the expressions might not depict perfectly
the actual reactions occurring within a system (Henze et al., 1987b; van Loosdrecht &
Henze, 1999).

Switching functions: The ASM 1 incorporated switching functions for some

processes, to turn them on and off as environmental conditions change. These are
introduced so that the functions are mathematically continuous to help to eliminate
problems of numerical instability, which can occur during simulation with models that

include rate equations that are switched on and off discontinuously.

Organic_matter COD: In the ASM 1, the organic matter COD in wastewater is

subdivided as shown in Figure 7.3. Inert organic matter passes through an activated
sludge system unchanged. Inert soluble organic matter leaves the system at the same
concentration as it enters. Inert suspended organic matter becomes enmeshed in the
activated sludge and is removed from the system through sludge wastage. The readily
biodegradable substrate (Ss) which consists of simple molecules is treated as if it were
soluble, whereas the slowly biodegradable material (Xs), consisting of complex

molecules, is treated as if it were particulate, although some may indeed be soluble.

Total influent COD

3 3

Total Total inert COD
biodegradable
COD
¥ Y
biodegradable biodegradable Soluble inert Particulate
COD COD COD inert COD

Figure 7.3 Distribution of COD fractions in wastewater
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Ss is considered to be the only substrate for the growth of heterotrophic biomass,
which can convert it into new biomass under either aerobic or anoxic conditions. The
electrons associated with the expenditure of energy for cell synthesis are transferred to

the exogenous electron acceptors (oxygen or nitrate).

Xs is considered in the model to be removed from suspension instantaneously by
entrapment in the bioflocs. However, once there, it must be acted upon extracellularly
and converted into Ss before it can be used by the heterotrophic biomass for growth.
The reactions involved in this conversion are called “hydrolysis” in the model, although
in reality they are likely to be more complex. It is assumed that hydrolysis involves no
energy utilisation, and thus there is no utilisation of an electron acceptor associated with

it.

The degradation of Xg is very important to the realistic modelling of activated
sludge systems, because it is primarily responsible for the attainment of realistic space-
time and real-time dependent electron acceptor profiles. In the ASM 1, the hydrolysis
process is modelled so that the rate appears to saturate, as the amount of entrapped
substrate becomes large in proportion to the biomass. In addition, the rate of hydrolysis
is usually considerably lower than the specific rate of utilisation of Sg, so it becomes the
rate-limiting factor in the growth of biomass when only Xg is present. Furthermore,
because of the need for enzyme synthesis, it was reasoned that the rate would be
dependent on the concentration of the electron acceptor present and would be lower
under anoxic conditions than under aerobic conditions. The anaerobic hydrolysis is

assumed to be negligible in the ASM 1 model.

Heterotrophic biomass: Heterotrophic biomass is generated by growth in Ss under

either aerobic or anoxic conditions, but its generation is assumed to stop under
anaerobic conditions. Biomass is lost by decay, which incorporates a large number of
mechanisms, including endogenous metabolism, death, predation and lysis (Henze et
al., 1987 a, b; van Loosdrecht & Henze, 1999). The most common technique used for
modelling decay under aerobic conditions is to incorporate all of the mechanisms into a
single rate expression, which is first order with respect to the concentration of the active
biomass. Also, each unit of biomass COD lost results in the utilisation of an equivalent
amount of oxygen. This approach, however, causes problems when other electron

acceptors are considered. To avoid the problem, the death regeneration model of Dold et
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al. (1980) was adopted, and is depicted in row 4 of Table 7.1. Both endogenous decay

and death-regeneration approaches are illustrated in Figure 7.4.

5.0

(a) Death regeneration (b) Endogenous decay

Figure 7.4 Illustration of death-regeneration and endogenous decay models
(Orhon & Artan, 1994)

In the regeneration model, decay converts the biomass into a combination of X and
particulate inert products. The inert particulate biomass products act to reduce the
viability of the suspended solids in a bioreactor. No loss of COD is involved in this
reaction. Furthermore, decay continues at a constant rate regardless of the type of
electron acceptor present. The use of an electron acceptor that is normally associated
with decay occurs as a result of cell growth on the Sg, which arises from hydrolysis of
the X released by decay. If conditions are aerobic, oxygen will be used. If conditions
are anoxic, nitrate will be used. If neither oxygen nor nitrate is available, no conversion
occurs and the X accumulates. When an electron acceptor becomes available, the X
will be converted and used. A portion of the biomass lost by decay is reconverted into
new biomass via the use of the Sy resulting from the Xs released. Because of this
conversion, the decay rate coefficient must be higher, so that the same net loss of

biomass is achieved as in the conventional method of modelling decay.

Nitrogenous matter: Nitrogenous matter in wastewater is subdivided in the model as
shown in Figure 7.5 (Orhon & Artan, 1994). With respect to the non-biodegradable
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fraction, the particulate and soluble portions are those associated with the non-

biodegradable particulate and soluble COD respectively.

Total nitrogen
(TKN +NO; —-N +NO;-N)

A J \

Inorganic nitrogen Organic nitrogen
I
A A
Soluble organic Particulate
nitrogen organic nitrogen
A A
Free + Nitrate and Non- Biodegradable Biodegradable Non-
Saline nitrite biodegradable nitrogen nitrogen biodegradable
ammonia nitrogen nitrogen nitrogen

Figure 7.5 Wastewater characterisation for nitrogenous components
(Orhon & Artan, 1994)

Particulate biodegradable organic nitrogen (Xyp) is hydrolysed to soluble
biodegradable organic nitrogen (Syp) in parallel with the hydrolysis of Xs. The Syp is
converted to ammonia by heterotrophic bacteria. Oles and Wilderer (1991) modified the
ammonification of Syp process rate by assuming that it depends on terminal electron
acceptor conditions. The modification was obtained by adding switching functions for
aerobic and anoxic conditions to the ammonification process rate. Anoxic
ammonification activity is assumed to be govemed by the same limiting factors as
anoxic growth activity. The ammonia serves as the nitrogen source for synthesis of
heterotrophic and autotrophic biomass, and as the energy supply for the growth of
autotrophic nitrifying bacteria. For simplicity, the autotrophic conversion of ammonia to
nitrate nitrogen is considered to be a single-step process, which requires oxygen. The
nitrate formed may serve as a terminal electron acceptor for heterotrophic bacteria under
anoxic conditions, yielding nitrogen gas. Cell decay of either autotrophic or

heterotrophic biomass leads to the release of Xp which re-enters the cycle.
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Autotrophic biomass: Autotrophic biomass is forined by growth at the expense of

ammonia nitrogen under aerobic conditions. The decay of autotrophs follows the same

pattern as the decay of heterotrophs.

Alkalinity: The processes are assumed to be independent of alkalinity. Inclusion of
the alkalinity in the ASM 1 provides information on any undue changes in pH. All
reactions involving addition or subtraction of protons will cause changes in alkalinity.

The primary reactions affecting alkalinity involve nitrogen and are shown in Table 7.1.

7.2.2 Calibration of the modified ASM 1 model

The process of ammonification of soluble organic nitrogen in the ASM 1 model was
modified as discussed in Section 7.2.1 in this chapter for the NO3 — N observed in the
initial anoxic/anaerobic period of the SBR cycle study. In the modelling NOs; — N was
taken as the equivalent of NO; — N plus 0.6 NO; — N. The model with the modification
will be referred to as the modified ASM 1 model. The SBR cycle study described in
Section 6.3.1.1 in Chapter VI was used to calibrate the ASM 1 model.

The characteristics of the wastewater used for the model calibration are described in
Section 6.3.1.1. The short chain fatty acid COD (SCFA COD) of the wastewater was
taken as the readily biodegradable COD (RBCOD), as RBCOD was not measured
during the SBR cycle study. The RBCOD or the SCFA COD of the wastewater was not
determined during the cycle study described in Section 5.5. Therefore the RBCOD was
taken as the average RBCOD found in Chapter IV (17 % of the TCOD). In general, for
the validation of the calibrated models it is necessary to have several data sets that have
been obtained independently from the data used for calibration. In this study the
experimental data were all obtained from the same SBR reactor, but cycle studies were
carried out at periods of time some three months apart. The data sets from such cycle
studies were assumed to be independent data sets. The soluble and particulate
biodegradable organic nitrogen were taken as 42 % and 53 % respectively
corresponding to the rapidly hydrolysable and slowly hydrolysable COD fraction found
in Chapter IV. The influent heterotrophic biomass was not determined in this study but

was assumed to be negligible compared to the reactor biomass.

Most of the key kinetic and stoichiometric constants were detertnined from the

experimental results discussed in Chapter VI. Other parameters necessary for the model
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simulation were obtained by adjusting the default values of the ASM 1 model to best fit
(eye observation) the SBR cycle study results described in Section 6.3.1.1. In order to
do that, model calibration was initialised with the default values proposed in the ASM 1
model (Henze et al., 1987a). Then the parameters were adjusted to fit the experimental

data.

Kinetic and stoichiometric parameters: All kinetic and stoichiometric parameters for

the calibrated model are shown in Table 7.2. The values in bold type are those different
from the default values stipulated in ASM 1 (Henze et al., 1987a) for domestic

wastewater.

The values for parameters Y, ,u#,K; and p 4« were determined using experimental

results as described in Chapter VI. The heterotrophic decay coefficient was also
estimated using the experimental results as described in Chapter VI and, it was adjusted
to fit the calibration cycle experimental results. Predators such as protozoa and rotifers
influence the decay rate, therefore it may have to be adjusted to some extent during
model calibration (Huisman & Mino, 2002). The value of 0.24 d' thus obtained by
calibration was similar to the value reported by Gérgun et al. (1995). The value used for
k, was from Oles and Wilderer (1991). Other parameters were obtained by calibrating
the model to SBR cycle data, and the values thus obtained were within the range of
values reported by Henze et al. (1987a). Temperature correction was not made for these

parameters, as the SBR was operated at 22 + 2°C.

The total active biomass was calculated as 68 % of the measured volatile suspended
solids (VSS) at the end of the aerobic phase, using the expressions presented by Ekama
et al. (1986). A nitrifier fraction of 4.5 % of the total active biomass was assumed,
following Metcalf and Eddy (1991). This corresponds to a 5 d biochemical oxygen
demand (BODs) to TKN ratio of 5 — 6, where BODs was taken as 50 % of TCOD
(Cooper & Russell, 1991).

The code for the ASMI model was written in Matlab 5.3 (The Math Works, Natick,
MA, USA). The equations were solved using the Matlab function “ode45” for ordinary
differential equations systems. Codes for the script and function files in Matlab 5.3 are

given in Appendix C.
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ASM 1 model
Symbol Description Units Default Valuesusedin
valuein model
ASM 1
Y, Yield of autotrophic biomass g COD (g N)* 0.24 0.20 (adjusted)
Yu Yield of heterotrophic biomass g COD (g COD)? 0.67 0.63 (measured)
Mass of nitrogen per mass of COD in
ixs biomass g N (g COD)" in biomass 0.086 0.086
Fraction of biomass leading to particulate
Ie products = 0.08 0.08
h Mass of nitrogen per mass of COD in g N (g COD)" in products 0.0 0.06
L products from biomass from biomass 06 j
Maximum specific growth rate of
/A; heterotrophic biomass d! 6.0 2.0 (measured)
H
Half saturation coefficient for 3
Ks heterotrophic biomass gCODm 20.0 8.00 (measured)
Oxygen half saturation coefficient for 3
Kon heterotrophic biomass g0 m 0.20 0.20
Nitrate half saturation coefficient for o
Ko denitrifying heterotrophic biomass gNO;—Nm 050 0.50
b Decay coefficient for heterotrophic e 062 0.24 (measured
H biomass - and adjusted)
Correction factor for heterotrophic growth
ng rate under anoxic conditions ) Ty e
Correction factor for hydrolysis under
M anoxic conditions - 0.40 040
I Maximum specific hydrolysis rate gslopt biedieuadable GO o oo
(cell COD.d)" ’ ’
Half saturation coefficient for hydrolysis slowly biodegradable COD
Kx of slowly biodegradable substrate & (cell C%D)" 003 0.03
Maximum specific growth rate of
;1 autotrophic biomass d! 0.80 0.7S (measured)
A
Ky Ammonia half saturation coefficient for gNH; - N m? 1.00 1.00
autotrophic biomass
Koa Oxygen half saturation coefficient for g0, m” 0.40 1.2
autotrophic biomass (adjusted)
B, Decay coefficient for autotrophic biomass d! 0.15 0.1
(adjusted)
K, Ammonification rate m’ (g COD d)"! 0.08 0.40

(adjusted)
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Figure 7.6 shows the simulated and experimental NH3; — N and NO3 — N profiles of
the SBR cycle described in Section 6.3.1.1. The measured NO3 — N was slightly higher
than the model prediction during the anoxic period. This could be due to the observed
fast nitrification during the first aerobic period which was not simulated well by the

model.

Anoxic/Anaerobic Acrobic Anoxic Aerobic

! I

NO, - N and NH, - N (mg Lh

iy}
0“]"|:.]1'1EJ—|I—'I—]|:J"Cj . L =
0 1 2 3 4 b
Time (h)

Figure 7.6 Simulated and experimental NH; — N (—, Q) and NO; ~ N (-——, 0) during the
SBR cycle described in Section 6.3.1.1

7.2.3 Simulation of the SBR cycle described in Section 5.5

Using the calibrated ASM 1 model the experimental results described in Section 5.5
were simulated. Figure 7.7 shows the simulated and experimental NO; — N and NH3; — N
profiles. The simulated results in general are in good agreement with the experimental
results. The simulated NO; — N profile shows a steady increase during the first aerobic
period. However the experimental NO; — N increases at a slower rate. This was
probably due to greater nitrogen removal by the simultaneous nitrification and
denitrification (SND) process than in the calibration cycle during the first aerobic
period. The model slightly over-predicted the NO; — N during the second aerobic
period. The over-predicted NO3 — N is almost equal to the over predicted removal of
NH; — N as shown in Figure 7.7 (1.75 mg L"! NH3 — N). The fast removal of NH; — N in

the simulated results could be due to the assumed step increase in the DO (from 0 to
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3.75 mg L") in the model, as in the experiment the DO increased gradually over a 0.17

h period.

The simulation results suggest that the selected kinetic and stoichiometric
parameters for the modified ASM 1 simulation of meat processing wastewater treatment
of the SBR are reasonably reliable.

lAnoxic/AnaerobicI Aerobic?noxlic Aerobic |

14, : e —— .
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Time (h)

Figure 7.7 Simulated and experimental NH; — N (—, O) and NO; — N (~--—, [J) of
the SBR cycle described in Section 5.5

7.2.4 Sensitivity of the model parameters in ASM 1

Uncertainty in kinetic and stoichiometric experiments can lead to errors in
simulating wastewater treatment. Since the parameters differ in their contribution to the
model, error in each parameter will affect the simulation in a different way. A
sensitivity analysis was performed, therefore, on the effect of varying several kinetic
and stoichiometric parameters on simulated NH3s — N and NOs — N. The sensitivity (s)
of the parameters (p) with respect to the state variables, y (being effluent NH3; — N and

NO; — N) is a dimensionless number and was calculated as

(7.4)
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Where Ap is the change in the parameter value p, and Ay the change in the output y
(Van Veldhuizen et al., 1999).

In this study parameter values were changed by a factor of Ap =+0.2 Prom to

assess the sensitivity to the parameters in the effluent NH; — N and NO; — N. Here, pnom
is the model parameter value. The parameters, which have high sensitivity (s) values are
considered as more sensitive during the simulation of the effluent NH; — N and NO; —
N. Table 7.3 shows the more sensitive parameters and their sensitivity. The positive or
negative numbers show an increase or decrease in the state variables when the

parameters were perturbed.

Table 7.3 Sensitive kinetic and stoichiometric parameters of the ASM 1 model

Symbol Units Model value Ammonia nitrogen Oxidised nitrogen
220 % +20 % 20% | +20%
model model model model
value value value value

Stoichiometric parameters
Y, g COD (g Ny 0.20 -0.3 0.3 -1.3 1.6
Yy g COD (g COD)" 0.63 1.9 -1.6 2.1 0.7
ixs g N (g COD)" in biomass 0.086 -1.1 1.0 1.4 -1.3
Kinetic parameters

Koy g0, m? 0.20 0.0 0.0 1.1 -0.8
by d! 0.24 -1.0 1.0 0.2 -0.1
7, = 0.80 0.0 0.0 1.0 0.6
7, - 0.40 0.5 0.4 0.6 0.4
A d! 0.75 04 0.3 2.1 -1.2
Hy

Koa g0 m? 1.20 02 0.2 -0.9 1.1

Table 7.3 shows that in this study both NH; — N and NOs; — N were sensitive to the
heterotrophic yield coefficient, and the NOs; — N is most sensitive to the autotrophic
growth rate. Both of these parameters were determined from the experimental results.
The heterotrophic decay coefficient has a significant effect on the effluent NH; — N, the

value was adjusted during calibration to best fit the experimental results.
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7.3 Activated Sludge Model No. 2 (ASM2)

7.3.1. ASM 2 model description

The ASM 2 model is an extension of the ASM 1 and overcomes most of the

limitations in the ASM 1 (Gujer et al., 1999; Henze et al., 1995).

e ASM 1 does not include kinetic expressions, which can deal with the nutrient and

alkalinity limitations of heterotrophic organisms.

e ASM 1 includes biodegradable soluble and particulate organic nitrogen as model

components. These cannot easily be measured.

o The kinetics of ammonification in ASM 1 cannot really be quantified. This process
is eliminated in the ASM 2 by assuming a constant composition of all organic

components (constant N to COD ratio).

e ASM 1 differentiates inert particulate organic material depending on its origin, as
either wastewater inflow or biomass decay. It is impossible, however, to

differentiate these two fractions in reality.

e ASM 1 does not allow for the modelling of directly measurable mixed liquor

suspended solids.

The ASM 2 is more complex and includes many more components, which are
required in order to characterise the wastewater as well as the activated sludge.
Additionally, more biological processes are included, primarily for phosphorus
removal. In order to include biological phosphorus removal in the model, the biomass
is considered to have intemal stored components such as poly-f-hydroxyalkanoate
(PHA) and polyphosphate (poly-P). An example of the relationship between MLSS,
VSS, ash, storage compounds and active biomass is illustrated in Table 7.4 (Smolders
et al., 1995b). Activated Sludge Model No. 2 (ASM 2) (Henze et al., 1995) also has

some limitations.

The important limitations in the ASM 2 are
e Anoxic phosphorus uptake is not included

e Wastewater must contain sufficient Mg®* and K*
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Processes with overflow of substantial readily biodegradable substrate to the aerobic
phase cannot be modelled

It is assumed that there is no limitation of glycogen
It is assumed that the pH remains near neutral

Temperature is expected to be in the range of 10 — 25°C

Table 7.4 Composition of the biomass and the relation with MLSS and VSS

MLSS (100 %)

VSS (80 %) Ash (20 %)
Active Bio-P (18 %) Active Inert Ash from Poly-P Inorganic
heterotrophs autotrophs | organics active
(51%) | 28%) | biomass | (23-33%) | (55-70%)
PHB | Glycogen | Active (3%)
Bi (5-10 %)
6%) | (25%) S
(69 %)

The anoxic phosphorous uptake and glycogen storage capability of Bio-P bacteria

were later on included in Mino et al. (1995) sub-models. Important characteristics of

Bio-P and their implication in ASM 2 are summarised below and graphically shown in
Figure 7.8 (Mino et al., 1995).

Under anaerobic conditions, Bio-P takes up organic substrates and synthesises PHA,
with concurrent POs — P release as a result of poly-P degradation. Bio-Ps are
supposed to prefer low molecular fatty acids like acetate (Wentzel et al., 1985), and

are modelled in the ASM 2 to take up only fermentation products (Sa).

. Under aerobic conditions, Bio-P utilises PHA in the sludge as the energy and carbon
source for their own growth and polyphosphate recovery. Therefore the PHA, which
has been accumulated in the sludge during the preceding anaerobic phase, decreases
and PO4 — P in the bulk solution is taken up by Bio-P. These aerobic processes are

taken into account in the ASM 2.

There was an experimentally observed decrease in glycogen in the sludge under
anaerobic conditions, and a recovery under aerobic conditions. These observations,
imply that intracellular glycogen, which was analytically determined as glucose, is
utilised for anaerobic PHA synthesis and that a part of the accumulated PHA can be
converted to glycogen aerobically. Such a glycogen economy is not considered in

the ASM 2.
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4. The fact that PO4 — P is sometimes taken up in the sludge under anoxic conditions
indicates that Bio-P has denitrification capability. Bio-P in ASM 2 is modelled to be

unable to denitrify.

Anaerobic Anoxic/Aerobic

<Poly-P storage>
Xpp = /—\

i @ ‘ ! g =

<Aerobic growth of PAO>

<Denitriﬁcatiq‘)n;'>

Xpao

S,\ + E H >
<PHA Storage> L i
<Glycd:gd:n :bt{)rage::>
—  : Conversion i i i : ;
""" > :Enerav Flow : : i i E
Sa — Fermentation products Soz — 1 > HO
Spos  — Soluble phosphate phosphorus (Aerobic)
So2 — Oxygen concentration P
Snos — Nitrate N concentration i H
Sna — Dinitrogen concentration i : _ Sn2
Xpp — Polyphosphate Snos &
Xoly — Glycogen concentration (Anoxic)
Xpua  — Polyhydroxyalkanoates
concentration
Xpao  — Active Bio- P concentration

Figure 7.8 Metabolism of polyphosphate accumulating organisms (Mino et al., 1995)

7.3.2 ASM 2 model modification

As discussed in Chapters V and VI, anoxic phosphorus uptake was observed in this
study. In order to take into account these observations, four additional processes were
included in the ASM 2 for anoxic phosphorus storage and glycogen storage capability
of Bio-P from Mino’s sub-models (Mino et al., 1995). However, anoxic glycogen
storage was not thought to be significant in this study and was not included in the

modification.

Also the meat processing wastewater treatment showed a potential limitation of

Mg®* for the EBPR process, as discussed in Chapter VI. The effect of a limitation of



149

Mg?" in meat processing wastewater treatment was taken into account by multiplying

the aerobic and anoxic polyphosphate synthesis rates by a Monod type of saturation

S

T where Swmg represents the soluble Mg2+ concentration and Ky,
+

Mg

function,
Mg

the half saturation constant (Ky et al., 2001).

Table 7.5 shows the conversion factors, i, to be applied in the continuity equations
of modified ASM 2. Polyphosphates are assumed to have the composition of
(K0.33Mgp33P03), in the ASM 2 model. Since the ASM 2 does not account for K" and
Mg?*, the charge factor of —1/31 is added in the conversion factor table (Henze et al.,
1999). Components XgLy and Smg were also added in the ASM 2 conversion factor table
as shown in Table 7.5. For the component Mg?", a charge factor of +2/24 is added in the
conversion table. The complete process rate equations of the ASM 2 model and Mino’s
sub-models are shown in Table 7.6. Processes 11 and 12 were modified for Mg2+
limitation. Tables 7.7 — 7.11 show the stoichiometric coefficients for component i in
process j. A continuity equation, which is valid for all processes j and all materials ¢

subject to continuity, may be written as Equation 7.3 (Henze et al., 1995).

Z v +i; =0 for over all components i (7.3)

]

Detailed descriptions of the components and the processes are given in Henze et al.

(1995); Mino et al. (1995) and Henze et al. (1999).

In addition to the biological processes, the ASM 2 also includes two ‘chemical
processes’ to model the chemical precipitation of phosphorus. However, as discussed in
Chapters IV and VI, in meat processing wastewater chemical precipitation can be
assumed to be negligible. Further, simultaneous precipitation of P via addition of iron or
aluminium salts is not considered in this study, and hence the processes 20 and 21 are
not included in the model. The pH in this study was near neutral and the temperature

was in the range of 22 + 2°C.

The ASM 2 model with the additional processes added is hence hereinafter referred
to as the modified ASM 2 model.
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Table 7.5 Conversion factors i ; to be applied in the continuity equations of the modified
ASM 2 model. Missing values are equal to 0. The units of i; are M.M;" (Henze et al., 1999)

Index c: Continuity for COD N P Charge Mass
Factor: Icobi in ipg iCharge,i Irss,i

I Component | Units gCOD |[gN gP Mole" g TSS
1 Sz g0, -1

2 S g COD 1 st | ipsr

3 Sa ¢ COD 1 “1/64

4 SNH4 B N 1 +1/14

5 Sno3 gN -64/14 1 -1/14

6 Seos o P 1 1531

7 Sy g COD 1 InsI Ipsi

8 SALK Mole HCO})- -1

9 Swa gN 24/14 | 1

10 Xy g COD 1 inxi ipx1 IrssxI
11 Xs g COD 1 INxs ipxs iTssxs
12 XK g COD 1 inBM ipBM iTssBM
13 Xpao g COD 1 inBM ipBM iTssBM
14 Xpp g P 1 -1/31% 3.23
15 Xpin g COD 1 0.6
16 XauT g COD 1 iNBM ippM iTssBM
17 XTSS 4 TSS - 1RJ

18 XMeOH g TSS 1

19 Xner 2 TSS 0.205 1

20 XoLy g COD 1 0.84
21 9 g Mg Y

Note: a) Since TSS is counted twice this factor must be negative.
b) Since the ASM 2 does not account for K* and Mg?* this factor must compensate for
their charge.

Nomenclature:

Sa Fermentation products (mg COD L)

SaLk Alkalinity of the wastewater (mol HCOs L'l)

Sk Fermentable, readily biodegradable organic substrates (mg COD Lh
Si Inert soluble organic material (mg COD LY

Sn2 Dinitrogen (mg N L)

Snua Ammonium plus ammonia nitrogen (mg N L)

Snos Nitrate plus 0.6 times the nitrite nitrogen (mg N L™")
So2 Dissolved oxygen (mg O, L™)

Spoa Inorganic soluble phosphorus (mg P L)

Sme soluble magnesium concentration (mg Mg L)

Xaut Nitrifying organisms (mg COD L)

Xy Heterotrophic organisms (mg COD L)

X Inert particulate organic material (mg COD L)

Xpao Phosphate accumulating organisms (mg COD L)
XPHA A cell internal storage product of Bio-P (mg COD L)
Xpp Polyphosphate (mg P L)

Xs Slowly biodegradable substrates (mg COD L)

Xrtss Total suspended solids (mg TSS L)

IXGTY A cell intemal storage product of Bio-P (mg COD Lh
INSF N content of fermentable substrate Sk, gN(g COD)"
iNSI N content of inert soluble COD S;, gN(g coD)’

INXI N content of inert particulate COD X, gN(g CcoD)’!



INXS
INBM
ipsF
ipsi
ipxq
ipxs
ipBM
irssxr
i7ssxs
I7SSBM

N content of slowly biodegradable substrate Xs, gN(g COD)’!
N content of biomass Xy, Xpao, XauT, gN(g COD)'1

P content of fermentable substrate Sg, gP(g cop)’!

P content of inert soluble COD S;, gP(g COD)"

P content of inert particulate COD X, gP(g COD)’!

P content of slowly biodegradable substrate Xg, gP(g COD)™*
P content of biomass Xy, Xpao, XauT, gP(g COD)'1

TSS to X; ratio, gTSS(g COD)™!

TSS to Xs ratio, gTSS(g COD)’

TSS to biomass ratio for Xy, Xpao, Xaut, 2TSS(g COD)'1
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Table 7.6 Process rate equations (Henze et al., 1995; Mino et al., 1995)
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Process Process rate equation p; p;>0 [ML>T"]
Hydrolysis Processes:
1 Aerobic hydrolysis " S99 Xg/Xy
" Kpa+S02 Kx+Xs/Xy
2 | Anoxic hydrolysis X Koz Sno3 Xs/Xy
b Twosn Koy *So; Knos*Swoy Ky *Xs/Xy H
3 | Anaerobic hydrolysis . Koo Kno3 Xg/Xy e
n
B Koy +S0s KnostSnos Kx+Xs/Xy “H
Heterotrophic organisms: Xy
4 | Growthon " - So2 S¢Sk Swws  Spos  Swkx
fermentable h " Koy*Soz Ke*Sp Sp+S4 Knpa*Snua Kp*Spos Kux*Saux M
Substrates, Sg
5 | Growthon 502 S 54 SnH 4 Spo4 SHE
fermentation N K og 85 K 48, Sp+8y RnmetSumre Kp+Sppa K gretSapw.
products, Sa
6 | Denitrification with weom .02 Svos Sk Sk Swes Spos  _ Sak
Fermentable h vy "Kpa+So; Knos*Swos Kp+Sp Sp+Sy Knya+Snha Kp+Spos Kark*Sak ~H
substrates, Sg
7 | Denitrification with Koo Svos  S4 Sa_ SnHa  Spos  Sak
fermentation products, | “* N3 K, #50; Knos+Swos Ka+S4 Sp+S4 Knya+tSyga Kp+Spos Kax*Sax *H
p
Sa
8 | Fermentation Koa Knvos S SaLk
Y Kpa*S0; Kno3tSwos K p*S KakSax
9 Lysis by Xy
Phosphorus accumulating organisms (PAO): Xpao
10 | Storage of Xpya - $; Sirx Xop/Xps0 X6y /Xpao Xor0
K4Sy Kk +Saix Kpp+Xpp/Xpso Kt XGy /¥ pao
11 | Aerobic storage of . 552 Skoi Siix XpualXpao Kuax—XpplXpio Sng oo
Xep Ko2+S02 Kps+Spos K ik *Sark Kpua*X pralX pao Kipp+Kpax—Xpp/Xpao Kng*Smg
12 | Anoxic storage of Xpp Ko Snos
Pu=PiliNoap e S Ko 48
02 Kno3tSnos
13 | Aerobic growth on . So  Snya  Spos  Sauk  *pralXpao .
XpHa PAO "K2+S0; Knta*Snus Kp+Spos Kark *Satk  Kpra*Xpua/Xpao ~ PA°
14 | Anoxic growth on I KXo2  Snos
- o ONOSG
XPpHA 1413 TINO3P 5 0 Knos*Shos
15 LySiS of XPAO b S,{U{ X
PAO K 48 1 PAO
16 | Lysis of Xpp 5 SuK
e m— e
K 748
ALK *S ALk
17 | Lysis of Xpua by - Sk X
PHA'R 1 +S " PHA
22 | Glycogen storage S0z XppalX pao #
961 PAO
Y Koy+So3 Kpracy *XpHal X pao
23 | Lysis Xgyy b Suk Fon
Y Kk *Sark
Nitrifying organisms (autotrophic organisms) : Xaut
18 | Aerobic growth of So2 Snra Spo4 Sark
Haury s & s KatSroa K Sk AUT
Xaut 024UT*02 “NH4AUT*>NH4 “P*O P04 M ALKAUT YO ALK
19 | Lysis of Xyt barX 41
Simultaneous precipitation of phosphorus with ferric hydroxide Fe(OH);
20 | Precipitation kpreSpos X Meon
21 Redissolution o Sk
RED X MeP g 5
ALKRED ™" ALK




Table 7.7 Stoichiometry of hydrolysis processes

Process SF SNH4 Sp04 S| SALK XS XTSS

1 Aerobic hydrolysis 1-fg; 0.01 0.0 fs1 0.001 -1 -0.75

2 Anoxic hydrolysis 1-f51 0.01 0.0 fs1 0.001 -1 -0.75

3 Anaerobic hydrolysis 1-fg; 0.01 0.0 fs1 0.001 -1 -0.75

Table 7.8 Stoichiometry of the facultative heterotrophic organisms Xy
Process Soz SF SA SN03 SNZ Xl XS XH SNH4 SPO4 SALK XTSS

4 Aerobic A 1 -0.022 | -0.004 -0.001 | 09
growth on Sg | H

5 Aerobic ot —1_. 1 -0.07 | -0.02 0.021 09
growth on S, H ™H

6 Anoxic = ey | a-w 1 20022 | 0004 | 0.013 | 09
growth on Sg H 2861y | 286-TH

7 Anoxic 1| -y, -7, 1 007 | -0.02 0.035 |09
growth on Sy H 2861y ||| "286:TH)

8 Fermentation 3l 1 0.03 | 001 -0.014

9 Lysis fua 1-fu -1 0.032 | 001 0002 | -0.15

€61



Table 7.9 Stoichiometry of the phosphorus accumulating organisms, PAO

Process St | So2 Sa Snz Xi | Xs Xpao | Xep Xpra XoLy Smg SaLk Xrss SNH4
10 | Storage of -Ysa “Yeos | 1 -(1-Ysa) Ywmgena | 0.011 -0.735
Xpra
11 | Aerobic -Yeua 1 -YpHa -Ymgxep | 0.003 3.11
storage of Xpp
12 | Anoxic YPHA ~YPHA 1 Yeua Yuger | 0008 | 3.11
storage of Xep 2.86 286
13 | Aerobic psl 1 -1 -0.004 -0.052 | -0.07
growth of YP40 Y
Xeao a0
14 | Anoxic (-7, 0) | ~0¥pe0) 1 -1 0011 | -0.052 | -0.07
th of
g::)’ 0 286Y, ., | 286Yp,q V(5
15 | Lysis of Xea0 0.01 fxa 1-fi | -1 0.002 -0.15 0.032
16 | Lysis of Xpp -1 Y mexep -0.003 -3.23
17 | Lysis of Xpua 1 -1 -0.016 -0.6
22 | Storage of -1 1 0.24
XGLY
23 | Lysisof Xery | 1 -1 -0.84
Table 7.10 Stoichiometry of the growth and decay processes of nitrifying organisms X,yr
Process Soz Snus | Snos Xi Xs Xaur SaLk Xrss
18 Aerobic growth of | *"ar | -5.07 I 1 0.718 0.9
Xaur = AUT:
19 Lysis 0.032 fi; £, | -1 0.002 0.15

Table 7.11 Stoichiometry of the processes describing simultaneous precipitation of phosphorus

Process Spos SaLk XMeon XMep Xrss
20 Precipitation -1 0.048 -3.45 4.87 1.42
21 Redissolution 1 -0.048 345 -4.87 -1.42
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7.3.3 Calibration of the modified ASM 2

The kinetic and stoichiometric coefficients for carbon and nitrogen removal were
the same as those used in the ASM 1 model. For modelling the P removal the kinetic
parameters were best fitted to the experimental results of the SBR cycle described in
Section 6.3.1.1 during calibration using the modified ASM 2 model. The stoichiometric

parameters for the modelling of P removal were obtained from the acetate batch study

(Trial II) described in Section 6.3.1.3.

Stoichiometric and kinetic parameters : Table 7.12 shows the definition and values

of the stoichiometric and kinetic parameters used in the model for this study, compared
to the default values in the ASM 2d model (Henze et al., 1999). The numbers given in
bold type are those that are different from the default parameters in ASM 2d. The
stoichiometric coefficients of components Sa, Xpua, and Spos used in the model were
determined from the acetate batch study (Trial II, Section 6.3.1.3) as discussed in
Chapter VL. The PHA requirement for poly-P storage was taken as the default value in
the ASM 2d model. Parameters related to the component Xg;y were taken from Mino et
al. (1995). The value for Kyg was determined as 4.7 mg L' as discussed in Chapter VI.
The yield of Mg®* during PHA and poly-P storage was calculated from the Mg?* to PO,
— P molar ratio of 0.21 found during the anaerobic period (Section 6.4 in Chapter VI).
The autotrophic yield coefficient, the anoxic hydrolysis reduction factor, and the rate
coefficient for lysis of heterotrophs and autotrophs were all the same as those obtained
from the ASM 1 model calibration. The heterotrophic saturation coefficient for

substrates Sr and Sa was taken as the same as the Kg value found in this study (Table
7.12).

The rate constant value for poly-P storage, the rate constant value for PHA storage,
the saturation coefficient for fermentation, the anaerobic hydrolysis reduction factor,
and the saturation coefficients for oxygen to heterotrophic biomass were obtained by
fitting to the experimental results of the SBR cycle described in Section 6.3.1.1.
However they are within the values given in the literature (Brenner, 2000; Cinar et al.,
1998; Henze et al., 1987a; Wentzel et al., 1992). To simulate the NO3; — N during the
settling period, anoxic hydrolysis was assumed to be negligible during the settling
period. However, it is difficult to model this phenomenon, due to the complex nature of

the hindered and/or compression settling of sludge (Kazmi et al., 2001).



Table 7.12 Parameters definition and values used in the modified ASM 2 model for meat processing wastewater

Symbol Parameter Default valueASM 2d | Model value
Stoichiometric parameters

Hydrolysis

£ | Production of §; in hydrolysis 0 0

Heterotrophic biomass: Xu

Yy Yield coefficient, # COD (g COD)" 0.625 0.63

Fy; Fraction of inert COD generated in biomass lysis 0.10 0.10

Phosphorus accumulating organisms: Xe.»

Yri0 Yield coefficient (biomass/PHA), g COD (g COD)’’ 0.625 0.63

Yo04 PO4 release per PHA stored, g P (2 COD)’! 0.40 0.33

Y14 PHA requirement for PP storage, ¢ COD (g P)” 0.20 0.2

fxi Fraction of inert COD generated in biomass lysis 0.10 0.10

Y4 Sa requirement for PHA storage, g COD (g COD)“ 0.68

Yitorra Yield of magnesium during PHA storage g Mg (g COD)’' 0.065
| Yuexer Yield of magnesium during PP storage g Mg (g P)”’ 0.163

Nitrifying organisms: X+

Y, Yield of autotrophic biomass per NO;-N, g COD (g N)! 0.24 0.20

fur Fraction of inert COD generated in biomass lysis 0.10 0.10

Kinetic parameters

Hydrolysis of particulate substrate: X¢

K, Hydrolysis rate constant, d”’ 3.00 3.00

N3 Anoxic hydrolysis reduction factor 0.60 0.40

e Anaerobic hydrolysis reduction factor 0.40 0.02

Ko Saturation/inhibition coefficient for oxygen, g O, m> 0.20 0.50

Kyos Saturation/ inhibition coefficient for nitrate, g N m™ 0.50 0.50

Ky Saturation coefficient for particulate COD, i X< (g XH)" 0.10 0.10

Heterotrophic organisms: Xy

Hy Maximum growth rate on substrate, g Xs(g Xy d)” 6.00 2.0
| g Maximum rate for fermentation, g Sg (g Xy d)! 3.00 3.00

91



Table 7.12 Parameters definition and values used in the modified ASM 2 model for meat processing wastewater (continued)

Symbol

Parameter

Default valueASM 2d

Model value

Kinetic parameters

Heterotrophic organisms: Xy

TINo3 Reduction factor for denitrification 0.80 0.80
by Rate constant for lysis and decay, d’' 0.40 0.24
Ko Saturation/inhibition coefficient for oxygen, g O, m™ 0.20 0.50
Ke Saturation coefficient for growth on S , g COD m™ 4.00 8.00
K. Saturation coefficient for fermentation, g COD m™ 4.00 8.00
K, Saturation coefficient for growth on acetate, S, g COD m” 4.00 8.00
Knos Saturation/ inhibition coefficient for nitrate, g N m™ 0.50 0.50
Knna Saturation coefficient for ammonium, g N m™ 0.05 0.05
Kp Saturation coefficient for phosphate (nutrient), g P m™ 0.01 0.01
Kk Saturation coefficient for alkalinity (HCOj3), mol HCO, m> 0.10 0.10
Phosphorus accumulating organisms: Xp40

A Rate constant for storage of Xpiia (base Xpp), £ Xpia (£ Xpao d)” 3.00 6.00
qpp Rate constant for storage of Xpp_2 Xpp (2 Xpao d)” 1.50 2.00
Upao Maximum growth rate of PAO, d”' 1.00 1.00
TINo3 Reduction factor for anoxic activity 0.60 0.60
beao Rate for lysis of Xpao, d” 0.20 0.20
bpp Rate for lysis of Xpp. d”' 0.20 0.20
bera Rate for lysis of Xpya d”! 0.20 0.20
Ko, Saturation/inhibition coefficient for oxygen, g O, m™ 0.20 0.20
Koz Saturation/inhibition coefficient for nitrate, g N m~ 0.50 0.50
K, Saturation coefficient for acetate, S, g COD m™ 4.00 8.00
Knia Saturation coefficient for ammonium, g N m™ 0.05 0.05
Kpg Saturation coefficient for phosphorus in storage of PP, s P m™ 0.20 0.20
Kp Saturation coefficient for phosphate, g P m™ 0.01 0.01
Kk Saturation coefficient for alkalinity (HCO3), mol HCO; m™ 0.10 0.10
Kopp Saturation coefficient for polyphosphate, g Xpp (2 Xpao)” 0.01 0.01

LST



Table 7.12 Parameters definition and values used in the modified ASM 2 model for meat processing wastewater (continued)

Symbol Parameter Default valueASM 2d | Model value
Kinetic parameters
Phosphorus accumulating organisms: Xp40
K Maximum ratio of Xpp/Xpao, 2 Xee (8 Xpaa)™ 0.34 0.34
Kipp Inhibition coefficient for polyphosphate storage, g Xpp (2 Xpao)" 0.02 0.02
Kpra Saturation coefficient for PHA, g Xpra (2 Xpaa)™ 0.01 0.01
qaGi Rate constant for glycogen storage, g Xgry COD (g Xpag COD d)” 3.00
Kery Saturation coefficient for Xg1 v, £ Xary COD (g Xpao COD)’! 0.01
Kpuacry Saturation coefficient for Xpya for Xg; v storage, g COD (g Xpao COD)" 0.10
bary Rate of lysis of Xgyy,d" 0.20
Ky, Mg saturation constant, g Mg m> 4.7
Nitrifying organisms : X1
vt Maximum growth rate of Xayr,d”" 1.00 0.75
baur Decay rate of Xayy d' 0.15 0.10
Ko Saturation coefficient for oxygen, g O, m> 0.50 0.50
Knne Saturation coefficient for ammonium (substrate), g N m" 1.00 1.00
Kk Saturation coefficient for alkalinity (HCO,), mol HCO; m™ 0.50 0.50
Kp Saturation coefficient for phosphorus, ¢ P m™ 0.01 0.01
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Active Bio-P was assumed to be 12.5 % of the total VSS in the model simulation
corresponding to the sludge P content of 4 — 5 % of VSS (Orhon & Artan, 1994). In the
ASM 2 the RBCOD is subdivided into fermented COD and rapidly fermentable COD.
As discussed in Chapter IV, the RBCOD in meat processing wastewater employed in
this study contained mostly SCFA COD and was assumed to be equivalent to SCFA
COD in the model simulation. The biomass fractions in the wastewater were assumed to
be negligible compared to the reactor biomass concentrations. TSS was assumed to be
the amount measured using GF/C filter papers as discussed in Chapter IV. This amount
of TSS might be lower than the actual TSS defined in the ASM 2 (Henze et al., 1995).

The code for the ASM 2 model was written in Matlab 5.3 (The Math Works, Natick,
MA, USA). The equations were solved using the Matlab function “ode45” for ordinary
differential equations systems. Codes for the script and function files in Matlab 5.3 are
given in Appendix D.

Anoxic/Anaerobic | Aerobic Anoxllc Aerobic |

25

- -y [¥)
o o (=

-1
NOa—N. NHa-Nand PO‘—P (mg L")

L.

Time (h)

Figure 7.9 Simulated and experimental NH; — N (—, Q), NO; — N (-----, ) and
PO,—P (-~ , %) during the SBR cycle described in Section 6.3.1.1
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The wastewater characteristics used for calibrating the SBR cycle are described in
Section 6.3.1.1 and Appendix D. A good calibration was possible for the NH; — N, NO;
— N and PO, - P profiles (Figure 7.9). The experimental results show a faster and slower
uptake of P during the first and second aerobic periods respectively than predicted by
the calibrated model. This indicates that for P uptake the Bio-P has more affinity to DO
at low DO levels than at high DO levels.

For the SBR cycle used for calibration and described in Section 6.3.1.1, the PHA,
glycogen, Mg?* and SCFA COD were simulated using the modified ASM 2 model after

calibration. The results are discussed below.

PHA and glycogen

In Figure 7.10 the predicted polyhydroxyalkanoate (PHA) and glycogen COD
profiles are compared to the experimental results. The overall shape of the simulated
PHA COD profile of the SBR cycle is in agreement with the observed PHA COD
profile. The PHA COD concentration during the anaerobic period, however, was
somewhat over-predicted. Glycogen and PHA, other than PHB and PHV that were not
measured in the experiment, may account for this (Henze et al., 1995; Satoh et al.,
1992). Also, at the end of aerobic periods, the consumption of PHA COD was over-
predicted as there was no PHA left in the simulation, while in the experiment PHA
COD was 14.1 mg L™ remained (5.1 mg L' of PHA COD per g VSS). This is probably
due to the Bio-P bacteria, which utilise glycogen instead of PHA during the aerobic
period for poly-P storage (Nakamura et al., 1991; Mino et al., 1998). This explanation is
supported by the observation that the experimental glycogen COD was lower than the
simulated glycogen COD during this aerobic period (Figure 7.10). This PHA COD may
not be available for P uptake or growth of Bio-P. Brdjanovic et al. (1998b) and
Temmink et al. (1996) also reported minimum PHA COD concentrations of 2.11 and
2.5 mg COD per g VSS, during a long period of aeration at the starvation condition.
These values are lower than the amount determined in this study (5.1 mg L' of PHA
COD per g VSS).
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Figure 7.10 Simulated and experimental PHA COD ( —-- , O) and
glycogen COD (-—-—, 0 ) during the SBR cycle described in Section 6.3.1.1

The results shown in Figure 7.10 show good agreement between the experimental
and simulated glycogen COD during the anoxic/anaerobic period and the first aerobic
period. The experimental results after 0.5 h show an increase of glycogen but the
simulated results do not reflect this. During the anoxic and the final aerobic periods, the
model over-predicted the stored glycogen COD compared to the experimental glycogen
COD. A possible explanation is that the glycogen was utilised for providing reducing
power during the anoxic period (less than 5 mg L' of NO; — N being present at the
time). A second, and more likely, explanation is that the glycogen was utilised for P
uptake (Nakamura et al., 1991; Mino et al., 1998). A third possible reason could be that

the glycogen was utilised for cell maintenance (Brdjanovic ef al., 1998b).

Magnesium and SCFA COD

Figure 7.11 shows the simulated and the experimental results of PO, — P, SCFA
COD and the Mg2+ profiles during the cycle. The model simulated these reasonably
well. The higher Mg®* concentration in the first two samples in the experiment could be
due to solublisation of magnesium calcium carbonate from the mixed liquor or errors in
Mg?* concentration determination. The simulated SCFA COD concentration is lower
than the experimental results from 1 to 2 h. This could be because the ASM 2 model
does not account for the acetic acid COD (HAc COD) not utilised by Bio-P bacteria

(Satoh et al., 2000). Another simple reason for the deviation between the experimental
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and simulated results could be the wider calibration range of 0 — 500 mg L™ HAc used

during the HAc analysis.
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Figure 7.11 Simulated and experimental PO,— P (—._ , %), Mg®* (-, %) and
SCFA COD (—,Q ) during the SBR cycle described in Section 6.3.1.1

7.3.4 Simulation of the batch test with wastewater

The results of the batch test carried out using the wastewater (Section 6.3.1.2) were
simulated using the modified ASM 2 model after its calibration. The characteristics of
the wastewater and the initial conditions for the model simulation are described in

Section 6.3.1.2 and Appendix D.
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Figure 7.12 shows the simulated and the experimental results for POs— P, NO; — N

and NH3 — N. The simulations mirror closely the results obtained experimentally.
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Figure 7.12 Simulated and experimental NH; - N (—, Q), NO; — N (-----, ) and
PO,—P (- -, %) of batch test with wastewater

Figure 7.13 shows the simulated and experimental SCFA COD, PO4 — P and Mg**
data for the same batch test. The experimental soluble Mg** concentration profile was
well predicted by the model. The simulated SCFA COD profile shows a continuous
decrease in concentration throughout the two-hour period. In contrast, the experimental
results show a rapid decrease during the first hour, with a stable concentration in the
second hour (Monod saturation kinetics). The difference between the two could be due
to some of the SCFA not being utilised by Bio-P bacteria. The ASM 2 model does not
account for the unutilised SCFA COD by Bio-P bacteria. It could also be partly due to
the poly-P limitation in the Bio-P bacteria.

In Figure 7.14 the simulated PHA COD is compared to the experimental PHA COD.
The experimental PHA COD concentration shows an increase during the first hour. It
then reached a plateau, while the simulated results show a continuous increase and a
higher PHA COD concentration at the end of the anaerobic period. This difference
could be due to the over-predicted consumption of SCFA COD, as shown in Figure
7.13. Other possible reasons for discrepancies between predicted and experimental

SCFA COD results were discussed in Section 7.3.3.
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The experimental glycogen COD was higher than the simulated glycogen COD,
which could be due to uptake of carbohydrate from the wastewater by Bio-P bacteria, as

discussed in Section 7.3.3.
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Figure 7.13 Simulated and experimental PO;— P (- - , %), Mg2+ (-----, %) and
SCFA COD (—,Q) of batch test with wastewater
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Figure 7. 14 Simulated and experimental PHA COD (-~ , Q) and
glycogen COD (-----, [1) of batch test with wastewater
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7.3.5 Simulation of the batch test results with acetate (Trial II)

The initial conditions for the simulation of the batch test are described in Section

6.3.1.3 and Appendix D.

Figure 7.15 shows the simulated and experimental HAc COD and P profiles. The
simulated HAc COD profile follows the observed experimental HAc COD profile,
although the experimental HAc COD concentration was slightly lower than the
simulated results. The predicted PO, — P concentration shows steady release, whereas
the experimental PO4 — P concentration shows fast release at the beginning and flattens
off at the end. This could be due poly-P and acetate limitation during the end of the
anaerobic period. The simulated P uptake profile closely matches the experimental

results.
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Figure 7.15 Simulated and experimental PO,— P (---, %) and HAc COD (—,Q) of
acetate batch test (Trial IT)

In Figure 7.16 the simulated PHA and glycogen COD are compared to the
experimental results. The simulated PHA and glycogen COD profiles match the
experimental results except towards the end of the aerobic period, where the model
over- predicts the replenishment of glycogen. Utilisation of glycogen for P uptake is a

likely reason for the lower values measured in the experiment.
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over- predicts the replenishment of glycogen. Utilisation of glycogen for P uptake is a

likely reason for the lower values measured in the experiment.
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Figure 7.16 Simulated and experimental PHA COD (—-- , Q) and glycogen COD
(-——, 0) of acetate batch test (Trial II)

7.3.6 Simulation of the batch test results with acetate (Trial I)

The results of the batch test carried out using acetate, described in Section 6.3.1.3
(Trial 1) was simulated using the modified ASM 2 model. Results for the aerobic period
were not simulated, as excess HAc COD was carried over into the aerobic period from
the anaerobic period. The initial conditions for the simulation of the batch test are

described in Section 6.3.1.3 and Appendix D.

Figure 7.17 shows the simulated and experimental HAc COD and PO, — P profiles.
The simulated profiles closely follow the experimental results. The decreased rate of
HAc COD removal was probably due to the poly-P limitation as discussed in Section
6.3.1.3.



167

250 T T T T T T

"
(=]
13
a
'Q
@]
a
hel
c
©
a
(@]
o
Q
<
I

50 | — -

g - W

PSR
e
— ’W-H d-“'_
Oppc— T3 " ; : 3 i X
0 0.2 0.4 0.6 0.8 1 1.2 1.4 1.6 1.8 2
Time (h)

Figure 7.17 Simulated and experimental PO,— P (- -, %) and HAc COD (—,Q)
of acetate batch test (Trial I)

In Figure 7.18 the simulated PHA and glycogen COD are compared to the
experimental results. The model somewhat over-predicted the PHA COD at the end of
the anaerobic period. The lower experimental PHA COD at the end of the anaerobic
period was probably due to limited acetate uptake by poly-P limitation in the sludge, as
discussed in Section 6.3.3. The simulated glycogen profile is in good agreement with

the experimental glycogen data.
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7.3.7 Simulation of SBR cycle described in Section 5.5 using ASM 2

The results of the SBR cycle study described in Section 5.5 were modelled using the
modified ASM 2 model. The characteristics for the wastewater during this study are
described in Section 5.5. The initial conditions for PHA, glycogen and magnesium
concentrations were the same as used for the cycle study described in Section 6.3.1.1 in

Chapter VI.

Figure 7.19 shows the simulated and experimental NH3; — N, NO; — N and PO4— P
profiles for the SBR cycle described in Section 5.5. The predictions of the model were
in good agreement with the experimental results. The slight discrepancy between the
predicted and experimental NO; — N was probably due to more nitrogen removal by
SND process in this cycle than in the calibrated cycle during the first aerobic period.
The simulated NH; — N generally agreed with the experimental results, except during

the second aerobic period.

The experimental phosphorus profile was predicted well by the model except for the
P release during the anaerobic period. The experimental results show a faster release at
the beginning and a slower release at the end of the anaerobic period than the simulated
results. This suggests that more SCFA COD might have been present in the wastewater
than the assumed SCFA COD in the model simulation.
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Figure 7.19 Simulated and experimental NH; — N (—, Q), NO; — N (----, 0) and
PO,-P (~ -, %) during the SBR cycle described in Section 5.5

7.3.8 Sensitivity of parameters in the modified ASM 2 model

A sensitivity analysis was done for the parameters involved in the ASM 2. The
procedure was same as that followed for the ASM 1 (Section 7.2.4). Table 7.13 shows
the most sensitive parameters for the effluent NH3 — N, NO3; — N and PO4—P.

For all the parameters shown in Table 7.13 the effluent PO4 -~ P concentration is
more sensitive than the effluent NH; — N and NO3 — N. Values for sensitive parameters
such as Yy, Yro4, Yss, heterotrophic and autotrophic growth rates were found in this
study. Values for other sensitive parameters were obtained from the calibration.
However they are within the range of values given in the literature (Cinar et al., 1998;
Henze et al., 1987a; Henze et al., 1999).
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Table 7.13 Sensitive parameters in the modified ASM 2 model

Default Model Ammonia Phosphate
Symbol value value nitrogen Oxidised nitrogen phosphorus
ASM 2d
-20% +20% -20% +20% -20% 20%
model model model model model model
value value value value value value

Heterotrophic biomass

Yy 0.625 0.63 0.8 -0.8 0.8 19 3389 -4.0
Yra0 0.625 0.63 0.0 0.0 -0.8 0.9 84.0 -2.5
Ypou 0.40 0.33 0.2 -0.1 1.0 -0.1 -2.8 2224
Yy 0.24 0.20 -0.1 0.1 -14 19 -2.9 40.3
Yeu 0.68 -0.3 0.1 -1.4 1.2 -1.3 37.9
Ky 3.00 3.00 -0.1 0.1 1.6 -0.5 25.0 -2.0

Heterotrophic organisms

6.00 2.0 0.1 0.1 -0.1 0l 31 262

Hu
Phosphorus accumulating organisms

gre 1.50 2.00 202 02 -0.1 09 4484 | 3.0

1.00 1.00 02 02 08 0 32 | 1088
Heso 5
Knax 034 034 202 0.1 0.0 0.1 12345 | 2.1

Nitrifying organisms

1.00 0.75 02 -0.1 25 13 774 2.7

Haur

7.4 Application of the modified ASM 2 model

The modified ASM 2 model with the calibrated model parameters reliably simulated
the performance (concentration profiles of NO3 — N, NH; — N and PO4 — P) of an SBR
cycle carried out over a three month period, and of batch tests. It is therefore appropriate
to use the modified ASM 2 model for the determination of treatment strategies for the

operation of SBR.

For the study described here, variables such as DO concentration during the third
aerobic period, filling time during the feed cycle, and shock loading changes, were
examined using the modified ASM 2 model, to estimate the removal of NO3; — N, NH; —
N and PO4— P from the wastewater. It was assumed that the wastewater characteristics,
initial conditions, HRT and SRT were similar to those in the SBR cycle study described

in Section 5.5.
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Figure 7.20 shows the simulated results for NH; — N, NO; — N and PO4 — P for
varied filling times (0.02, 0.5, 1, 2 h). Although the filling duration affected the
concentrations during the anoxic/anaerobic period, the effluent concentrations were not
significantly affected. Therefore it can be concluded that the shorter duration of fill

cycle is suitable for the treatment of meat processing wastewater.
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c. Feeding time, 1 h d. Feeding time, 2 h

Figure 7.20 Simulated NH; - N (—), NO3— N (----), and PO,—P (—._._) with
varying filling times

In the calibration SBR cycle the DO concentration was kept.at 0.5, 3.75 and 0.5 mg
L' during the first, second and third aerobic periods respectively. It was found that DO
was carried over into the subsequent fill cycle when high DO concentration at 2 mg L
was used in the centrifuged wastewater treatment. To investigate the effect of a higher
DO concentration on the behaviour of the system the DO concentration during the third
aerobic period was changed to 3.75 mg L' and the effluent NH; — N, NO; — N and PO,
— P concentrations again simulated. Figure 7.21 shows the simulated NH3 — N, NO; - N
and PO4 — P profiles with the third aeration at 3.75 mg L instead of 0.5 mg L' DO
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concentration. The effluent NO3; — N and PO, — P concentrations were predicted to be 25
and 110 % respectively, higher than for the SBR cycle experiment results shown in
Figure 7.19. Therefore a DO concentration of 0.5 mg L' appears to be more effective in

achieving low effluent NO; — N and PO, — P concentrations.

15

-
o

-1
NOS-N. NHS-Nand PO4—P(mgL ]
[3,]

Time (h)

Figure 7.21 Simulated NH; - N (—), NO; - N (--—-) and PO,—-P (——— ) with third
aeration at 3.75 mg L' of DO concentration

The next loading condition was changed from the 1735 mg L' of TCOD, used in
the simulation SBR cycle experiment to 2050 (maximum) and then 490 (minimum) mg
L. Figure 7.22 shows results on NH3; — N, NO3; — N and PO, — P concentrations. The
NH; — N, NO3 — N and PO4 — P profiles during the high loading followed the
experimental results. The low loading shows more secondary release than uptake of POy
— P during the third aerobic period. During such low loading periods (which may occur
during the rainy season), the third aerobic period may need to be eliminated. The model
prediction suggests that higher loading conditions are suitable for achieving greater

SBR performance.
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Figure 7.22 Simulated NH; - N (— ), NO; - N (-----) and PO, P (——-— ) at
TCOD concentrations of (a) 2050 and (b) 490 mg L™

7.5 Summary

In the studies described in this chapter, the SBR performance was simulated using
both the modified ASM 1 and ASM 2 models. In general the ASM 1 model successfully
simulated the removal of NH; — N and NOs; — N. The ASM 2 model successfully
simulated the removal of NH3; — N, NO; — N and PO, — P. It was necessary, however, to

add more processes to the models and to calibrate them with the experimental results.

The ammonification of soluble organic nitrogen rate was modified in the ASM 1
model to account for the NO3; — N carry over from the previous cycle. Similarly it was
necessary to add anoxic phosphorus uptake and anoxic growth on PHA of Bio-P
bacteria in ASM 2 model to successfully simulate the SBR treatment of meat processing
wastewater. It was also necessary to add glycogen storage and glycogen lysis processes
in order to understand its involvement in phosphorus removal. Also, a modification was
performed in the storage process of poly-P in the ASM 2 model to account for a
potential magnesium limitation in meat processing wastewater treatment for P removal.
During the settling period anoxic hydrolysis was assumed negligible in the modified

ASM 2 model simulation.

The key stoichiometric and kinetic model parameters were determined from the
batch experimental results using meat processing wastewater and acetate with seed
sludge obtained from the SBR. Other parameters necessary for the model simulation
were obtained by adjusting the default values of the ASM 1 or ASM 2 model to best fit
the SBR results described in Section 6.3.1.1. In order to do this, the model calibration

was initialised with the default values proposed in the ASM 1 model (Henze et al.,
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1987a). Then the parameters were adjusted to improve the fit with the data for

calibration of the models.

Parameters such as heterotrophic yield, maximum specific growth rate, substrate half
saturation constant and autotrophic maximum specific growth rates were determined
from the experimental results. Anaerobic stoichiometric coefficients for the PHA, HAc
and P were determined in the acetate batch study. The half saturation constant for Mg2+
in the Mg*" limitation function incorporated in the polyphosphate storage process was
determined using batch tests. The autotrophic yield coefficient, heterotrophic decay
coefficient, oxygen half saturation constant for autotrophs and ammonification rate were
obtained from the calibration of the modified ASM 1. Similarly the anaerobic
hydrolysis reduction factor, oxygen saturation coefficient for heterotrophs, saturation
coefficient for fermentation, rate constant for storage of PHA and rate constant for
storage of poly-P were obtained from the modified ASM 2 model calibration. The
parameters obtained from calibration were within the range of values given in the

literature.

With the calibrated parameters, both the modified ASM 1 and ASM2 models
successfully simulated the effluent NH; — N, NO3; — N and PO4 — P of an SBR cycle

carried out over a three-month period, and also the results of batch tests.

The sensitivity analysis for parameters in the ASM 1 indicated that the NO; — N was
sensitive to the maximum specific autotrophic growth rate and oxygen half saturation
constants, and the NH3; — N was sensitive to the heterotrophic decay coefficient. Both
NO; — N and NH3; — N were sensitive to the heterotrophic yield coefficient. In the ASM
2 model, most of the kinetic and stoichiometric parameters had more effect on effluent

phosphorus concentration than on effluent NH; — N and NO; — N.

As the calibrated modified ASM 2 model was able to predict the performance of the
SBR operational data from a distinctly different period (3 months gap) of reactor
operation, it was used to identify strategies for improving SBR performance. Filling
duration in the 2 h anaerobic period did not affect the effluent NO; — N, NH; — N and
PO4 — P concentrations significantly. But an increase in DO concentration from 0.5 mg
L' to 3.75 mg L during the third aerobic period is predicted to substantially increase

the effluent NO; — N and PO, — P concentrations. This demonstrates the significance of



175

keeping the low DO concentration during the third aerobic period. A sudden increase of
influent COD from 1735 mg L' to 2050 mg L' decreased the effluent POs — P
concentration. The effluent PO4 — P concentration increased when there was a sudden

decrease in influent COD from 1735 mg L™ to 490 mg L™
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CHAPTER VIII

SUMMARY AND CONCLUSIONS

Key findings

The removal of organic carbon, and of the nutrients nitrogen and phosphorus, from meat
processing wastewaters is an important issue, particularly where the wastewater
discharge enters a nutrient sensitive aquatic ecosystem, as is often the case in New
Zealand. The simultaneous achievement of very high levels of carbon, nitrogen and
phosphorus removal is particularly difficult, given the high incoming concentrations in
meat processing effluent. In this study, simultaneous removal of carbon, nitrogen and
phosphorus from a primary treated wastewater produced from a medium scale meat
processing industry (Manawatu Meat Packers, Feilding) was tested using Sequencing
Batch Reactor Technology (SBR). Appropriate reactor operating conditions were
determined for maximising the removal. In addition, ASM 1 and ASM 2 models were
modified to suit the processes involved in SBR treatment of meat processing
wastewater, so that they can realistically predict the removal of carbon, nitrogen and

phosphorus.

The characterisation of primary treated wastewater showed that it contains high levels
of nutrients and COD and needs treatment before being discharged into free waterways.
The high ratios of COD to TKN and TP in the wastewater (100:10.4:2.5) indicate that
complete nitrogen and phosphorus removal cannot be achieved by biomass growth
coupling alone. It requires advanced treatment technology like SBR. The presence of 4
% inert soluble COD and 4 % inert particulate COD in the wastewater indicates that

only 92 % of the wastewater COD can be removed by biological processes.

Biological carbon, nitrogen and phosphorus removal is made effective by having
anaerobic, anoxic and aerobic conditions in a cycle during the SBR treatment, and by
maintaining the DO concentration in a step pattern during the different aerobic periods.
A high quality effluent with more than 99 % removal of soluble biodegradable COD,
NH; — N and PO4 — P was achieved. Simultaneous nitrification and denitrification
(SND) removal of 40 % of the influent nitrogen was possible as well. A TSS removal of

greater than 90 % was also achieved. Therefore the ratios of COD to TKN and TP in the
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wastewater are more than adequate to operate efficient simultaneous biological carbon,

nitrogen and phosphorous removal.

Operating conditions in the effective cycle consisted of seven phases. The first two
hours of anaerobic period was followed by the aerobic and anoxic periods. The first
aerobic period was maintained at a DO concentration of 0.5 + 0.25 mg L™ for 1 h, the
second aerobic period for 1 h at a DO concentration of 3.75 + 0.25 mg L™ and the third
aerobic period for half an hour at 0.5 + 0.25 mg L' DO concentration. A half an hour
anoxic period followed the first aerobic period. A settling period of 0.75 h followed the
third aerobic period. The last quarter of an hour was for decanting and idling. The solids

retention time (SRT) was 15 d while the HRT was 2.5 d.

A DO concentration of 0.5 mg L™ during the first aerobic period enhanced the SND and
reduced the carryover of DO into the subsequent anoxic period. The third aerobic period
ensured a complete removal of ammonia and an increase in the denitrification
capability. Also a DO concentration of 0.5 mg L' during the third aerobic period
reduced the carryover of DO into the anaerobic period of the subsequent cycle. A higher
DO concentration of 3.75 mg L™ during the second aerobic period increased the rate of

degradation of slowly biodegradable COD.

This stepped aeration operating condition also facilitated enhanced biological
phosphorous removal. Phosphorus uptake was achieved during the aerobic periods as
well as the anoxic period. The anoxic phosphorus uptake and SND reduced the carbon
source required for denitrification, therefore the removal of both nitrogen and
phosphorous was achieved without adding an external carbon source. The anoxic
phosphorus uptake also reduced the energy required for phosphorus uptake. During the
biological phosphorus removal process, the pH and alkaliﬁity of the wastewater had an
inverse relationship during the anaerobic period and the initial aerobic period, due to
CO; concentration increase and decrease in the mixed liquor. This finding is new in

biological phosphorus removal process.

Preliminary treatment by centrifugation of the wastewater did not help in
simultaneous organic carbon and nutrients removal. In the centrifuged wastewater
treatment, there was a net loss of alkalinity during nitrification and denitrification. It

appears that the alkalinity consumed during nitrification was only partially recovered
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during denitrification. The overall performance in terms of organic carbon, nitrogen and

phosphorus removal was also poor.

The ammonification process rate in the ASM 1 model was modified. Similarly
anoxic phosphorus uptake process and the influence of Mg®* during phosphorus uptake
were added in the ASM 2 model to correctly model the nitrogen and phosphorus
components. The modified and calibrated ASM 1 and ASM 2 models predicted the
performance of the SBR cycle studies conducted in a distinctly different period of
reactor operations (3 months gap). The modified and calibrated ASM 1 model in
general simulated well the NH; — N and NO; — N profiles in an SBR cycle, and the
modified and calibrated ASM 2 model well simulated the NH; — N, NO3 — N and PO4 —
P profiles. The predictions of the modified ASM 2 model at different operating
conditions confirmed that the stepped aerating operating conditions identified by the
experiment for the maximised simultaneous carbon, nitrogen and phosphorous removal

was the best.

The sensitivity analyses of the models indicated that only a few kinetic and
stoichiometric parameters have a significant effect in predicting the NH; — N, NO; — N
and PO, — P profiles, and so on the reactor performance. These parameters have to be
determined independently, or be obtained by model calibration for the wastewater.
These key parameters are the heterotrophs’ maximum specific growth rate, the
heterotrophs’ yield coefficient, the maximum specific growth rate of autotrophs, the
autotrophic yield coefficient, the heterotrophic decay coefficient, the oxygen half
saturation constant for autotrophs, and the stoichiometric coefficients for acetate, PHA

and phosphate phosphorus.

Significance of the study

Recently there has been an increase in concern over pollution from meat processing
wastewater. There has been some investigation of SBR treatment of partially pre-treated
meat processing wastewater using anaerobic ponds. But little research has been done on
treating raw meat processing wastewater from medium scale meat industries using SBR.
The results from this study show that maximised removal of carbon, nitrogen and
phosphorus can be achieved using SBR technology without further pre treatment, and
that the modified ASM 1 and ASM 2 models are useful in simulating the SBR

performance. Specifically, there are four findings of practical significance.
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The first finding is the characterisation of the actual effluent from the meat
processing plant. It provided details of the carbon, nitrogen and phosphorous
components, and also information about the biodegradability of the wastewater. This
information was required to develop a carbon, nitrogen and phosphorous removal
sequence in SBR. In addition, pre treatment by centrifugation was shown not to be
effective for removing carbon, nitrogen and phosphorus. As more meat processing
industries begin treating their wastewater this information may be helpful in deciding
whether, pre-treatment should be used or not. It also provides a set of characterisation
data for comparison purposes. However meat processing wastewater characteristics vary
from meat industry to industry, and depend on the number and type of animals and the

waste management practices.

Secondly the stepped aerating operating conditions identified in this study could be
used for meat processing wastewater with similar characteristics for maximising

simultaneous removal of carbon, nitrogen and phosphorous.

The third main finding of practical significance is that the modified ASM 1 and
ASM 2 models can be used as tools for designing SBR meat processing wastewater
treatment systems. The modifications added to the ASM 2 model provided an
understanding of the magnesium ion requirement for phosphorus uptake by running the
model with different wastewater magnesium ion concentration. The kinetic and
stoichiometric parameter values determined in this study provide data not previously

reported in the literature.

Lastly the sensitivity analysis highlights the key parameters that need to be
experimentally determined for the simulation of meat processing wastewater treatment.
This has the potential to save future researchers time and effort when performing

parameter estimations for this type of system.

Some recommendations coming out of the work

e This study demonstrated the large variability that occurs in meat processing
wastewater, even from a single meat processing industry. Before the initiation of
any treatment process design, the wastewater to be treated at a particular site should
be characterised in detail for the concentrations and forms of nitrogen, phosphorus,

and carbon present.
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Magnesium ion is required by bacteria during biological phosphorus uptake, and for
the production of phospho-lipoproteins and biologically active phosphate esters.
Therefore it is recommended that checking be made to ascertain whether the
magnesium ion concentration in the wastewater is high enough for continuous
operation of the wastewater treatment plant. It should be at least 8.5 mg L™ for a

maximum phosphorous uptake rate.

This study was conducted using just one laboratory scale SBR reactor, and using the
wastewater from just one meat processing plant. It would be desirable to confirm the
generality of the results with other reactor studies using wastewater from a range of

medium scale meat processing plants.
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APPENDIX A
Assessment of Initial Soluble and Particulate Inert COD

The batch test results of the assessment of initial soluble and particulate inert COD are
tabulated in Table Al.

TableA1 Meat processing wastewater and glucose reactor COD (mg L7

with time
Date Days Glucose Filtered meat Raw sample
(soluble) wastewater
Soluble Total Soluble Total
10/02/00 0 656 656 656 656 1072
12/02/00 2 423 162 495 189 621
14/02/00 4 61 157 340 192 419
16/02/00 6 44 185 336 185 428
18/02/00 8 32.5 181 289 190 389
22/02/00 12 38.9 141 251 163 364
24/02/00 14 48.8 77.4 186 158 330
28/02/00 18 29.5 69.2 164.5 151 325
1/03/00 20 26 64 140.2 161 330
5/03/00 24 24.8 62.1 130.3 186 341
Calculation

The soluble and particulate inert COD were obtained as described by Orhon et al.
(1999).

Nomenclature
Csi Initial total biodegradable COD of wastewater (mg COD L)
Cn —Initial total COD of wastewater (mg COD L)

(C11, (Cr); -Final total COD in the raw wastewater and filtered

wastewater reactors (mg COD L)

fes, fex —Fraction of soluble and particulate inert COD generated

in biomass decay

S —Initial COD in the glucose reactor (mg COD L'l)
(So) —Final soluble COD of glucose reactor (mg COD LY
Sn —Initial soluble inert COD of wastewater (mg COD L'l)

(Sp)c -residual soluble microbial products generated in glucose reactor



(Se)2

Ssi

S

(S11, (S1)2

Xn
Xp

(Xp)1

(Xp)2

(X1

Ysp

Ysp
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(mg COD L")

—residual soluble microbial products generated in

filtered wastewater reactor (mg COD LY
—Initial soluble biodegradable COD of wastewater (mg COD L)
—Initial soluble COD of wastewater (mg COD L™

—Final soluble COD in the raw wastewater and filtered

wastewater reactors (mg COD L)
—Initial particulate inert COD of wastewater (mg COD LY
—Residual particulate microbial products generated (mg COD L)

—Residual particulate microbial products generated in raw wastewater

reactor (mg COD L'l)

—~Residual particulate microbial products generated in filtered

wastewater reactor (mg COD L)
—Final particulate COD of raw wastewater reactor (mg COD L)
—Heterotrophic yield coefficient (mg cell COD (mg COD)™)

—fraction of biodegradable COD converted into soluble inert

metabolic products (mg cell COD (mg COD)™)

—fraction of biodegradable COD converted into soluble inert

metabolic products (mg cell COD (mg COD)™)

Assessment of f,., from the glucose reactor

Yo =fES'YH =

Therefore, f;5 =

(Sp) _fan 0.0378
S, 6
0.0378 _ e
0.63

Assessment of §,,from the soluble wastewater reactor
(Sp), =(87), =Sy = fes Yu (S —Sp)

! (ST )2 —fss ‘YH -S'n

n

(= SesYu)
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_62.1-0.06*0.63*656
" (1-0.06%0.63)
S, =38.7Tmg L
Sy, =656mg L' (C,), =1303mg L™ (S;), =62.1mg L™
Xp, =(Cr), ~(S;), =130.3-62.1= 68.2mg L
S =8, —-8,=656-388=6172mg L™

(Xp), 682
S N Y )
C,),—(S
Sex =L.[( )2 =0r).] 1 *0,110=0.174

Y, (Sp-S,) 063
(X7 =(Cr) = (S7) =X, +(Xp), =341-186 =155
Co=Cn-Xn-8,
(Xp) = fax Yu(Cp =X =S))
_ (Xr)| _fEXYH(CTI _Sn)

Xn -
(l“fstH)
55-0.174*0.63*(1 -38.
X, =1 5 74*0.63*(1072-38 8)=46.9mg 1" COD
(1-0.174*0.63)

Cn =102mg L' S, =656mg L S, =388mgL"

X, =469mg L S, =6172mg L

(9%

17.
51 =6_73=0,58
n 1072

n=Xn—Sy _1072-46.9-38.8
Cr,

a0

=0.92
1072
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APPENDIX B

%script file for determination of maximum specific growth rate of nitrifiers (example)
global Data
Data= [0 1.0894
0.80354.1719
1.0521 5.3757
1.7653 9.9655
2.1347 13.2957
2.7708 21.7264
3.016 25.351
5
xdata = Data(:,1);
ydata = Data(:,2);
x0=1[0.5,0.5,0.5]; % Starting guess
[x,resnorm] = Isqcurvefit('funnit',x0,xdata,ydata)
yi=1.1727+1/0.2198*(exp(0.6127*xdata)-1);
plot(xdata,yi,'k-',xdata,ydata,'ko')
%function file for maximum specific growth rate of nitrifiers
function F = funnit(x,xdata)
F =x(3)+1/x(2)*(exp(x(1)*xdata)-1);
%x(1) = mumaxA-bA
%x(2) = k = Ya(mumaxA-bA)/(mumaxA*XAO0)

%x(3) = initial nox nitrogen

Table B1 Conversion table (Smolders et al., 1995 b)

Component Chemical formulae Unit M (g) COD (g)
Acetate CH3COO’ 1C-mol 30 32
PHB (C4HeO2)n 1C-mol | 21.5 36
PHV (CsHgO»)n 1C-mol | 20 38.4
Biomass Ce7H139036N 3P 1C-mol 26 36
Glycogen CsH100s 1C-mol | 27 32
Phosphate PO, 1P-mol | 31 0
Propionic acid | C3He¢O, 1C-mol | 24.67 373
Butyric acid C4HzOy 1C-mol | 22 40
Valeric acid CsHi100; 1C-mol |204 41.5
Caproic acid Ce¢H120, 1C-mol 19.3 42.6




clear all
% script file for modified ASM 1 model
% N.Thayalakumaran

global
global

global
global

global
global
global
global
global
global
global
global
global
global
global
global
global

global

global

global

global
global

global
global

global
global

global
global
global

global

gset;
yh;

ixb;
ya;

fp;

ixp;
mumaxh ;
ks;
koh;
kno;
etag;
mumaxa;
knh;
koa;
bh;

ba;

ka;

kh;

kx;

etah;

sio;
ss0;

xio;
Xs0;

so0;
sno0;

snho;
sndo;
xndo;

salko;
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APPENDIX C

$ feed rate , 1/h

% yield for heterotrophic biomass, g cell COD formed /
g COD oxidized

% mass nitrogen per mass of COD in biomass

% yield for autotrophic biomass,g cell COD formed / g N
oxidized

% fraction of biomass leading to particulate products,
dimensionless

% mass nitrogen per mass of COD in products from
biomass,

% maximum specific growth rate for heterotrophic
biomass, h™

% half saturation constant for heterotrophic biomass,
g COD m™3

% oxygen half saturation coefficient for heterotrophic
biomass, g 0, m’?

% nitrate half saturation coefficient for denitrifying
heterotrophic biomass, g NO; - N m™

% correction factor for heterotrophic growth in anoxic
condition

% maximum specific growth rate for autotrophic biomass,
d—l

% ammonia half saturation coefficient for autotrophic
biomass, g NH; — N m™?

% oxygen half saturation coefficient for autotrophic
biomass, g 0, m™

% decay coefficient for heterotrophic biomass, h™

% decay coefficient for autotrophic biomass, h’

% ammonification rate, m® (g COD h)™*

% maximumum specific hydrolysis rate, g slowly
biodegradable COD (g cell COD h)™

% half saturation coefficient for hydrolysis of slowly
biodegradable substrate, g slowly biodegradable COD (g
cell cop)™*

% correction factor for hydrolysis under anoxic
condition, dimensionless

% soluble inert COD in wastewater, mg COD/L

% concentration of readily biodegradable COD in
wastewater, mg COD/L

% inert suspended organic matter concentration in
wastewater, mg COD/L

% slowly biodegradable organic matter concentration in
wastewater, mg COD/L

% oxygen concentration (negative COD), mg O,/L

% soluble nitrate nitrogen concentration in wastewater,
mg N/L

% soluble ammonia nitrogen concentration in wastewater,
mg N/L

% soluble biodegradable organic nitrogen concentration
in wastewater, mg N/L

% slowly biodegradable organic nitrogen concentration
in wastewater, mg N/L

% Alkalinity, bicarbonate molar unit



$get input data
Simtime = 6.0;
gset = 6.0;

vh = 0.63;

ixb = 0.086;

va = 0.20;

fp = 0.08;

ixp = 0.06;
mumaxh = 2.0/24.0;
ks = 8.0;

koh = 0.20;

kno = 0.50;

etag = 0.80;
mumaxa = 0.75/24.0;
knh = 1.0;

koa = 1.2;

bh = 0.24/24.0;
ba = 0.10/24.0;
ka = 0.40/24.0;
kh = 3.0/24.0;
kx = 0.03;

etah = 0.40;

si0 = 70.0;
ss0 = 295.0;
xi0 = 70.0;
xs0 = 1300.0;
so0 = eps;
sno0 = 0.5;
snh0 = 101.8;
snd0 = 19.0;
xnd0 = 24.0;
salk0 = 7.50;

$SBR batch test
¥s00= eps;
$si0= 68.70;
$ss0= 329.6;
$xi0= 68.70;
$xs0= 1251.0;
$snhO0= 121.0;
¥sno0= 2.493;
$salk0= 7.5;
$snd0 = 19.0;
$xnd0 = 24.0;

$set initial wvalues

199

yi=[13.5,70.0,eps,1394/0.9,eps,2535.0/0.9,120.0/0.9,517.0/0.9,€eps,2.50

,0.53,eps,eps,3.5];

%yi=[13.5,70.0,eps,1394/0.9,eps,2535.0/0.9,120.0/0.9,517.0/0.9,eps,1.3

7,3.53,eps,eps,3.5];

% ODE solver options
options=odeset ('MaxStep',
TSpan = [0, Simtime];

% Solve ODE's

[t,y]l= ode45('cod', TSpan, yi,options);

$output graphs

plot(t,vy(:,10},'k:"',t,y(:,11),'k-");

hold on;
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tl=(0.0,8.0/60.0,17.0/60.0,45.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0,15
0.0/60.0,180.0/60.0,195.0/60.0,210.0/60.0,225.0/60.0,240.0/60.0,270.0/
60.0,285.0/60.0,300.0/60.0,345.0/60.01];
y1l=(.53,9.32,11.14,12.95,12.84,10.45,11.93,7.95,3.75,3.98,4.2,2.05,1.7
,1.59, .11, .23, .57);

xlabel ('Time (hr)"');

ylabel('NO_3 - N and NH_3 - N (mg L*{-1})');

$legend('NO_3 - N','NH 3 - N');
t4=[0.0,8.0/60.0,17.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,90.0/60.0,120
.0/60.0,150.0/60.0,180.0/60.0,195.0/60.0,210.0/60.0,225.0/60.0,240.0/6
0.0,270.0/60.0,285.0/60.0,300.0/60.0,345.0/60.01];
y4=[2.5,0.45,0.14,0.12,0.09,0.05,0.11,0.05,0.196,1.19,0.564,0.328,1.12
9,2.006,2.418,3.182,2.578,2.541] ;

plot(tl,yl, 'ko',t4,vy4,'ks"');

hold off;

$batch sbr

$plot(t,y(:,10),'k:',t,y(:,11),'k-");

$hold on;
$tl=[1.0/60.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/6
0.0,105.0/60.0,120.0/60.0,135.0/60.0,150.0/60.0,165.0/60.0,180.0/60.0,
195.0/60.0,210.0/60.0,225.0/60.0,240.0/60.0,255.0/60.0,270.0/60.0,285.
0/60.0,300.0/60.0,345.0/60.0];
$y2=[14.77,14.31,14.31,17.54,16.62,16.62,15.23,16.62,18.0,13.85,11.08,
10.15,6.08,6.11,6.11,3.23,1.38,0.0,0.0,0.0,0.0,0.0];
$y1l=[1.369,0.229,0.309,0.107,0.391,0.136,0.178,0.19,0.426,0.712,1.891,
3.081,5.971,4.064,3.527,5.515,5.614,6.663,7.915,7.843,7.758,6.173];
gplot (t1,yl, 'ks',t1l,y2, 'ko');

$xlabel ('Time (hr)');

$ylabel ('NO_3 - N and NH_3 - N (mg L*{-1})"');

%legend('NO_3 - N','NH_3 - N');

$hold off;

function dy=cod(t,y)
% function file for modified ASM 1 model
% N.Thayalakumaran

$define global variables
global gset;
global vyh;
global ixb;
global vya;
global fp;
global ixp;
global mumaxh;
global ks;
global koh;
global kno;
global etag;
global mumaxa;
global knh;
global koa;
global bh;
global ba;
global ka;
global kh;
global kx;
global etah;
global sio;
global ssO0;
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global xio0;
global xs0;
global so0;
global snoo0;
global snho;
global sndo;
global xndoO;
global salkO;

$calculate new values for dependent variables
vr=y (1) ;
si=y(2);
ss=y(3);
xi=y (4);
xs=y (5) ;
xbh=y (6) ;
xba=y (7);
xp=y (8) ;
so=y (9) ;
sno=y (10) ;
snh=y (11) ;
snd=y (12) ;
xnd=y (13) ;
salk=y (14);

if t<=8.0/60.0
g=1.5/(8.0/60.0);
else
g=eps;
end
lf t<=2 . 0
so=eps;
elseif t<=3.0
so=0.50;
elseif t<=3.5
so=eps;
elseif t<=4.5
so0=3.75;
elseif t<=5.0
so0=0.50;
else
so=eps;
end

$process rate vectors
rho= [mumaxh* (ss/ (ks+ss) ) * (so/ (koh+so) ) *xbh;
mumaxh* (ss/ (ks+ss) ) * (koh/ (koh+so0) ) * (sno/ (kno+sno) ) *etag*xbh;
mumaxa* (snh/ (knh+snh) ) * (so/ (koa+so) ) *xba;
bh*xbh;
ba*xba;
ka*snd*xbh* (so/ (koh+so) +sno/ (kno+sno) *etag*koh/ (koh+so) ) ;

kh* (xs/xbh) / (kx+xs/xbh) * (so/ (koh+so) +etah* (koh/ (koh+so) ) * (sno/ (kno+sno
))) *xbh;

kh* (xs/xbh) / (kx+xs/xbh) * (so/ (koh+so) +etah* (koh/ (koh+so) ) * (sno/ (kno+sno
))) *xbh* (xnd/xs) ] ;

$differential equations

dvr=q;

dsi=g*(si0-si) /vr;

dss=q*(ss0-ss) /vr-1/yh*rho (1) -1/yh*rho(2) +rho(7) ;
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dxi=q* (x10-xi) /vr;

dxs=g* (xs0-xs) /vr+(1-£fp) *rho(4)+ (1-fp) *rho (5) -rho(7) ;
dxbh=-g*xbh/vr+rho (1) +rho(2) -rho (4) ;

dxba=-g*xba/vr+rho(3) -rho(5) ;

dxp=-g*xp/vr+fp*rho(4) +fp*rho(5) ;

dso=g* (s00-s0) /vr- (1-yh) /yh*rho(1) - (4.57-ya) /ya*rho (3) ;

dsno=qg* (sno0-sno) /vr- (1-yh) / (2.86*yh) *rho(2) +1/ya*rho (3) ;

dsnh=g* (snh0-snh) /vr-ixb*rho (1) -ixb*rho(2) + (-ixb-1/ya) *rho (3) +rho (6) ;
dsnd=q* (snd0-snd) /vr-rho (6) +rho (8) ;

dxnd=qg* (xnd0-xnd) /vr+ (ixb-fp*ixp) *rho (4) + (ixb-fp*ixp) *rho (5) -rho(8) ;
dsalk=g* (salkO-salk) /vr-ixb/1l4*rho (1) +({(1-yh) /(14*2.86*yh) -

ixb/14) *rho(2)+(-ixb/14-1/(7*ya) ) *rho(3)+1/14*rho(6) ;

$produce output vector
dy=[dvr;dsi;dss;dxi;dxs;dxbh;dxba;dxp;dso;dsno;dsnh;dsnd;dxnd;dsalk];



APPENDIX D

clear all
% script file for modified ASM 2 model
% N.Thayalakumaran

global gset; % feed rate , 1/h
% conversion factors for conservation equation
global insf;

global insi;

global inxi;

global inxs;

global inbm;

global ipsf;

global ipsi;

global ipxi;

global ipxs;

global ipbm;

global itssxij;

global itssxs;

global itssbm;
$stoichiometric parameters
global fsi;

global yh;

global fxi;

global ypao;

global ypo4;

global ypha;

global fxi;

global yaut;

global ymgpha;

global ymgxpp;

$kinetic parameters
$hydrolysis of particulate substrate
global kh;

global etano3h;

global etafe;

global ko2h;

global kno3;

global kx;
$heterotrophic organism
global muh;

global gfe;

global etano3;

global ko2;

global bh;

global kf;

global kfe;

global ka;

global knh4;

global kp;

global kalk;
$phosphorus accumulating organisms
global gpha;

global Qpp;

global mupao;

global bpao;

global bpp;

global bpha;

global ko2p;
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global
global
global
global
global
global
global
global
global
global
global
global
global

$nitrifying organism

global
global
global
global
global

kno3p;
kps;
kpp;
kmax;
kipp;
kpha;
etano3p;
ysa;
agly;
kgly;
kphagly;
bgly;
kmg;

muaut ;
baut;
ko2aut;
knh4aut;
kalkaut;

$precipitation

global
global
global

$initial condition

global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global

$stoichiometric parameters have to be found by with the continuity

kpre;
kred;
kalkred;

s020;
sfo;
saol;
snh40;
sno30;
spo40;
sio;
salko;
sn20;
xi0;
xs0;
xtsso0;
xho;
xmeoho;
xmepo ;
smgo0;

equation

global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global

nulnh4;
nu2nh4;
nu3nh4;
nulpo4;
nu2po4;
nu3po4;
nulalk;
nu2alk;
nu3dalk;
nultss;
nu2tss;
nu3dtss;
nul2no3;
nul3o2;
nul4no3;
nul5po4;
nul8nh4;
nul9nh4;
nul9po4;
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global nu20alk;
global nu2lalk;
global nu4nh4;
global nub5nh4;
global nuénh4;
global nu7nh4;
global nu8nh4;
global nu9nh4;
global nul3nh4;
global nul4nh4;
global nul5nh4;
global nu4po4;
global nuSpo4;
global nu6po4;
global nu7po4;
global nu8po4;
global nu9po4;
global nu4alk;
global nubSalk;
global nu6alk;
global nu7alk;
global nu8alk;
global nu9alk;
global nulOalk;
global nullalk;
global nul2alk;
global nul3alk;
global nul4alk;
global nulS5alk;
global nulé6alk;
global nul7alk;
global nul8alk;
global nul9alk;
global nu4tss;
global nuStss;
global nuétss;
global nu7tss;
global nudtss;
global nulOtss;
global nulltss;
global nul2tss;
global nul3tss;
global nul4tss;
global nulStss;
global nulétss;
global nul7tss;
global nul8tss;
global nulfdtss;
global nu22tss;
global nu23tss;
$get input data

Simtime = 6.0;
gset = 9.0;

hours

$Typical conversion factors for conservation equation

$nitrogen

insf=0.03;
insi=0.01;
inxi=0.02;
inxs=0.04;
inbm=0.07;

9 P o P o
Z2Z2z2 2=

content
content
content
content
content

of
of
of
of
of

soluble substrate SF, gN(g COD) !
inert soluble COD SI, gN(g COD)™*
inert particulate COD XI, gN(g COD)?
particulate substrate XS, gN(g cop) !
biomass XH, XPAO, XAUT, gN(g COD)*
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$phosphorus

ipsf=0.01; % P content of soluble substrate SF, gP(g COD)!
ipsi=0.0; % P content of inert soluble COD SI, gP(g coD)*
ipxi=0.01; % P content of inert particulate COD XI, gP(g coD) !
ipxs=0.01; % P content of particulate substrate XS, gP(g coD) !

ipbm=0.02; % P content of biomass XH, XPAO, XAUT, gP(g COD)*
$total suspended solids

itssxi=0.75; $ TSS to XI ratio, gTSS(g coD)*
itssxs=0.75; $ TSS to XS ratio, gTSS(g coOD)™*
itssbm=0.90; % TSS to biomass ratio for XH, XPAO, XAUT, gTSS(g coD)!

$Typical stochiometric parameters

fsi=0.0; % Fraction of inert COD in particulate substrate, gCOD(g COD*
yh=0.63; % Yield coefficient of heterotrophic organisms, gCOD(g COD) !
fxi=0.1; % Fraction of inert COD generated in biomass lysis, gCOD(g
cop) *

ypao=0.63; % Yield coefficient (biomass/PHA), gCOD(g COD) !

ypo4=0.33; % PP requirement (SPO4 release) for PHA storage, gP(g COD) !
ypha=0.2; % PHA requirement for PP storage, gCOD(g P)-1

yaut=0.20; % Yield coefficient (biomass/nitrate), gCOD(g N)*!
ysa=0.68; % SA requirement for PP storage gCOD(g COD) !

ymgpha=0.065; % yield of Mg during PHA storage g Mg(g COD) ™’
ymgxpp=0.163; % yield of Mg during PP storage g Mg(g P)*

% typical values for kinetic parameters

$hydrolysis of particulate substrate

kh=3.0/24.0; % Hydrolysis rate constant h?

etano3h=0.4; % anoxic hydrolysis reduction factor

etafe=0.02; % anaerobic hydrolysis reduction factor

ko2h=0.50; % saturation/inhibition coefficient for oxygen g 02 m’
kno3=0.50; % saturation/inhibition coefficient for nitrate g N m
kx=0.10; % saturation coefficient for particulate COD g COD (gCOD) !
$heterotrophic organism

muh=2.0/24.0; % maximum growth rate on substrate h™

gfe=3.0/24.0; % maximum rate for fermentation, g COD (gCoD) ‘h™*
etano3=0.80; % reduction factor for denitrification

ko2=0.50;% saturation/inhibition coefficient for oxygen g 02 m™
bh=0.24/24.0; % rate constant for lysis h™

kf=8.0; % saturation coefficient for growth on SF g COD m
kfe=8.0; % saturation coefficient for fermentation of SF g COD m™
ka=8.0; % saturation coefficient for SA (acetate) g COD m
knh4=0.05; % saturation coefficient for ammonium (nutrient) g N m’
kp=0.01; % saturation coefficient for phosphorus (nutrient) g P m*
kalk=0.10; % saturation coefficient for alkalinity mol HCO3 m
$phosphorus accumulating organisms

gpha=6.0/24.0; % rate constant for storage of PHA (base: XPP) g XPHA(g
XPAO) *h™?

gpp=2.0/24.0; % rate constant for storage of PP g XPP(g XPAO) 'h!
mupao=1.0/24.0; % maximum growth rate h

etano3p=0.60; % reduction factor for anoxic activity
bpao=0.20/24.0; % rate constant for lysis of XPAO h!
bpp=0.20/24.0; % rate constant for lysis of XPP h’
bpha=0.20/24.0; % rate constant for lysis of XPHA h’!

ko2p=0.20; % saturation/inhibition coefficient for oxygen g 02 m”
kno3p=0.50; % saturation coefficient for nitrate g N m™
kps=0.20; % saturation coefficient for phosphorus in PP storage g P m3
kpp=0.01; % saturation coefficient for poly-phosphate g PP (g PAO)?
kmax=0.34; % maximum ratio of XPP/XPAO g PP (g PAO)™*

kipp=0.02; % inhibition coefficient for XPP storage g PP (g PAO)™!
kpha=0.01; % saturation coefficient for PHA g PHA (g PAO) !
qgly=3.0/24.0; % rate constant for glycogen storage

kgly=0.01; % saturation coefficient for XGly, gXgly COD (g XPAO COD) !

3
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kphagly=0.10; % saturation coefficient for XPHA for XGly storage,
(g XPAO coD) *

bgly=0.2/24.0; % decay rate constant of glycogen (h)™*
kmg=4.7; % Mg saturation constant (mg L')

$nitrifying organisms

muaut=0.75/24.0; % maximum growth rate h*
baut=0.10/24.0; % decay rate h’!

ko2aut=0.50; % saturation coefficient for oxygen g 02 m
knh4aut=1.0; % saturation coefficient for ammonium g N m3
kalkaut=0.50; % saturation coefficient for alkalinity mol HCO3 m’
$precipitation

kpre=1.0; % Rate constant for P precipitation m’ (g Fe(OH);'h™')
kred=0.60; % Rate constant for redissolution h™?
kalkred=0.50; % saturation coefficient for alkalinity mol HCO3 m
$influent data

$so20=eps;

¥sfO0=eps;

$sa0=295.0;

$snh40=101.8;

$sno30=0.5;

¥spo40=13.3;

%$si0=70.0;

$salk0=7.5;

$sn20=15.0;

$x10=70.0;

$xs0=1300.0;

$xtss0=505.0;

$xh0O=eps;

¥xmepO=eps;

$xmeohO=eps;

¥smg0=9.30;

%acetate influent data

so20=eps;

sfO0=eps;

sal=eps;

snh40=eps;

sno30=eps;

spo40=eps;

siO=eps;

salkO=eps;

sn20=eps;

xi0=eps;

xs0=eps;

xtssO0=eps;

xhO=eps;

xmepO=eps;

xmeohO=eps;

smgO=eps;

$SBR batch test

%¥s020=eps;

¥sfO0=eps;

$sa0=329.60;

$snh40=121.0;

$sno30=2.10;

$spo40=19.3;

%$si0=68.70;

$salk0=7.5;

$sn20=15.0;

%$x10=68.70;

$xs0=1251.0;

$xtss0=450.0;

3
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$xhO=eps;
¥xmepO=eps;
$xmeohO=eps;
¥smg0=9.3;

$stoichiometric parameters have to be found by with the continuity
equation
$initial values
nulnh4=0.01;
nu2nh4=0.01;
nu3nh4=0.01;
nulpo4=0.0;
nu2po4=0.0;
nu3po4=0.0;
nulalk=0.001;
nu2alk=0.001;
nu3alk=0.001;
nultss=-0.75;
nu2tss=-0.75;
nudtss=-0.75;
nul2no3=-0.07;
nul3o2=-0.6;
nul4no3=0.21;
nul5po4=0.01;
nul8nh4=-5.07;
nulonh4=0.032;
nul9po4=0.01;
nu20alk=0.048;
nu2lalk=-0.048;
nu4nh4=-0.022;
nu5nh4=-0.07;
nuénh4=-0.022;
nu7nh4=-0.07;
nu8nh4=0.03;
nuoSnh4=0.032;
nul3nh4=-0.07;
nul4nh4=-0.07;
nuls5nh4=0.032;
nu4po4=-0.004;
nu5po4=-0.02;
nuéepo4=-0.004;
nu7po4=-0.02;
nu8po4=0.01;
nu9po4=0.01;
nu4alk=-0.001;
nu5alk=0.021;
nuéalk=0.013;
nu7alk=0.035;
nu8alk=-0.014;
nu9alk=0.002;
nulOalk=0.012;
nullalk=-0.003;
nul2alk=-0.008;
nul3alk=-0.004;
nul4alk=0.011;
nulS5alk=0.002;
nuléalk=0.003;
nul7alk=-0.016;
nul8alk=-0.718;
nul9alk=0.002;
nu4tss=0.90;
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nu5tss=0.90;
nuetss=0.90;
nu7tss=0.90;
nud9tss=-0.15;
nulOtss=-0.944;
nulltss=3.11;
nul2tss=3.11;
nul3dtss=-0.052;
nul4tss=-0.052;
nulS5tss=-0.15;
nulétss=-3.23;
nul7tss=-0.60;
nul8tss=0.90;
nul9tss=-0.15;
nu22tss=0.24;
nu23tss=-0.84;

$stoichiometric parameters have to be found by with the continuity
equation
vji=[0.0, (1-fsi),0.0,nulnh4,0.0,nulpo4,fsi,nulalk,0.0,0.0, -
.0,0.0,0.0,0.0,0.0,0.0,nultss,0.0,0.0,0.0,0.0;
.0, (1~fsi),0.0,nu2nh4,0.0,nu2po4, fsi,nu2alk,0.0,0.0, -
.0,0.0,0.0,0.0,0.0,0.0,nu2tss,0.0,0.0,0.0,0.0;
0,(1-fsi),0.0,nu3nh4,0.0,nu3po4, fsi,nu3alk,0.0,0.0, -
.0,0.0,0.0,0.0,0.0,0.0,nu3tss,0.0,0.0,0.0,0.0;
1-1/yh), -
1/yh,0.0,nu4nh4,0.0,nu4po4,0.0,nu4alk,0.0,0.0,0.0,1.0,0.0,0.0,0.0,0.0,
nu4tss,0.0,0.0,0.0,0.0;
(1-1/yh),0.0, -
1/yh,nu5nh4,0.0,nu5Spo4,0.0,nu5alk,0.0,0.0,0.0,1.0,0.0,0.0,0.0,0.0,nuSt
ss,0.0,0.0,0.0,0.0;
0.0,-1.0/yh,0.0,nuénh4,-1*(1-yh)/(2.86*yh) ,nuépo4,0.0,nu6alk, (1-
yh)/(2.86*yh) ,0.0,0.0,1.0,0.0,0.0,0.0,0.0,nu6tss,0.0,0.0,0.0,0.0;
0.0,0.0,-1.0/yh,nu7nh4,-1*(1-yh)/(2.86*yh) ,nu7po4,0.0,nu7alk, (1-
yh)/(2.86*yh),0.0,0.0,1.0,0.0,0.0,0.0,0.0,nu7tss,0.0,0.0,0.0,0.0;
0.0, -
1.0,1.0,nu8nh4,0.0,nu8po4,0.0,nu8alk,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0
.0,0.0,0.0,0.0,0.0;
,0.0,0.0,nu9nh4,0.0,nu9po4,0.0,nu9%alk,0.0,fxi, (1-£fxi), -
,0.0,0.0,0.0,0.0,nu9tss,0.0,0.0,0.0,0.0;
,0.0,-ysa,0.0,0.0,ypo4,0.0,nulo0alk,0.0,0.0,0.0,0.0,0.0, -
po4,1.0,0.0,nu10tss,0.0,0.0,~(l—ysa),ymgpha;
-ypha,0.0,0.0,0.0,0.0,-1.0,0.0,nullalk,0.0,0.0,0.0,0.0,0.0,1.0, -
ypha,0.0,nulltss,0.0,0.0,0.0, ~-ymgxpp;
0.0,0.0,0.0,0.0,-ypha/2.86, -
1.0,0.0,nul2alk,ypha/2.86,0.0,0.0,0.0,0.0,1.0, -
ypha,0.0,nul2tss,0.0,0.0,0.0, -ymgxpp;
nul3o2,0.0,0.0,nul3nh4,0.0,-ipbm,0.0,nu13alk,0.0,0.0,0.0,0.0,1.0,0.0, -
1/yh,0.0,nul3tss, 0.0,0.0,0.0,0.0;
0.0,0.0,0.0,nul4nh4,-(1-ypao)/(2.86*ypao),-ipbm,0.0,nuld4alk, (1-
ypao) / (2.86*ypao) ,0.0,0.0,0.0,1.0,0.0, -
1.0/yh 0.0,nul4tss,0.0,0.0,0.0,0.0;

HoOoOHOR

Ol—'O
OOO~

0.0,0.0,0.0,nul5nh4,0.0,nul5po4,0.0,nul5alk,0.0,£fxi, (1-£fxi),0
1.0,0.0,0.0,0.0,nul5tss,0.0,0.0,0.0,0.0;
0.0,0.0,0.0,0.0,0.0,1.0,0.0,nul6alk,0.0,0.0,0.0,0.0,0.0, -
1.0,0.0,0.0,nulétss,0.0,0.0,0.0,ymgxpp;
0.0,0.0,1.0,0.0,0.0,0.0,0.0,nul7alk,0.0,0.0,0.0,0.0,0.0,0.0, -
1.0,0.0,nul7tss,0.0,0.0,0.0,0.0;

-(4.57-yaut) /yaut,0.0,0.0,nul8nh4,1/yaut, -

ipbm,0.0,nul8alk,0.0,0.0,0.0,0.0,0.0,0.0,0.0,1.0,nul8tss,0.0,0.0,0.0,0
.0;
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0.0,0.0,0.0,nul9nh4,0.0,nul9po4,0.0,nul%alk,0.0,£fxi, (1-
fxi),0.0,0.0,0.0,0.0,-1.0,nul9tss,0.0,0.0,0.0,0.0;

0.0,0.0,0.0,0.0,0.0, -
1.0,0.0,nu20alk,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,1.42, -
3.45,4.87,0.0,0.0;
0.0,0.0,0.0,0.0,0.0,1.0,0.0,nu21alk,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0, -
1.42,3.45,-4.87,0.0,0.0;
0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0, -
1.0,0.0,nu22tss,0.0,0.0,1.0,0.0;
0.0,1.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,0.0,nu23ts
s,0.0,0.0,-1.0,0.0];

ici=[-1.0,0.0,0.0,0.0,0.0;

1.0,insf,ipsf,0.0,0.0;
1.0,0.0,0.0,-1.0/64.0,0.0;
0.0,1.0,0.0,1.0/14.0,0.0;
-64.0/14.0,1.0,0.0,-1.0/14.0,0.0;
0.0,0.0,1.0,-1.5/31.0,0.0;
1.0,insi,ipsi, 0.0,0.0;
0.0,0.0,0.0,-1.0,0.0;
-24.0/14.0,1.0,0.0,0.0,0.0;
1.0,inxi,ipxi,0.0,itssxi;
1.0,inxs,ipxs,0.0,itssxs;
1.0,inbm, ipbm, 0.0, itssbm;
1.0,inbm, ipbm, 0.0, itssbm;
0.0,0.0,1.0,-1.0/31.0,3.23;
1.0,0.0,0.0,0.0,0.6;
1.0,inbm, ipbm, 0.0, itssbm;
0.0,0.0,0.0,0.0,-1.0;
0.0,0.0,0.0,0.0,1.0;
0.0,0.0,0.205,0.0,1.0;
1.0,0.0,0.0,0.0,0.84;
0.0,0.0,0.0,2.0/24.0,0.0];
nulnh4=-

1*(vji(1,2)*ici(2,2)+vji(1,7)*ici(7,2)+vji(1,11)*ici(11,2))/ici(4,2);
nu2nh4=-
1*(vji(2,2)*ici(2,2)+vji(2,7)*ici(7,2)+vji(2,11)*ici(11,2))/ici(4,2);
nu3nh4=-
1*(vji(3,2)*ici(2,2)+vji(3,7)*ici(7,2)+vji(3,11)*ici(11,2))/ici(4,2);
nulpo4=-
1*(vji(1,2)*ici(2,3)+vji(1,7)*ici(7,3)+vji(1,11)*ici(11,3))/ici(6,3);
nu2po4=-
1*(vji(2,2)*ici(2,3)+vji(2,7)*ici(7,3)+vji(2,11)*ici(11,3))/ici(6,3);
nu3po4=-
1*(vji(3,2)*ici(2,3)+vji(3,7)*ici(7,3)+vji(3,11)*ici(11,3))/ici(6,3);
nulalk=-1*(vji(1,4)*ici(4,4)+vji(1,6)*ici(6,4))/ici(8,4);
nu2alk=-1*(vji(2,4)*ici(4,4)+vji(2,6)*ici(6,4))/ici(8,4);
nu3dalk=-1*(vji(3,4)*ici(4,4)+viji(3,6)*ici(6,4))/ici(8,4);
nultss=-1*(vji(1,11)*ici(11,5))/ici(17,5);
nu2tss=-1*(vji(2,11)*ici(11,5))/ici(17,5);
nu3dtss=-1*(vji(3,11)*ici(11,5))/ici(17,5);
nul3o2=-1*(vji(13,13)*ici(13,1)+vji(13,15)*ici(15,1))}/ici(1,1);
nul5po4=-
1*(vji(15,10)*ici(10,3)+vji(15,11)*ici(11,3)+vji(15,13)*ici(13,3))/ici
(6,3);

nul8nh4=-1*(vji(18,5)*ici(5,2)+vji(18,16)*ici(16,2))/ici(4,2);
nul9nh4=-
1*(vji(19,10)*ici(10,2)+vji(19,11)*ici(11,2)+vji(19,16)*ici(16,2))/ici
(4,2);
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nul9po4=-
1*(vji(19,10)*ici(10,3)+vji(19,11)*ici(11,3)+vji(19,16)*ici(16,3))/ici
(6,3);

nu20alk=-1*(vji(20,6)*ici(6,4))/ici(8,4);
nu2lalk=-1*(vji(21,6)*ici(6,4))/ici(8,4);
nud4nhd4=-1*(vji(4,2)*ici(2,2)+vji(4,12)*ici(12,2))/ici(4,2);

nuSnh4=-1* (vji(5,3)*ici(3,2)+vji(5,12)*ici(12,2))/ici(4,2);

nuénh4=-
1*(vji(6,2)*ici(2,2)+vji(6,5)*ici(5,2)+vji(6,9)*ici(9,2)+vji(6,12)*ici
(12,2))/ici(4,2);

nu7nh4=-

1* (vji(7,5) *ici(5,2)+vji(7,9)*ici(9,2)+vji(7,12)*ici(12,2))/ici(4,2);
nu8nh4=-1*(vji(8,2)*ici(2,2)+vji(8,3)*ici(3,2))/ici(4,2);

nuSnh4=-

1*(vji(9,10) *ici(10,2)+vji(9,11)*ici(11,2)+vji(9,12)*ici(12,2))/ici(4,
2);

nul3nh4=-1*(vji(13,13)*ici(13,2))/ici(4,2);

nul4nh4=-

1*(vji(14,9) *ici(9,2)+vji(14,5)*ici(5,2)+vji(14,13)*ici(13,2))/ici(4,2
P

nul5nh4=-

1*(vji(15,10) *ici(10,2)+vji(15,11)*ici(11,2)+vji(15,13)*ici(13,2))/ici
(4,2);

nud4pod=-1*(vji(4,2)*ici(2,3)+vji(4,12)*ici(12,3))/ici(6,3);

nuspo4=-1* (vji(5,3)*ici(3,3)+viji(5,12)*ici(12,3))/ici(6,3);
nuépod=-1*(vji(6,2) *ici(2,3)+vji(6,12)*ici(12,3))/ici(6,3);
nu7pod=-1*(vji(7,12)*ici(12,3))/ici(6,3);
nu8po4=-1*(vji(8,2)*ici(2,3)+vji(8,3)*ici(3,3))/ici(6,3);

nud9po4=-
1*(vji(9,10)*ici(10,3)+vji(9,11)*ici(11,3)+vji(9,12)*ici(12,3)) /ici(e,
3);

nud4alk=-1*(vji(4,4)*ici(4,4)+vji(4,6)*ici(6,4))/ici(8,4);

nusalk=-
1*(vji(5,3)*ici(3,4)+vji(5,4)*ici(4,4)+vji(5,6)*ici(6,4))/ici(8,4);
nuéalk=-
1*(vji(6,5)*ici(5,4)+vji(6,4)*ici(4,4)+vji(6,6)*ici(6,4))/ici(8,4);
nu7alk=-
1*(vji(7,3)*ici(3,4)+vji(7,5)*ici(5,4)+vji(7,4)*ici(4,4)+vji(7,6)*ici(
6,4))/ici(8,4);

nu8alk=-
1*(vji(8,3)*ici(3,4)+vji(8,4)*ici(4,4)+vji(8,6)*ici(6,4))/ici(8,4):
nu9alk=-1*(vji(9,4)*ici(4,4)+vji(9,6)*ici(6,4))/ici(8,4);

nulOalk=-
1*(vji(10,3)*ici(3,4)+vji(10,6)*ici(6,4)+vji(10,14)*ici(14,4)+vji(10,2
1)*ici(21,4))/ici(8,4);

nullalk=-
1*(vji(11,6)*ici(6,4)+vji(11,14)*ici(14,4)+vji(11,21)*ici(21,4))/ici(8
,4);

nul2alk=-
1*(vji(12,5)*ici(5,4)+vji(12,6)*ici(6,4)+vji(12,14)*ici(14,4)+vji(12,2
1)*ici(21,4))/ici(8,4);
nul3alk=-1*(vji(13,6)*ici(6,4)+vji(13,4)*ici(4,4))/ici(8,4);

nul4alk=-
1*(vji(14,5)*ici(5,4)+vji(14,6)*ici(6,4)+vji(14,4)*ici(4,4))/1ici(8,4);
nulSalk=-1*(vji(15,6)*ici(6,4)+vji(15,4)*ici(4,4))/ici(8,4);

nuléalk=-
1*(vji(16,6)*ici(6,4)+vji(16,14)*ici(14,4)+vji(16,21)*ici(21,4))/ici(8
,4);

nul7alk=-1*(vji(17,3)*ici(3,4))/ici(8,4);

nul8alk=-
1*(vji(18,4)*ici(4,4)+vji(18,5)*ici(5,4)+vji(18,6)*ici(6,4))/ici(8,4);
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nul9alk=-1*(vji(19,4)*ici(4,4)+vji(19,6)*ici(6,4))/ici(8,4);
nud4tss=-1*(vji(4,12)*ici(12,5))/ici(17,5);

nuStss=-1* (vji(5,12)*ici(12,5))/ici(17,5);
nuétss=-1*(vji(6,12)*ici(12,5))/ici(17,5);
nu7tss=-1*(vji(7,12)*ici(12,5))/ici(17,5);

nud9tss=-
1*(vji(9,10)*ici(10,5)+vji(9,11)*ici(11,5)+vji(9,12)*ici(12,5))/ici(17
. 5);

nulOtss=-
1*(vji(10,14)*ici(14,5)+vji(10,15)*ici(15,5)+vji(10,20)*ici(20,5))/ici
(17,5) ;
nulltss=-1*(vji(11,14)*ici(14,5)+vji(11,15)*ici(15,5)) /ici(17,5);
nul2tss=-1*(vji(12,14)*ici(14,5)+vji(12,15)*ici(15,5))/ici(17,5);
nul3tss=-1*(vji(13,13) *ici(13,5)+vji(13,15)*ici(15,5))/ici(17,5);
nuld4tss=-1*(vji(14,13)*ici(13,5)+vji(14,15)*ici(15,5)) /ici(17,5);
nul5tss=-

1*(vji(15,10) *ici(10,5)+vji(15,11) *ici(11,5)+vji(15,13)*ici(13,5))/ici
(17,5);

nulétss=-1* (vji(16,14)*ici(14,5))/ici(17,5);

nul7tss=-1*(vji(17,15) *ici(15,5))/ici(17,5);

nul8tss=-1*(vji(18,16) *ici(16,5))/ici(17,5);

nul9tss=-

1*(vji(19,10) *ici(10,5)+vji(19,11)*ici(11,5)+vji(19,16)*ici(16,5))/ici
(17,5);

nu22tss=-1*(vji(22,15) *ici(15,5)+vji(22,20)*ici(20,5))/ici(17,5);
nu23tss=-1*(vji(23,20)*ici(20,5)) /ici(17,5);

$set initial values

$yi=[13.5,eps, eps,eps,0.53,2.50,0.5,70.0,3.5,15.0,1394.0/0.9,eps,2040.
0/0.9,495.0/0.9,86.7/0.9,16.0/0.9,120.0/0.9,3435.0/0.9,eps,eps,158.6/0
.9,3.50];
%$yi=[15.0,eps,eps,80.0,0.53,2.839,1.927,70.0,3.5,15.0,730.0,eps, 1085.6
,259.0,31.8,28.13,63.4,1815.0,eps,eps,82.88,10.00]; %hac -75
yi=[15.0,eps,eps,87.905,24.11,4.798,4.931,70.0,3.5,15.0,605.0,350.9,14
89.1,355.0,44.3,6.705,87.27,2455.0,eps,eps,118.8,10.0]; Sww
%$yi=[15.0,eps,eps,213.2,24.1,5.536,0.811,70.0,3.5,15.0,1236.0,eps, 1917
.5,457.0,47.52,14.467,111.9,3165.0,eps,eps,176.43,4.0]; %hac-200
$yi=[13.5,eps,eps,eps,3.53,1.37,2.0,70.0,3.5,15.0,1394.0/0.9,eps, 2040.
0/0.9,495.0/0.9,74.5/0.9,16.0/0.9,120.0/0.9,3435.0/0.9,eps,eps, 158.6/0
.9,3.5];

% ODE solver options
options=odeset ('MaxStep', 0.01);
TSpan = [0, Simtime];

% Solve ODE's
[t,y]= ode45('asm2e', TSpan, yi,options);

$plot(t,y(:,5),'k-',t,y(:,6),'k:",t,y(:,7),'k-.");

$colordef black;

$hold on;
$t1=[0.0,8.0/60.0,17.0/60.0,45.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0,1
50.0/60.0,180.0/60.0,195.0/60.0,210.0/60.0,225.0/60.0,240.0/60.0,270.0
/60.0,285.0/60.0,300.0/60.0,345.0/60.01];
$t2=(0.0,8.0/60.0,17.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,90.0/60.0,12
0.0/60.0,150.0/60.0,180.0/60.0,195.0/60.0,210.0/60.0,225.0/60.0,240.0/
60.0,270.0/60.0,285.0/60.0,300.0/60.0,345.0/60.0];
%t3=[0.0,8.0/60.0,17.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,90.0/60.0,12
0.0/60.0,150.0/60.0,180.0/60.0,195.0/60.0,210.0/60.0,225.0/60.0,240.0/
60.0,270.0/60.0,285.0/60.0,300.0/60.0,345.0/60.0];
$yl=[.57,9.32,11.14,12.95,12.84,10.45,11.93,7.95,3.75,3.98,4.2,2.05,1.
7,1.59,.11,.23,.57]);
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$y2=[(2.67,0.45,0.14,0.12,0.09,0.05,0.11,0.05,0.196,1.19,0.564,0.328,1.
129,2.006,2.418,3.182,2.578,2.541];
%y3=[0.06,6.75,8.20,13.04,13.20,13.78,13.08,14.49,7.91,4.74,2.31,1.8,0
.77,0.16,0.06,0.00,0.53,0.11];

$plot (tl,yl, 'ko',t2,y2, 'ks',t3,y3,'kp");

$xlabel ('Time (hr)');

$ylabel('NO 3 - N, NH_ 3 - N and PO_4 - P (mg L*{-1})"');

$legend ('Ammonia nitrogen', 'NO_X - nitrogen', 'Soluble phosphorus');
$hold off;

% 75 mg L-1 Acetate batch test

gplot(t,y(:,7),'k-.",t,y(:,4),'k-");

$hold on;
%t1=[0,15/60,30/60,45/60,60/60,75/60,90/60,105/60,120/60,135/60,150/60
,165/60,180/60,195/60,210/60,225/60,240/60,255/60,270/60] ;
$yl=[1.927,4.131,8.705,14.500,20.432,26.344,28.796,29.555,29.253,25.71
6,18.903,15.426,11.89,7.841,4.409,2.777,1.019,0.473,0.382];
$t2=[0,15/60,30/60,45/60,60/60,75/60,90/60,105/60,120/60] ;
$y2=[69.12,49.92,38.36,28.84,20.97,13.63,6.97,3.55,1.02];
$plot (tl,vy1l, 'kp',t2,y2, 'ko');

$xlabel ('Time (hr)');

$ylabel ('HAc COD and PO_4 - P (mg L*{-1})"');
$legend('Soluble phosphorus', 'HAc-COD') ;

$hold off;

%plot(tly(:IIG)l 'k_"ltly(:lzl)l 'k__.)r'

$hold on;

%¥t1=[0,60/60,120/60,180/60,240/60,270/60] ;
$yl=[(28.13,98.01,112.4,65.17,47.68,47.08];
$t2=[0,60/60,120/60,180/60,240/60,270/60] ;
$y2=[(82.88,67.61,60.17,75.04,80.56,79.92];

$plot (t1,y1, 'ko',t2,y2, 'ks");

$xlabel ('Time (hr)');

$ylabel ('PHA and Glycogen COD(mg L*{-1})');

%$legend ('PHA COD', 'Glycogen COD') ;

$hold off;

$batch sbr

$plot (t,y(:,5),'k-',t,y(:,6),'k:',t,y(:,7),'k-.");

$hold on;
%tl=[1.0/60.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/6
0.0,105.0/60.0,120.0/60.0,135.0/60.0,150.0/60.0,165.0/60.0,180.0/60.0,
195.0/60.0,210.0/60.0,225.0/60.0,240.0/60.0,255.0/60.0,270.0/60.0,285.
0/60.0,300.0/60.0,345.0/60.0];
$yl=(14.77,14.31,14.31,17.54,16.62,16.62,15.23,16.62,18.0,13.85,11.08,
10.15,6.08,6.11,6.11,3.23,1.38,0.0,0.0,0.0,0.0,0.0];
$y2=[1.369,0.229,0.309,0.107,0.391,0.136,0.456,0.19,0.426,0.712,1.891,
3.081,5.971,4.064,3.527,5.515,5.614,6.663,7.915,7.843,7.758,6.173];
$y3=[2.835,9.972,13.031,15.374,16.091,17.568,18.151,18.905,20.038,13.6
45,10.061,7.025,4.961,4.068,3.377,2.405,1.596,1.115,0.645,0.133,0.185,
0.155];

$plot (t1,y1, 'ko',tl,y2, 'ks', tl,y3, 'kp');

$xlabel ('Time (hr)');

$ylabel ('NO 3 - N, NH 3 - N and PO_4 - P (mg L°{-1})');

%$legend ('Ammonia nitrogen', 'NO_3 - nitrogen', 'orthophosphorus');

$hold off;

$plot(t,y(:,4),'k-",t,y(:,7),'k-.",t,y(:,22),'k:");

$hold on;
$t1=[1.0/60.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/6
0.0,105.0/60.0,120.0/60.0] ;
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$y1=[13.706,6.41,4.534,5.098,4.253,3.547,3.393,3.48,3.273];
%$t2=[1.0/60.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/6
0.0,105.0/60.0,120.0/60.0,135.0/60.0,150.0/60.0,165.0/60.0,180.0/60.0,
195.0/60.0,210.0/60.0,225.0/60.0,240.0/60.0,255.0/60.0,270.0/60.0,285.
0/60.0,300.0/60.0,345.0/60.0];
$y2=[2.835,9.972,13.031,15.374,16.091,17.568,18.151,18.905,20.038,13.6
45,10.061,7.025,4.961,4.068,3.377,2.405,1.596,1.115,0.645,0.133,0.185,
0.155];
%$t3=[1.0/60.0,30.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0,150.0/60.0,180.
0/60.0,210.0/60.0,240.0/60.0,270.0/60.0,300.0/60.0,345.0/60.01];
$y3=[10.29,13.36,6.82,6.89,7.46,5.56,4.71,4.41,4.12,4.12,3.54,3.31];
$plot (tl,y1l, 'ko',t2,y2, 'kp',t3,y3,'k*');

$xlabel ('Time (hr)');

$ylabel ('SCFA COD, PO_4 - P and Mg (mg L*{-1})');

$hold off;

$plot (t,y(:,16),'k-.",t,y(:,21), 'k:");

$hold on;
%t1=(0,30.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0,150.0/60.0,180.0/60.0,
210.0/60.0,240.0/60.0,270.0/60.0,300.0/60.0] ;
$y1l=[25.90,41.46,36.09,39.88,37.03,28.2,21.96,14.24,11.21,14.97,15.94]

$t2=[(0,30.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0,150.0/60.0,180.0/60.0,
210.0/60.0,240.0/60.0,270.0/60.0,300.0/60.01] ;
$y2=[160.4,162.8,149.9,150.81,147.62,150.48,157.8,145.5,152.02,155.54,
144.22];

$plot (t1,y1l, 'ko',t2,y2, 'ks"');

$xlabel ('Time (hr)');

$ylabel ('PHA and Glycogen COD(mg L*{-1})');

$legend ('PHA COD', 'Glycogen COD') ;

$hold off;

$batch test with wastewater
gplot(t,y(:,5),'k-',t,y(:,6),'k:",t,y(:,7),'k-.");

$hold on;
$t1=[0.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/60.0,1
05.0/60.0,120.0/60.0];
$yl=[24.1,21.6,22.0,19.5,21.1,22.5,23.9,23.4,22.0];
%$y2=[(4.798,0.339,0.177,0.094,0.057,0.037,0.000,0.058,0.041];
$y3=[4.931,9.979,14.944,19.676,23.944,28.795,33.309,36.69,38.211];
$plot(tl,yl,'ko',t1,y2, 'ks',tl,y3, 'kp');

$xlabel ('Time (hr)');

$ylabel ('NO 3 - N, NH 3 -~ N and PO_4 - P (mg L°{-1})"');

$legend ('Ammonia nitrogen', 'NO_X - nitrogen', 'orthophosphorus') ;
$hold off;

plot(t,y(:,4),'k-',t,y(:,7),'k-.",t,y(:,22),'k:");

hold on;
t2=[0.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/60.0,10
5.0/60.0,120.0/60.0] ;
y2=[4.931,9.979,14.944,19.676,23.944,28.795,33.309,36.69,38.211];
t1=[0.0,15.0/60.0,30.0/60.0,45.0/60.0,60.0/60.0,75.0/60.0,90.0/60.0,10
5.0/60.0,120.0/60.0];
yl=[87.905,51.969,40.172,20.133,16.547,20.778,18.180,13.860,16.297];
t3=[0.0/60.0,30.0/60.0,60.0/60.0,90.0/60.0,120.0/60.0];
y3=[(10.64,11.61,13.91,17.23,12.81];

plot(tl,yl, 'ko',t2,y2,'kp',t3,y3,'k*"');

xlabel ('Time (hr)"');

ylabel ('SCFA COD, PO 4 - P and Mg (mg L*{-1})');

hold off;
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$plot (t,y(:,16),'k-."',t,y(:,21),'k:");
$hold on;
$t1=[0,60.0/60.0,120.0/60.0];
$yl=[6.705,48.9,49.7];
%$t2=[0,60.0/60.0,120.0/60.0] ;
$y2=[118.8,115.2,91.9];

$plot(tl,yl, 'ko',t2,y2, 'ks"');

$xlabel ('Time (hr)');

$ylabel ('PHA and Glycogen COD(mg L*{-1})"');
$legend ('PHA COD', 'Glycogen COD') ;
$hold off;

$HAC batch test = 200mg/L
gplot(t,y(:,7),'k-.",t,y(:,4),'k--");

$hold on;
%tl1=[0,15/60,30/60,45/60,60/60,75/60,90/60,105/60,120/60] ;
$y1=[0.811,4.391,14.852,19.49,26.444,33.087,38.554,41.256,45.281];
%t2=[0,15/60,30/60,45/60,60/60,75/60,90/60,105/60,120/60] ;
$y2=[213.2,147.48,123.459,114.844,104.673,105.044,91.769,87.026,79.093
I3

$plot (t1l,yl, 'kp',t2,y2, 'ks');

$xlabel ('Time (hr)');

$ylabel ('HAc COD and PO_4 - P (mg L*{-1})');

$legend ('Soluble phosphorus', 'HAc-COD') ;

$hold off;

$plot (t,y(:,16), 'k-."',t,y(:,21), 'k--"');

$hold on;

$t1=[0,60/60,120/60];

$yl=[14.467,85.221,97.874];

$t2=[0,60/60,120/60] ;

$y2=[176.43,159.62,133.59] ;

$plot(tl,yl, 'ko',t2,y2,'ks");

$xlabel ('Time (hr) ') ;

$ylabel ('PHA and Glycogen COD(mg L*{-1})');

$legend ('PHA COD', 'Glycogen COD') ;

$hold off;

function dy=pos (t,y)
% function file for modified ASM 2 model
% N.Thayalakumaran

$define global variables

global gset;

% conversion factors for conservation equation
global insf;

global insi;

global inxi;

global inxs;

global inbm;

global ipsf;

global ipsi;

global ipxi;

global ipxs;

global ipbm;

global itssxi;

global itssxs;

global itssbm;
$stoichiometric parameters
global fsi;



global
global
global
global
global
global
global
global
global

$kinetic parameters
$hydrolysis of particulate substrate

global
global
global
global
global
global

$heterotrophic organism

global
global
global
global
global
global
global
global
global
global
global

$phosphorus accumulating organisms

global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global
global

$nitrifying organism

global
global
global
global
global

yh;
fxi;
ypao;
Ypo4;
ypha;
fxi;
yaut;
ymgpha;
ymgxpp;

kh;
etano3h;
etafe;
ko2h;
kno3;
kx;

muh;
afe;
etano3;
ko2;
bh;
kf;
kfe;
ka;
knh4;
kp;
kalk;

gpha;
app;
mupao;
bpao;
bpp;
bpha;
ko2p;
kno3p;
kps;
kpp;
kmax;
kipp;
kpha;
etano3p;
ysa;
agly;
kgly;
kphagly;
bgly;
kmg;

muaut;
baut;
ko2aut;
knh4aut;
kalkaut;

$precipitation

global
global
global

$initial condition

kpre;
kred;
kalkred;
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global so020;
global sfo0;
global sa0;
global snh40;
global sno30;
global spo40;
global sioO;
global salkO;
global sn20;
global xio0;
global xs0;
global xtssoO;
global xhoO;
global xmeohoO;
global xmepO;
global smgo0;
$stoichiometric parameters have to be found by with the continuity
equation
global nulnh4;
global nu2nh4;
global nu3nh4;
global nulpo4;
global nu2po4;
global nu3po4;
global nulalk;
global nu2alk;
global nu3alk;
global nultss;
global nu2tss;
global nu3tss;
global nul2no3;
global nul3o2;
global nul4no3;
global nul5po4;
global nul8nh4;
global nul9nh4;
global nul9po4;
global nu20alk;
global nu2lalk;
global nu4nh4;
global nu5nh4;
global nuénh4;
global nu7nh4;
global nu8nh4;
global nuS9nh4;
global nul3nh4;
global nul4nh4;
global nul5nh4;
global nu4po4;
global nu5po4;
global nuépo4;
global nu7po4;
global nu8po4;
global nuSpo4;
global nu4alk;
global nu5alk;
global nu6alk;
global nu7alk;
global nu8alk;
global nu9alk;
global nulOalk;



global nullalk;
global nul2alk;
global nul3alk;
global nul4alk;
global nulSalk;
global nulé6alk;
global nul7alk;
global nul8alk;
global nul9alk;
global nu4dtss;

global nuStss;

global nu6tss;

global nu7tss;

global nuStss;

global nulOtss;
global nulltss;
global nul2tss;
global nul3tss;
global nul4tss;
global nulStss;
global nulétss;
global nul7tss;
global nul8tss;
global nuldtss;
global nu22tss;
global nu23tss;

%global xo; %initial biomass concentration, mg/L
$calculate new values for dependent variables

vr=y (1) ;
so2=y (2);
sf=y(3);
sa=y(4);
snh4=y(5) ;
sno3=y(6);
spo4=y(7) ;
si=y (8);
salk=y(9);
sn2=y(10) ;
xi=y(11);
xs=y(12);
xh=y (13);
xpao=y(14) ;
xpp=y (15) ;
xpha=y (16) ;
xaut=y(17) ;
xtss=y (18) ;
xmeoh=y (19) ;
xmep=y (20) ;
xgly=y(21);
smg=y (22) ;

%$if vr<=15.0

¥ g=gset;

$if t<=8.0/60.0
%$q=1.5/(8.0/60.0);
$else

¥g=eps;

%$end;

$if t<=2.0
%¥so2=eps;

$elseif t<=3.0
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$s02=0.5;
$elseif t<=3.5
¥so2=eps;
%elseif t<=4.5
$s02=3.75;
%¥elseif t<=5.0
$s02=0.5;
%else
¥so2=eps;

$end
$etano3h=eps;
Yetafe=eps;
$end

g=eps;

if t<=2.0
so2=eps;
else
s02=3.75;
end

¥process rate vectors
rho=[kh* (so02/ (ko2h+s02) )} * ( (xs/xh) / (kx+ (xs/xh) ) ) *xh;

kh*etano3h* (ko2h/ (ko2h+so02) ) * (sno3/ (kno3+sno3) )} * ( {xs/xh) / (kx+ (xs/xh
))) *xh;

kh*etafe* (ko2h/ (ko2h+so2) ) * (kno3/ (kno3+sno3)) * ( (xs/xh) / (kx+ (xs/xh) ) ) *x
h;

muh* (so2/ (ko2+s02) ) * (sf/ (kf+sf)) *(sf/(sf+sa)) * (snh4/ (knh4+snh4) ) * (spo4
/ (kp+spo4) ) * (salk/ (kalk+salk)) *xh;

muh* (so2/ (ko2+s02)) *(sa/ (ka+sa)) * (sa/ (sf+sa)) * (snh4/ (knh4+snh4)) * (spo4
/ (kp+spo4) ) * (salk/ (kalk+salk) ) *xh;

muh*etano3* (ko2/ (ko2+s02) ) *(sf/ (kf+sf)) *(sf/(sf+sa)) * (snh4/ (knh4+snh4)
) * (sno3/ (kno3+sno3) ) * (salk/ (kalk+salk) ) * (spo4/ (kp+spo4) ) *xh;

muh*etano3* (ko2/ (ko2+s02) ) * (sa/ (ka+sa)) * (sa/ (sf+sa) ) * (snh4/ (knh4+snh4)
) * (sno3/ (kno3+sno3) ) * (salk/ (kalk+salk) ) * (spo4/ (kp+spo4d) ) *xh;

gfe* (ko2/ (ko2+s02) ) * (kno3/ (kno3+sno3) ) * (sf/ (kfe+sf) )} * (salk/ (kalk+salk)
) *xh;
bh*xh;

gpha* (sa/ (ka+sa)) * (salk/ (kalk+salk)} * ( {xpp/xpao) / (kpp+ (xpp/xpao) ) ) * ( (x
gly/xpao) / (kgly+ (xgly/xpao))) *xpao;

gpp* (s02/ (ko2p+s02) ) * (spo4/ (kps+spo4) } * (salk/ (kalk+salk) ) * ( {(xpha/xpao)
/ (kpha+ (xpha/xpao) ) ) * (kmax- (xpp/xpao) ) / ( {(kipp+kmax-
(xpp/xpao) )) *xpao*smg/ (kmg+smg) ;

(gpp* (ko2p/ (ko2p+s02) ) * (spo4/ (kp+spo4) ) * (salk/ (kalk+salk)) * ( {xpha/xpao
) / (kpha+ (xpha/xpao) ) ) * (kmax- (xpp/xpao) ) / ( {kipp+kmax-
(xpp/xpao) i) *xpao) *etano3p* (sno3/ (kno3p+sno3) } *smg/ (kmg+smg) ;

mupao* (so2/ (ko2p+s02) ) * (snh4/ (knh4+snh4) } * (spo4/ (kp+spo4) } * (salk/ (kalk
+salk) } * ( {xpha/xpao) / (kpha+ (xpha/xpao) ) } *xpao;
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(mupao* (ko2p/ (ko2p+so02) ) * (snh4/ (knh4+snh4) ) * (spo4/ (kp+spo4) ) * (salk/ (ka
lk+salk) ) * ( (xpha/xpao) / (kpha+ (xpha/xpao) ) ) *xpao) *etano3p* (sno3/ (kno3p+
sno3)) ;

bpao*xpao* (salk/ (kalk+salk) ) ;

bpp*xpp* (salk/ (kalk+salk)) ;

bpha*xpha* (salk/ (kalk+salk)) ;

muaut* (so2/ (ko2aut+so2) ) * (snh4/ (knh4aut+snh4)) * (spo4/ (kp+spo4) ) * (salk/
(kalkaut+salk) ) *xaut;
baut*xaut;
kpre*spo4 *xmeoh;
kred*xmep* (salk/ (kalkred+salk)) ;
agly* (so2/ (ko2p+s02) ) * ( (xpha/xpao) / (kphagly+ (xpha/xpao) ) ) *xpao;
bgly*xgly* (salk/ (kalk+salk))];

$differential equations
dvr=q;
dso2=g* (s020-s02) /vr+(1-1/yh) *rho(4) +(1-1/yh) *rho (5) -ypha*rho (11) +(1-
1/ypao) *rho(13) - (4.57-yaut) /yaut*rho(18) ;
dsf=q* (sf0-sf) /vr+(1-£fsi) *rho(1) +(1-£fsi) *rho(2) +(1-£fsi) *rho(3) -
1/yh*rho(4) -1/yh*rho (6) -rho (8) +rho (23) ;
dsa=g* (sa0-sa)/vr-1/yh*rho(5) -1/yh*rho(7) +rho(8) -ysa*rho (10) +rho(17) ;
dsnh4=g* (snh40-
snh4) /vr+nulnh4*rho (1) +nu2nh4 *rho(2) +nu3nh4 *rho (3) +nul8nh4 *rho (18) +nul
9nh4 *rho (19) +nu4nh4 *rho (4) +nusnh4 *rho (5) +nuénh4*rho (6) +nu7nh4 *rho (7) +n
u8nh4 *rho (8) +nuSnh4 *rho (9) +nul3nh4*rho (13) +nul4nh4*rho(14) +nul5nh4 *rho
(15) ;
dsno3=g* (sno30-sno3) /vr-({(1-yh)/(2.86*yh) ) *rho(6) - ( (1-
yh) /(2.86*yh) ) *rho(7) -ypha/2.86*rho(12) - (1-
ypao)/ (2.86*ypao) *rho(14) +1/yaut*rho(18) ;
dspo4=g* (spo40-
spo4) /vr+nulpo4*rho (1) +nu2po4 *rho (2) +nu3po4 *rho (3) +ypo4 *rho (10) -
rho(11) -rho(12) -ipbm*rho(13) -ipbm*rho(14) +nul5po4 *rho (15) +rho (16) -
ipbm*rho(18) +nul9po4 *rho (19) -
rho(20) +rho (21) +nu4po4 *rho (4) +nu5po4 *rho (5) +nuépo4*rho (6) +nu7po4 *rho (7
) +nu8po4 *rho (8) +nu9po4 *rho (9) ;
dsi=g* (si0-si) /vr+fsi*rho (1) +fsi*rho(2) +fsi*rho(3) ;
dsalk=g* (salkoO-
salk) /vr+nulalk*rho (1) +nu2alk*rho(2) +nu3alk*rho (3) +nu20alk*rho (20) +nu2
lalk*rho(21) +nu4alk*rho(4) +nuSalk*rho (5) +nuéalk*rho (6) +nu7alk*rho(7) +n
uB8alk*rho(8) +nu9alk*rho(9) +nulO0alk*rho(10) +nullalk*rho(11) +nul2alk*rho
(12) +nul3alk*rho(13) +nul4alk*rho(14) +nul5alk*rho(15) +nuléalk*rho(16) +n
ul7alk*rho(17) +nul8alk*rho(18) +nul9alk*rho(19) ;
dsn2=qg* (sn20-sn2) /vr+({(1-yh)/(2.86*yh) ) *rho(6) +( (1-
yh)/(2.86*yh) ) *rho (7) +nul2no3 *rho(12) +nul4no3*rho (14) ;
dxi=qg* (xi0-x1i) /vr+fxi*rho(9) +f£xi*rho(15) +£xi*rho(19) ;
dxs=q* (xs0-xs) /vr-rho (1) -rho(2) -rho(3) +(1-£fxi) *rho(9) +(1-
fxi) *rho(15)+(1-fxi) *rho (19) ;
dxh=g* (xh0-xh) /vr+rho(4) +rho (5) +rho (6) +rho(7) -rho (9) ;
dxpao=-g*xpao/vr+rho (13) +rho(14) -rho(15) ;
dxpp=-q*xpp/vr-ypod4*rho(10) +rho(11) +rho(12) -rho(16) ;
dxpha=-qg*xpha/vr+rho(10) -ypha*rho(11) -ypha*rho(12) -1/ypao*rho (13) -
1/yh*rho (14) -rho(17) -rho (22) ;
dxaut=-g*xaut/vr+rho(18) -rho (19) ;
dxtss=g* (xtss0-
xtss) /vr+nultss*rho (1) +nu2tss*rho(2) +nu3tss*rho(3) +1.42*rho (20) -
1.42*rho(21) +nu4dtss*rho(4) +nuStss*rho (5) +nuétss*rho(6) +nu7tss*rho (7) +n
u9tss*rho(9) +nulOtss*rho(10) +nulltss*rho(11l) +nul2tss*rho(12) +nul3tss*r
ho(13) +nul4tss*rho(14) +nul5tss*rho(15) +nulétss*rho(16)+nul7tss*rho(17)
+nu22tss*rho(22) +nu23tss*rho(23) +nul8tss*rho(18) +nul9tss*rho(19) ;
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dxmeoh=qg* (xmeoh0-xmeoh) /vr-3.45*rho(20)+3.45*rho (21) ;

dxmep=g* (xmep0-xmep) /vr+4.87*rho(20) -4.87*rho(21) ;
dxgly=-g*xgly/vr-(1-ysa)*rho(10) +rho(22) -rho(23) ;

dsmg=g* (smg0-smg) /vr+ymgpha*rho (10) -ymgxpp*rho (11) -
ymgxpp*rho (12) +ymgxpp*rho (16) ;

$produce output vector
dy=[dvr;dso2;dsf;dsa;dsnh4;dsno3;dspo4;dsi;dsalk;dsn2;dxi;dxs;dxh;dxpa
0;dxpp;dxpha;dxaut;dxtss;dxmeoh;dxmep;dxgly;dsmg] ;



